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Summary  

Saline lakes are subject to numerous environmental impacts closely related to human 
activities, foremost pollution. These lakes are mostly located in arid and semi-arid regions 
associated with endorheic basins. These features, combined with the low precipitation 
and high evaporation rates typical for these regions, lead to the accumulation and 
biomagnification of pollutants. Saline lakes are polluted mainly through inputs of 
agricultural wastewater along with organic and inorganic wastes from domestic and 
industrial sources. This excessive anthropogenic loading of nutrients results in 
eutrophication of these ecosystems. Aquatic interfaces are critical sites for nutrient 
turnover and biodiversity. Here, microbially mediated redox processes exert an important 
control on water quality. Two main interfaces are present in saline lakes: (1) the sediment-
water interface; (2) the freshwater-saltwater interface. While the former is the most 
important one for microbial turnover, the latter plays also a key role in pollution 
attenuation based on solute transport by density-driven flows. 

In this context, Pétrola Lake is one of the most representative saline wetlands in the 
Castilla-La Mancha region (central Spain). The lake is disturbed by agricultural activities 
and urban wastewater discharges that enter the waterbody directly. These practices 
degrade inland waters by introducing pollutants into the system (e.g. nitrate). The aim of 
this thesis was to assess the natural attenuation of pollutants in the Pétrola lake-aquifer 
system, with particular emphasis on nitrogen and sulfur recycling at both interfaces. 
Because reliable measurements are essential to study nitrate removal, a specific method 
for nitrate determination in hypersaline waters was also investigated. Additionally, the 
present thesis presents a risk assessment study of heavy metal pollution in the lake-aquifer 
system. For such purposes, a multidisciplinary approach was used comprising 
hydrochemical, multi-isotopic, geophysical, and molecular techniques. 

The study provided the first evidence for the coexistence of denitrification, DNRA, and 
anammox in a hypersaline lake. At the freshwater-saltwater interface, heterotrophic 
denitrification was promoted by the transport of solutes from Pétrola Lake to the 
underlying aquifer by a density-driven flow. Simultaneously, sulfur was recycled due to 
the influence of this density-driven flow together with sulfate-reduction processes. To 
determine nitrate under hypersaline conditions, a fast and cost-effective method using 
low sample volumes (500 µL) was described. Finally, the study on heavy metal pollution 
showed a noticeable concentration of lead in the sediments from Pétrola Lake related to 
anthropogenic sources. Since Pétrola Lake is a typical hypersaline aquatic ecosystem, the 
findings of this study can provide a better understanding of how these ecosystems can act 
as reactive zones for urban and agricultural pollution. 

  



Resumen 

Los lagos salados están sometidos a numerosos impactos ambientales derivados de la 
actividad humana, entre los que destaca la contaminación de sus aguas. Estos lagos se 
encuentran generalmente asociados a cuencas endorreicas de regiones áridas y 
semiáridas, con escasas precipitaciones y condiciones climáticas que favorecen la 
evaporación. La confluencia de estos factores conduce a la acumulación y a la 
biomagnificación de contaminantes. Las fuentes de contaminación más comunes en estos 
ecosistemas son las aguas residuales de origen agrícola, doméstico e industrial. Este aporte 
de nutrientes favorece aparición de procesos de eutrofización. Respecto al reciclado de 
nutrientes, las interfaces acuáticas son zonas críticas donde los procesos redox llevados a 
cabo por microorganismos ejercen un importante control en la calidad de las aguas. Dos 
interfases pueden observarse en los lagos salados: (1) la interfase sedimento-agua; (2) la 
interfase agua dulce-agua salada. La primera es la más importante en cuanto al reciclado 
de nutrientes, mientras que la segunda desempeña un papel vital en la atenuación de 
contaminantes basada en el transporte de solutos por parte del flujo de densidad variable. 

La Laguna de Pétrola es uno de los humedales salinos más representativos de Castilla-La 
Mancha (España). El lago está alterado por actividades agrícolas y por el vertido sin 
tratamiento previo de aguas residuales urbanas directamente en el vaso lagunar. Estas 
actividades degradan la calidad de las aguas al introducir contaminantes en el sistema (p.e. 
nitrato). El objetivo de esta tesis fue evaluar la atenuación natural de contaminantes en el 
sistema lago-acuífero de Pétrola, con especial énfasis en el reciclado del nitrógeno y del 
azufre en las interfases descritas anteriormente. Debido a la necesidad de medidas fiables 
de nitrato para estudiar estos procesos, se investigó un método específico para la 
determinación de este analito en aguas hipersalinas. Además, esta tesis presenta una 
evaluación de la contaminación por metales pesados en el sistema lago-acuífero. Para ello 
se utilizó un planteamiento multidisciplinar compuesto por técnicas hidroquímicas, 
multi-isotópicas, geofísicas y moleculares. 
Este estudio constituye la primera evidencia de la coexistencia de procesos de 
desnitrificación, DNRA y anammox en un lago hipersalino. En la interfase agua dulce-
agua salada, la desnitrificación heterótrofa se ve promovida por el transporte de solutos 
desde la Laguna de Pétrola hacia el acuífero subyacentes debido al flujo de densidad 
variable. Simultáneamente, el azufre es reciclado debido no solo a la acción este flujo de 
densidad, sino también a los procesos de sulfato-reducción bacteriana. Para la 
determinación de nitrato en condiciones hipersalinas, se ha descrito un método rápido, 
económico y que requiere bajos volúmenes de muestra (500 µL). Finalmente, el estudio 
de la contaminación por metales pesados reveló concentraciones significativas de plomo, 
derivadas de fuentes antropogénicas, en los sedimentos de la Laguna de Pétrola. Dado que 
la Laguna de Pétrola constituye un ecosistema hipersalino típico, los hallazgos de este 
estudio pueden contribuir a un mejor conocimiento acerca de cómo estos ecosistemas 
pueden actuar como zonas reactivas a la contaminación urbana y agrícola. 
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1.1 Global significance of saline lakes 

Wetlands are among the most diverse and productive ecosystems. While wetlands cover less 
than 5% of Earth's ice-free land surface, they have a key role maintaining biodiversity. 
Wetlands also contribute in providing a high number of ecosystem services such as flood 
control, groundwater recharge, water purification, and retention of nutrients (Cherry, 2011). 
Nevertheless, wetlands were long considered useless and unhealthy lands, which impeded 
economic development. This view was maintained until around the mid-20th century 
(Vileisis, 1999). During the last century, United States lost more than 50% of the original 
wetland surface, with agricultural development being the main responsible factor (Tiner, 
1984). In Europe, about two-thirds of the wetland surface that existed 100 years ago have been 
lost (EC, 1995). This percentage is even higher in Spain, where approximately 75% of the 
original surface has disappeared (Fornés, 1994). 

The most widely accepted definition for wetland is the one provided by the Convention on 
Wetlands of International Importance (Ramsar Convention), which defined wetlands as 
‘areas of marsh, fen, peatland, or water, whether natural of artificial, permanent, or 
temporary, with water that is static or flowing, fresh, brackish, or salt, including areas of 
marine water the depth of which at low tide does not exceed six meters’ (Scott and Jones, 
1995). Wetlands can be hierarchically classified into systems, sub-systems, classes, and sub-
classes based on set parameters such as water regime, water chemistry (salinity, pH), and soil. 
Thus, five types of wetlands can be distinguished: marine (ocean), estuarine (estuary), riverine 
(river), lacustrine (lake), and palustrine (marsh). Following this classification, a lake can be 
defined as an inland lacustrine waterbody, which may be temporal or seasonal, with fresh or 
saline water. 

Freshwater and saline lakes together cover 1.8% of the global land area (Messager et al., 2016), 
holding only about 0.015% of the total water on Earth (Sladen, 2012). According to recent 
estimations (Babkin, 2003), the volume of freshwater lakes globally is about 91,000 km3, 
whereas saline lakes account for 85,400 km3. Salinity can be defined as ‘a measure of the mass 
of dissolved salts in a given mass of solution’ (APHA, 1998). Thus, waters are frequently 
classified according to the total dissolved solids (TDS) concentration. In limnology, salinity 
can be expressed in parts per thousand (ppt) or ‰, and in older literature in g/L. Hammer 
(1986) classified waters as follows: fresh lake waters with salinities up to 0.5‰, subsaline 
waters between 1 and 3‰, and saline waters those with salinities over 3‰.  

Among saline waters, three groups can be distinguished: hyposaline (3-20‰), mesosaline 
(20-50‰), and hypersaline (≥50‰). As a reference, normal seawater has a TDS value of on 
average 35 g/L. Major characteristics of some representative saline lakes around the world are 
shown in Table 1.1. Globally, saline lakes are common but not homogeneously distributed. 
The largest volume of saline water is contained in the Caspian Sea, with 91% of the total 
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volume. Special mention must be made to lakes of the East African Rift System. The valley is 
known as one of the major lakeland areas of the world and holds some of the most spectacular 
soda lakes in the world (Jirsa et al., 2013; Schagerl, 2016). The vast number of large lakes (> 
100 km2) occupying paleodrainage areas of Australia must be also emphasized (De Deckker, 
1983). 

Table 1.1 Major characteristics of representative saline lakes around the world.  Note that salinity values 
presented here refer to maximum values listed in the respective studies. 

Lake Country 
Area 
(km2) 

Maximum 
depth (m) 

Salinity 
(‰) References 

Caspian Sea 
Azerbaijan, Iran, 
Kazakhstan, Russia, 
Turkmenistan 

378,000 1,025 15 Babkin (2003), Pervov et al. (2003) 

Urmia Iran 5,800 16 300 Williams (1996), Babkin (2003) 

Aral Sea Kazakhstan, Uzbekistan 8,550 28.3 100 Micklin (2007) 

Dead Sea Israel, Jordan, Palestine 940 320 340 Williams (1996), Yechieli et al. (1998) 

Balkhash China, Kazakhstan 17,000 27 7 Williams (1996)  

Dabuxun China 184 0.4 360 Yu et al. (2001) 

Qinghai  China 4,278 26.5 14 Lister et al. (1991) 

Van Turkey 3,570 450 22 Kempe et al. (1991) 

Great Salt Lake United States 4,660 14 250 Wurtsbaugh and Berry (1990) 

Salton Sea United States 891 12 33 Williams (1996)  

Mono United States 158 45.7 95 Williams (1996)  

Mar Chiquita Argentina 5,770 8.6 360 Reati et al. (1996) 

Salar de Uyuni Bolivia 10,500 - 271 Schmidt (2010) 

Natron Tanzania 1,000 0.5 12 Williams (1996), Schagerl (2016) 

Assal Djibouti 54 40 277 Schagerl (2016) 

Nakuru Kenya 42 4.6 62 Jirsa et al. (2013), Schagerl (2016) 

Bogoria Kenya 33 9 36 Jirsa et al. (2013), Schagerl (2016) 

Eyre Australia 8,430 5.7 310 Jankowski and Jacobson (1989) 

Corangamite Australia 233 4.9 50 Williams (1996) 

Tyrrell Australia 300 0.5 160 Heidelberg et al. (2013) 

Elton Russia 155 0.6 300 Argaman et al. (2012) 

Gallocanta Spain 5.6 0.1 37 Pearson et al. (2008) 

Chiprana Spain 0.3 5.6 73 Vila et al. (2002) 

Fuente de Piedra Spain 13.5 0.5 220 García and Niell (1993) 

Pétrola Lake Spain 1.8 2 50 Valiente et al. (2017, 2018) 

 

Depending on their relationship to local groundwater, saline lakes can be classified as 
terminal discharge lakes, recharge lakes, and throughflow lakes (Cartwright et al., 2009). 
Saline lakes are mostly located in arid and semi-arid regions associated with endorheic basins. 
Most saline lake basins have their origin in three main causes: tectonic movements, volcanic 
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action, and glacial action (Hammer, 1986). These basins are closed drainage areas with no 
outlet other than evaporation. Annual water loss by evaporation generally exceeds annual 
inflow by precipitation, surface water courses (e.g. rivers, streams), and groundwater 
discharge. As a result, prolonged intervals with a negative hydrological balance yield saline 
lakes. Three climatic factors determine the natural development of saline lakes: temperature, 
net evaporation, and precipitation (Williams, 2002). These lakes respond to climate changes 
by varying water level, salinity, and hydrochemistry (Eugster and Hardie, 1978; Yechieli and 
Wood, 2002). In Spain, four main regions with saline lakes can be distinguished (Comín and 
Alonso, 1988). These districts are associated with arid and semi-arid areas of the main river 
basins (Ebro, Duero, Guadalquivir). The La Mancha region is not entirely associated with a 
single river basin even though its lakes present similar compositional types (Mg-SO4 
hydrofacies).  

Saline lakes are characterized by high primary productivity (Hammer, 1981) due to their 
capacity to recycle nutrients more efficiently than freshwater systems (Wurtsbaugh et al., 
2017). Primary productivity in such ecosystems is mainly related to halophilic and 
halotolerant microorganisms (cyanobacteria, phototrophic bacteria, etc.), and may be 
responsible for the noteworthy levels of organic compounds frequently present (Oren, 1994; 
Jones et al., 1998). Among these lakes, hypersaline environments present unique challenges 
for life, not only because of the high salinity but also because of the relatively low oxygen (O2) 
contents. Therefore, hypersaline brines also host substantial populations of anaerobic 
heterotrophs (Grant, 2004). For this reason, hypersaline environments have been studied as 
potential places for the long-term preservation of life on other planets (Litchfield, 1998; 
Prieto-Ballesteros et al., 2003). 

1.2 Environmental impacts: pollution 

Saline lakes are subject to numerous environmental impacts, closely related to human 
activities. These impacts have adverse, mostly irreversible effects involving important 
ecological changes. One key effect is eutrophication, which has been also widely studied in 
freshwater ecosystems (Smith et al., 2006). Moreover, saline lakes are impacted by other 
human activities that are less important for freshwater lakes such as surface inflow diversions, 
salinization, and other catchment activities including mining, groundwater withdrawals, and 
pollution (Williams, 2002). The diversion of freshwater inflows due to increased water use by 
humans alters the hydrological budget and has led to the decrease of saline lakes across the 
globe (Wurtsbaugh et al., 2017). As an example, the area of the Aral Sea has been reduced by 
74% and its volume by 90% due to withdrawals of water for irrigation (Micklin, 2007). 
Moreover, desiccation of lakes causes chemical changes that promote the increase in salinity. 
Clearance of the natural vegetation and the discharge of saline agricultural wastewater 
(irrigation return flows) within catchments also contribute to modifying the pristine chemical 
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composition, and ultimately, to salinization. This threat, particularly important in arid and 
semi-arid regions, produces important effects such as decreases in biodiversity or changes in 
the natural character of aquatic ecosystems (Williams, 1999). Mining is the main human 
activity affecting the beds of dry saline lakes, but also has other impacts on saline lakes, 
including pollutant spills (Dumont, 1995) and heavy metal leaching (Nriagu et al., 1982; 
Nagajyoti et al., 2010).  

Pollution of saline lakes occurs mainly through inputs of agricultural wastewater and farming, 
including pesticides and drugs, as well as organic and inorganic wastes from domestic and 
industrial sources. This excessive anthropogenic loading of nutrients results in eutrophication 
of lake ecosystems. It is a common misconception that saline lakes will respond to pollution 
in the same way as freshwater lakes, and usually the same environmental criteria are used by 
environmental protection agencies for both (Williams, 1981). Nevertheless, saline lakes are 
located in closed hydrological systems which, combined with low precipitation and high 
evaporation rates typical for arid and semi-arid regions, lead to accumulate and biomagnify 
many pollutants compared to freshwater systems (Williams, 2002). Salinity can also influence 
the toxicity and mobility of certain chemicals to aquatic biota (Hall and Anderson, 1995). 

Nitrogen (N) is an essential nutrient for all organisms and its availability controls many 
aspects of ecosystem productivity. Since the invention of technical N-fixation through the 
Haber–Bosch process, humankind has drastically modified the global N budget, significantly 
increasing the global fixed N pool and nitrous oxide (N2O) emissions to the atmosphere 
(Canfield et al., 2010a). Among N species, nitrate (NO3

−) is a widespread contaminant 
responsible for water degradation. The European Groundwater Directive (EC, 2006) 
considers NO3

− one of the most significant contaminants that could prevent reaching the 
goals of the Water Framework Directive (EC, 2000). NO3

− contamination affects groundwater 
due to its potential negative effects on human health (Fraser, 1981; Gulis et al., 2002). The 
NO3

− concentration threshold established by Directive 98/83/CE (EC, 1998) for human water 
supplies is 50 mg/L. In the environment, NO3

− increases primary production in surface waters 
and, as a consequence, may lead to oxygen deficiency and further eutrophication of surface 
water bodies (Vitousek et al., 1997). Excessive use of synthetic and/or organic fertilizers in 
agriculture, along with wastewater spill outs, are the principal sources of NO3

− in the 
environment. Saline lakes have higher absolute rates of N removal processes than freshwater 
systems (Blomqvist et al., 2004). They therefore recycle nutrients more efficiently 
(Wurtsbaugh et al., 2017) and have a high potential to remove compounds from agricultural 
runoff (Brinson et al. 1995).   

Another important element for environmental pollution monitoring is sulfur (S), which 
derives from human activities such as mining (sulfide ores), fossil fuel emissions, and 
agriculture (Brimblecombe et al., 1989). Since sulfate (SO4

2−) is a common constituent of 
agricultural fertilizers (Oren et al., 2004; Vitòria et al., 2004), human practices in agricultural 
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regions have increased the amount of SO4
2− in aquatic ecosystems and enhanced salinization 

of surface water and groundwater (Williams, 2001; Zak et al., 2009; Baldwin and Mitchell, 
2012). Dissolved SO4

2− concentrations can exceed 2,600 mg/L in marine waters (Wasmund et 
al., 2017) and can be even higher in continental saline systems (70,000 mg/L, Kulp et al., 2006). 
Moreover, gypsum dissolution is an important source of SO4

2− for microorganisms in 
evaporitic environments (Machel, 2001). For these reasons, S cycling is of major interest in 
the field of lake ecosystems. 

Heavy metals, as those metals with densities of more than 5 g/cm3, as also a matter of concern 
in aquatic ecosystems, especially in sediments, is also a worldwide environmental problem 
(Tang et al., 2014). Some heavy metals (i.e. cobalt (Co), copper (Cu), iron (Fe), manganese 
(Mn), molybdenum (Mo), nickel (Ni), and zinc (Zn)) are essential for living organism when 
occurring at trace levels. Overexposure to heavy metals, however, has negative effects on 
human health and the environment (Tchounwou et al., 2012). Their harmful effects include 
the formation of metal complexes with proteins, inactivating enzymatic systems. This toxicity 
is also applicable to microbe-mediated ecological processes, seriously compromising major 
biogeochemical cycles (Babich and Stotzky, 1985). Weathering and human activities 
introduce heavy metals to the hydrosphere. Highlighted among human activities are urban 
and industrial sources (Nriagu and Pacyna, 1988), agricultural fertilizers (Otero et al., 2005) 
and mining (Nriagu et al., 1982). Furthermore, metals can enter waterbodies after 
atmospheric transport and subsequent deposition (Järup, 2003). 

Fertilizers, in turn, provide macronutrients (e.g. N and phosphorus (P)), micronutrients (e.g. 
Cu and Zn), but also other metals long known for their toxic properties such as cadmium 
(Cd) and lead (Pb) (Otero et al., 2005). Divalent metals can partially substitute calcium (Ca) 
when phosphate fertilizers are applied on calcareous soils (De Groot, 1983). Therefore, 
sediments from locations under agricultural influence can exhibit high metal contents. Cd 
and Pb, together with other divalent metals such as mercury (Hg) and Ni, are considered 
priority substances in the field of water policy by Directive 2008/105/CE (EC, 2008). 

Rare earth elements (REE) have been extensively described in saline lake ecosystems (Fee et 
al., 1992; Johannesson and Lyons, 1994; Stojanovic et al., 2009; Sánchez-Palencia et al., 2015). 
REE patterns are suitable for studying geochemical and sedimentary processes, but also for 
tracing agricultural pollution because they are also present in fertilizers (Martin and 
McCulloch, 1999). REE include the lanthanide elements (La-Lu) and predominantly occur in 
trivalent state, with the exception of cerium (Ce) and europium (Eu) which can exceptionally 
change their oxidation states into tetra- and di-valence depending on the redox conditions. 
Therefore, their relative abundances are used to assess geochemical processes. 
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1.3 Biogeochemical processes in aquatic ecosystems 

Biogeochemical cycling involves the exchange of electrons between chemical species through 
reduction and oxidation (redox) reactions. These reactions are part of the major 
biogeochemical cycles, mainly involving the transformation of carbon (C), oxygen (O), N, S, 
Fe, and Mn. Electron transfer rates are generally very slow (kinetic reaction) unless they are 
mediated by bacterial catalysis (Appelo and Postma, 2005). Microorganisms can utilize 
chemical energy released by redox reactions. Heterotrophic organisms couple the oxidation 
of organic carbon to the reduction of terminal electron acceptors (e.g. NO3

−). Microorganisms 
use the terminal electron acceptors with the highest reduction potential (Eh) available 
following a redox reaction sequence (Stumm and Morgan, 1981). This constitutes a first 
principle in understanding energy and matter transformations in ecosystems. The 
thermodynamic sequence starts using O2 as electron acceptor, followed by NO3

−, Mn oxides, 
Fe oxides, SO4

2−, and carbon dioxide (CO2) in the different redox zones, as described below 
(Figure 1.1). 

Figure 1.1   Sequence of microbially mediated redox reactions in natural systems. The more positive the 

redox potential, the more energy is released per electron transferred. (Adapted from Weiner, 2012).  

This sequence is commonly known as the ‘redox ladder’ and helps to understand 
geomicrobiological processes in environments that are not in equilibrium. Thermodynamic 
imbalance is observed when a flux of organic carbon introduces energy to the system, fueling 
biogeochemical turnover. The redox ladder establishes a vertical succession of redox reactions 
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driven by microbial respiration beyond oxic-anoxic interfaces (e.g. water-sediment interface). 
The source of most terminal electron acceptors is the oxic zone. Some of them (O2, SO4

2−) can 
diffuse into the anoxic zone from the water column, whereas others are regenerated at the 
oxic-anoxic interface due to oxidation (e.g. ammonium) (Mermillod-Blondin, 2011). There 
are, however, contradictory findings on this redox sequence because the reduction of different 
electron acceptors may occur simultaneously (Postma and Jakobsen, 1996), limiting the 
applicability of the redox sequence to homogeneous environments (Burgin and Loecke, 
2015). Moreover, the strictly vertical zonation is increasingly questioned due to the 
heterogeneities existing at the interfaces (Canfield and Thamdrup, 2009). 

Aquatic interfaces are critical sites for turnover and biodiversity (Lau et al., 2018), where 
microbially mediated redox processes exert an important control on water quality. 
Microorganisms play the key role in biogeochemical processes in sedimentary environments 
(Sundbäck et al., 2004). These reactions regulate the mobility, bioavailability, and toxicity of 
dissolved substances. Organic matter (OM) must be highlighted because it is the largest 
electron donor for the biogeochemical redox reactions (Lovley, 1987). Biogeochemical 
cycling is associated with interfaces between compartments of aquatic environments with 
sharp physical, chemical, or biological gradients. Aquatic ecosystems are characterized by an 
oxic-anoxic interface within the sediment. The depth of this interface depends on the input 
of degradable OM to the sediment. In systems with high primary productivity (e.g. eutrophic 
lakes), oxygen transport is controlled by molecular diffusion and cannot penetrate more than 
a few mm (Brune et al., 2000). Moreover, bacteria are considerably more abundant at the 
sediment-water interface (SWI) than in the water column (Schmidt et al., 1998). Recent 
studies have also shown the impact of ecohydrological interfaces on biogeochemical cycles 
and pollutant removal (Krause et al., 2017). These interfaces are defined as the dynamic 
transition zones that may develop at ecosystem boundaries (e.g. sediment-water), controlling 
and enhancing nutrient turnover (Lewandowski et al., 2007). 

Reactive intermediates are emerging as key players by connecting biogeochemical cycles 
(Hansel et al., 2015). These short-lived intermediates are typically present in low 
concentration and represent non-steady-state concentrations arising from the balance 
between continuous oxidation and reduction processes (Kappler and Bryce, 2017). Some 
intermediates have more energetically favorable pathways and are therefore rapidly turned-
over. Thus, cryptic element cycling is referred to the rapid turnover of redox compounds, too 
fast to be detected, but with an impact on biogeochemical equilibrium (Schaedler et al., 2018). 
For instance, the sustenance of S cycling can be associated with nitrogen (Canfield et al., 
2010b) and iron cycling (Holmkvist et al., 2011), despite low concentrations of SO4

2- and 
sulfide (S2−). Though cryptic cycling has been described in many aquatic environments 
(Durham et al., 2015), biogeochemical interactions are still not fully understood. 
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1.3.1 Global nitrogen cycle 

The atmosphere is the largest N reservoir on Earth in the form of dinitrogen gas (N2) (Ward, 
2012). Oceans and organic nitrogen (Norg) account for less than 1% of the total (Galloway, 
2004). In aquatic ecosystems, N primarily occurs as Norg, NO3

−, and ammonium (NH4
+). The 

nitrogen cycle consists of processes that transform and transfer N among the reservoirs. For 
~2.7 billion years, these processes were predominantly controlled by microorganisms 
through enzymatic mechanisms (Canfield et al., 2010a). Nitrogen is an essential component 
of biomolecules, including amino acids, nucleic acids, and chlorophylls. The oxidation state 
of N can range from −3 to +5. The most reduced inorganic compound, NH4

+, is the 
biologically available form that can be incorporated into biomolecules. Thus, redox cycling 
between N compounds is the basis for microbial metabolism. The N cycle must not be 
understood only as a cycle, but as a complex network of transformations (Thamdrup, 2012). 

The most important source of fixed N is nitrogen fixation, a process in which prokaryotes in 
the bacterial and archaeal domains convert N2 to NH4

+ (Figure 1.2). The reduction of N2 is 
catalyzed by the nitrogenase enzyme complex (Nif; Nuti et al., 1979). In aquatic ecosystems, 
among the main N-fixers are cyanobacteria and anaerobes, including methanogens, sulfate 
reducers, and fermenters. Nevertheless, most organisms cannot fix N but rather obtain it 
directly as NH4

+ from the environment (ammonium assimilation), or by reducing NO3
− to 

NH4
+ (nitrate assimilation). Nitrate assimilation is catalyzed by the enzymes assimilatory 

nitrate reductase (Nas) and assimilatory nitrite reductase (NirB), codified by nas and nirB 
genes, respectively (Figure 1.2). Assimilation occurs under both autotrophic and 
heterotrophic growth. During ammonification or remineralization, Norg is returned to the 
environment as NH4

+ due to degradation of OM by heterotrophic microorganisms. 

Certain microorganisms can use NH4
+ not only for building biomass, but also for energy 

purposes during the nitrification process (Canfield et al., 2005). Nitrification involves the 
oxidation of NH4

+ to hydroxylamine (NH2OH) (Equation 1.1) by the enzyme ammonium 
monooxygenase (Amo; Hollocher et al., 1981), which is subsequently oxidized to nitrite 
(NO2

−) (Equation 1.2) by the enzyme hydroxylamine oxidoreductase (Hao; Hooper and 
Terry, 1979). Finally, the nitrite oxidoreductase (Nxr; Tanaka et al., 1983) oxidizes NO2

− to 
NO3

− (Equation 1.3). A common belief was that oxidation to NO2
− and oxidation to NO3

− 
were catalyzed by physiologically distinct clades of microorganisms. Recent studies, however, 
showed the complete oxidation of ammonia NH4

+ to NO3
− in one organism (complete 

ammonia oxidation; comammox) (Daims et al., 2015; Van Kessel et al., 2015). 

 NH4
+ + 0.5O2  NH2OH + H+ (1.1) 

 NH2OH + O2  NO2
− + H2O + H+ (1.2) 

 NO2
− + 0.5O2  NO3

− (1.3) 
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Figure 1.2   Schematic representation of the major microbial pathways in the nitrogen cycle. Aerobic and 

anaerobic processes are differentiated by background colors. Genes encoding enzymes that catalyze each 

step in the pathway include: nif, nitrogenase; nas, assimilatory nitrate reductase; nas/nirB, assimilatory nitrite 

reductase; amo, ammonium monooxygenase; hao, hydroxylamine oxidoreductase; nxr, nitrite 

oxidoreductase; nar/nap, cytoplasmic and periplasmic dissimilatory nitrate reductases; nirS/nirK, 

cytochrome-cd1 and copper-based dissimilatory nitrite reductases; norB, nitric oxide reductase; nosZ, nitrous 

oxide reductase; hzs, hydrazine synthase, hzo, hydrazine dehydrogenase; nrf, cytochrome C dissimilatory 

nitrite reductase. Dashed vertical lines indicate the contribution to atmospheric loading of gaseous nitrogen 

compounds. DNRA: dissimilatory nitrate reduction to ammonium. (Adapted from Hallin et al., 2017). 

Nitrification is also a significant source of atmospheric N2O, because this greenhouse gas is 
formed as a by-product (Bremner and Blackmer, 1978; Dore et al., 1998). Nitrifiers are mainly 
chemolithoautotrophs and use the reducing power of NH4

+ or NO2
− to fix CO2 by the Calvin 

cycle (Ward, 2012). While nitrification has been widely reported as an aerobic process 
(Goreau et al., 1980), chemolithoautotrophic oxidation of NH4

+ can also occur under anoxic 
conditions by using MnO2 (Luther et al., 1997).  

When oxygen is limited or unavailable, microorganisms can dissimilatorily reduce NO3
− to 

either a gaseous product (N2 or N2O) or NH4
+ to obtain energy. Reduction of NO3

− is usually 
coupled to organic carbon oxidation driven by facultative anaerobic heterotrophs. However, 
some dissimilatory NO3

- reducers are chemolithoautotrophs and oxidize reduced inorganic 
compounds such as hydrogen gas (H2), hydrogen sulfide (H2S), or NH4

+. The first step in 
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dissimilatory NO3
- reduction is the conversion of NO3

− to NO2
− by the dissimilatory nitrate 

reductases (Nar, Nap).  

Depending on the product formed by NO2
− reduction, three main pathways can be 

distinguished: (1) denitrification is the process of reducing NO2
− to form N2, and N2O as by-

product (Knowles, 1982); (2) anaerobic ammonium oxidation (anammox), the process by 
which NO2

− reduction is coupled to NH4
+ oxidation to produce N2 (Jetten et al., 1998); (3) 

dissimilatory nitrate reduction to ammonium (DNRA), when the reduction of NO2
- yields 

NH4
+ (Tiedje, 1988). 

Denitrification is a major sink in the nitrogen cycle and is considered the main NO3
− 

reduction process in aquatic environments (Piña-Ochoa and Álvarez-Cobelas, 2006). This 
pathway is driven by facultative anaerobes, which are mainly limited by the availability of 
electron donors (Korom, 1992; Rivett et al., 2008), and is not affected by salinity (Arce et al., 
2014). This form of microbial respiration reduces sequentially NO3

− to NO2
−, nitric oxide 

(NO), N2O, and N2 (Figure 1.2). Denitrifiers can obtain metabolic energy from: (1) oxidation 
of organic compounds (chemoorganotrophic heterotrophs) (Equation 1.4); (2) oxidation of 
inorganic compounds, such as reduced inorganic sulfur forms (chemolithotrophic 
autotrophs) (Equation 1.5).  

5CH3COO− + 8NO3
− + 8H+  4N2 + 5HCO3

− + 5CO2 + 9H2O (1.4) 

5FeS2 + 14NO3
− + 4H+  7N2 + 10SO4

2− + 5Fe2+ + 2H2O (1.5) 

Sequential reduction of NO3
− by denitrification involves several enzymes such as 

dissimilatory nitrate reductases (Nar, Nap), dissimilatory nitrite reductases (NirS, NirK), 
nitric oxide reductase (NorB), or nitrous oxide reductase (NosZ) (Hallin et al., 2017). 
However, some denitrifiers lack one or more reductases. Complete denitrification of NO3

- to 
N2 requires the four partly independent respiratory processes to be activated simultaneously 
(Zumft, 1997). Otherwise, intermediates can be formed, leading to undesirable effects such as 
N2O emission to the atmosphere. 

Anammox is also a major microbial pathway for N removal in aquatic environments (Figure 
1.2). This pathway is carried out by autotrophic facultative anaerobic bacteria (Equation 1.6). 
The metabolic pathway for anammox presumably involves the reduction of the electron 
acceptor (NO2

−) to NO, which reacts with the electron donor (NH4
+) catalyzed by the 

hydrazine synthase (Hzs; Harhangi et al., 2012) to form the intermediate hydrazine (N2H4). 
This is subsequently oxidized to N2 by the hydrazine dehydrogenase or hydrazine-oxidizing 
enzyme (Hzo; Maalcke et al., 2016). These microorganisms, members of the phylum 
Planctomycetes, were firstly identified in wastewater treatment systems (Mulder et al., 1995; 
Van de Graaf et al., 1995), but have more recently also been found in aquatic environments 
(Kuypers et al., 2003). 
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While N2 is the largest end product of anammox, about 20% of consumed NO2
− is oxidized 

to NO3
− as a by-product when reducing equivalents are needed for CO2 fixation (Van de Graaf 

et al., 1997). 

NH4
+ + NO2

−  N2 + 2H2O (1.6) 

In aquatic ecosystems, the importance of DNRA as a NO3
− removal pathway must be 

recognized (Burgin and Hamilton, 2007; Giblin et al., 2013). During DNRA, NO3
− is reduced 

to NO2
−, which subsequently is directly reduced to NH4

+ without producing any intermediate 
N compound by the cytochrome C nitrite reductase (Nrf; Einsle et al., 1999). DNRA retains 
N in the system as NH4

+, which is more biologically reactive than NO3
−. This pathway can be 

performed both by chemoorganotrophic heterotrophs, which use OM compounds as the 
electron donor (fermentative DNRA) (Equation 1.7), and by chemolithotrophic autotrophs, 
which oxidize inorganic compounds such as sulfides (Equation 1.8). Organisms capable of 
carrying out DNRA are strict anaerobes (Hill, 1996), and recent studies suggest their role in 
N2O consumption (Hallin et al., 2017).  

CH3COO− + NO3
− + 2H+  NH4

+ + HCO3
− + CO2 (1.7) 

4FeS2 + 7NO3
− + 11H2O + 6H+  8SO4

2− + 7NH4
+ + 4Fe2+ (1.8) 

Recently, new NO2
− and NO3

− reducing pathways have been identified (Ettwig et al., 2010; 
Haroon et al., 2013). These pathways couple anaerobic oxidation of methane (CH4) to both 
NO2

− and NO3
− reduction. Nitrite-dependent methane oxidation is carried out under anoxic 

conditions by using, paradoxically, enzymes found in aerobic methanotrophs. This pathway 
produces oxygen from NO dismutation. Nitrate-dependent methane oxidation is performed 
via reversed methanogenesis, which is coupled to NO3

− reduction to NH4
+ via NO2

−. Despite 
the great interest in these processes, studies on such pathways in environments are still limited 
(Deutzmann et al., 2014; Hu et al., 2014; Wang et al., 2017). 

1.3.2 Global sulfur cycle 

Sulfur is the fourteenth most abundant element in the Earth’s crust, with an average 
abundance of 260 µg/g (Schlesinger, 2005). Water bodies, including the oceans, constitute the 
largest sulfur reservoir on Earth in the form of dissolved SO4

2− and sedimentary S-bearing 
minerals (Sievert et al., 2007). The global S cycle is driven by both biotic and abiotic processes, 
with the oxidation state of S ranging from −2 to +6. Sulfur is a key component in its most 
reduced form in many biomolecules, including the amino acids cysteine and methionine, the 
vitamins thiamine (vitamin B1) and biotin (vitamin H), and coenzymes A and M (Zehnder 
and Zinder, 1980).  
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Prokaryotic organisms obtain most of their organic S by internal cellular metabolisms 
(Widdel, 1988). This involves the reduction of oxidized S-compounds through an 
assimilatory reduction pathway (Le Faou et al., 1990). The most widely used assimilatory 
reduction pathway comprises the reduction of SO4

2−, which requires energy supplied from 
other respiratory or fermentative processes. This process requires unidirectional cellular 
uptake of SO4

2− by specific sulfate-binding proteins (Cypionka, 1995). Subsequently, there are 
two main paths for reduced S formation: (1) the adenosine phosphosulfate (APS) pathway, 
which is used by oxygen-evolving eukaryotes and some cyanobacteria; (2) the 
phosphoadenosine phosphosulfate (PAPS) pathway, which is used by some cyanobacteria, 
but mostly by microorganisms whose metabolism does not produce oxygen (Canfield et al., 
2005). Furthermore, S-compounds are used by microorganisms to obtain energy (Widdel, 
1988). Sulfur is a significant electron donor and acceptor in many bacterial metabolisms 
(Jørgensen, 1988). These microbial pathways include dissimilatory bacterial sulfate reduction 
(BSR), sulfur oxidation, disproportionation of inorganic S-compound, and organo-sulfur 
molecule transformations (Jørgensen and Des Marais, 1986; Bak and Cypionka, 1987; 
Wasmund et al., 2017) (Figure 1.3). 

Figure 1.3   Schematic representation of the major microbial pathways in the sulfur cycle. (Adapted from 

Zopfi et al., 2004). 

Sulfur biogeochemistry in aquatic ecosystems has been an object of research since the 1950s 
(Ostroumov, 1953; Sugawara et al., 1953). In such environments, S cycling occurs at the 
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boundary layer of the sediment-water interface, where S-compounds interact with the 
biogeochemical cycling of other elements such as C, O, N, and Fe (Jørgensen, 1982; 
Thamdrup et al., 1994, Canfield and Farquhar, 2012). The most abundant form in the 
hydrosphere is SO4

2−. However, the dissolved S in H2S makes a significant contribution to the 
total S budget (Luther et al., 1991). As a consequence of redox reactions, other dissolved forms 
of intermediate oxidation states are found in smaller amounts. 

Dissimilatory BSR is probably the most important mineralization pathway in anoxic sulfate-
rich environments and the primary driver of the biogeochemical cycling of S in marine 
sediments (Jørgensen, 1982; Canfield and Farquhar, 2012; Wasmund et al., 2017). During 
BSR processes, SO4

2− acts as an electron acceptor to produce H2S, which is generally coupled 
to the oxidation of organic compounds such as lactate and acetate (Equation 1.9), but also to 
the oxidation of inorganic compounds such as H2 and CO2 (Equation 1.10) (Widdel, 1988). 
Almost 29% of sedimentary OM in marine sediments is metabolized with sulfate, accounting 
for 11.3 Tmol of SO4

2− reduced to H2S every year (Bowles et al., 2014). Moreover, BSR 
processes contribute to minimizing methane release from aquatic sediments by mediating 
anaerobic oxidation of methane (Boetius et al., 2000). Sulfate reducers belong to a broad range 
of taxonomic families (e.g. Desulfobacteraceae, Desulfovibrionaceae, Desulfobulbaceae), 
mainly related to the class Deltaproteobacteria (Rabus et al., 2015). These microorganisms 
have an analogous mechanism for SO4

2− respiration, including the core enzymes ATP 
sulfurylase (Sat), adenylyl-sulfate reductase (Apr), and dissimilatory sulfite reductase (Dsr) 
(Wasmund et al., 2017). 

CH3COO− + SO4
2− + 3H+  H2S + 2CO2 + 2H2O (1.9) 

4H2 + SO4
2−+ 2H+  H2S + 4H2O (1.10) 

The dissimilatory reduction of SO4
2− drives the formation of reduced sulfide, mainly as H2S. 

Depending on pH conditions, produced H2S can be volatilized, dissociated to sulfide (S2−) and 
sulfanide (HS−), or even precipitated as metal sulfide (Morse et al., 1987; Billon et al., 2001). 
Only 10% of H2S derived from sulfate reduction is buried in the sediment as sulfides (e.g. 
pyrite) (Jørgensen, 1982). Most of the H2S is re-oxidized again to SO4

2− coupled to the 
reduction of electron acceptors such as O2, NO3

−, or Fe-oxides, contributing to S recycling 
(Elsgaard and Jørgensen, 1992). Importantly, sulfide oxidation results not only in the 
reformation of SO4

2−, but also yield several other intermediates including sulfite (SO3
2−), 

elemental sulfur (S0), polysulfides, and polythionates such as thiosulfate (S2O3
2−) and 

tetrathionate (S4O6
2−) (Zopfi et al., 2004). Large amounts of SO4

2− are released either from re-
oxidation of sulfides during the desiccation of wetlands or by chemolithotrophic 
denitrification in nitrate-polluted areas (Lamers et al., 2001). Several risks can be linked to 
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sulfide oxidation, among them the release of heavy metals and metalloids to the environment 
(Corkhill et al., 2008). 

Sulfur-oxidizing microorganisms are usually located in sedimentary deposits where electron 
acceptors (e.g. oxygen or nitrate) are available. Sulfur oxidation in sediments depends on the 
gradients of O2, NO3

−, and S2−, resulting in spatial separation of oxidation pathways (Canfield 
and Thamdrup, 2009). Biological oxidation of S compounds competes with chemical 
reactions (iron-driven oxidation of S2−). In most environments, biological oxidation far 
exceeds chemical oxidation (Luther et al., 2011). Among biological mechanisms for S 
oxidation, the role of ‘large sulfur bacteria’ must be highlighted. These organisms belong to 
the family Beggiatoaceae. They can internally store NO3

− and S0 to bridge the spatial gap 
between O2 and S2− in aquatic sediments. Genome analysis revealed that large sulfur bacteria 
perform sulfur oxidation and denitrification (Winkel et al., 2016), and certain species (i.e. 
Thioploca) construct microbial consortia with anammox bacteria (Prokopenko et al., 2013). 
Another way to overcome spatial separation of electron donors and acceptors is presented by 
‘cable bacteria’. These multicellular filamentous bacteria, which belong to the family 
Desulfobulbaceae, link the oxidation of sulfide in anoxic sediment layers to the reduction of 
O2 and NO3

− in oxic sediments by generating electric currents over centimeter distances 
(Nielsen et al., 2010). 

Other sulfur-related metabolic pathways observed in aquatic sediments are microbial sulfur 
disproportionation and organosulfur transformations (Figure 1.3). Microbial 
disproportionation dismutates S0, SO3

2−, or S2O3
2− to form SO4

2− and H2S using the same 
substrate as electron donor and electron acceptor (Bak and Cypionka, 1987; Thamdrup et al., 
1993). Disproportionation is performed by anaerobes. Some of them are sulfate-reducing 
microorganisms that can switch to disproportionating metabolisms when alternative electron 
donors and acceptors are limited (Wasmund et al., 2017). Organosulfur transformation 
involves the use and formation of chemical groups present in OM such as sulfonates (R-SO3

−) 
and sulfate esters (R-O-SO3

−). These represent the second most important reduced S pool in 
marine environments (Bruchert and Pratt, 1996). Oxidized S-compounds may be released 
from organics by desulfonation, which fuels anaerobic sulfur metabolism.  

1.4 Saline lakes in pollution attenuation 

As described above, aquatic interfaces play a key role in nutrient recycling. From a 
biogeochemical perspective, two main interfaces are present in terminal discharge saline 
lakes: (1) the sediment-water interface (SWI); (2) the freshwater-saltwater interface (FSI). The 
interface between sediment and water is potentially the most important aquatic interface for 
microbial turnover, because of the bacterial abundance in sediments compared to the water 
column (Lau et al., 2018). Processes controlling N and S recycling at the SWI depend on the 
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existing redox environments at the interface, which in turn affects the distribution of electron 
donors and acceptors. Moreover, the chemical composition of sediments will determine the 
predominance of microbial pathways. For instance, the organic C:N ratio of available 
substrates, which provides information about organic carbon availability, helps to predict the 
dominant NO3

− removal pathway (Tiedje, 1982). Sometimes the presence of certain chemical 
compounds (e.g. H2S) may inhibit microbe-mediated processes (Joye and Hollibaugh, 1995). 

The aquatic interface between freshwater and saltwater is not a sharp boundary but rather a 
transition zone. Under both steady-state and unsteady-state conditions, the location, shape, 
and extent of the interface depend upon factors such as the hydrogeology of the aquifer, 
hydraulic gradients, climatic stresses (Sakr, 1999), and land uses (i.e. irrigation). Previous 
research has provided important information on the hydrogeochemical and biological 
processes which take place at the FSI in coastal aquifers (Moore, 1999; Charette and 
Sholkovitz, 2002; Andersen et al., 2005; Humphreys et al., 2009). Among these reactions, 
those involving nutrient recycling have been particularly explored in recent years (Slomp and 
Van Cappellen, 2004; Gonneea and Charette, 2014; Couturier et al., 2017). Based on the redox 
state of the freshwater and the saltwater, different scenarios can be considered (Santoro, 
2010): (1) oxic conditions in both freshwater and saltwater; (2) oxic freshwater meets anoxic 
saltwater; (3) anoxic conditions across the entire FSI. Anoxia derives from the microbial 
decomposition of OM, which is the main electron donor for biogeochemical processes. Thus, 
interfaces that are partly (Addy et al., 2005) or totally anoxic (Kroeger et al., 2007) show higher 
rates of nutrient recycling. 

While the FSI has been well studied in coastal environments, where freshwater is usually 
located on top of saltwater, little is known about the redox processes across this interface in 
saline lake systems, where distribution can change. More recent attention has been focused 
on evaluating the distribution of the FSI in these systems, and on the associated 
hydrogeological and hydrochemical processes (Yechieli and Wood, 2002; Lee et al., 2014; 
Amiri et al., 2016; Bentley et al., 2016). However, microbially mediated processes at this 
interface are still poorly documented in saline lakes (Avrahamov et al., 2014; Gómez-Alday 
et al., 2014; Lewandowski et al., 2015). In such systems, nutrient recycling depends on solute 
transport by density-driven flow (DDF) from the surface lake water to deep zones of the 
aquifer through the FSI (Figure 1.4). The DDF is a result of the difference in density between 
brine from saline lakes and fresh groundwater (Zimmermann et al., 2006). Solutes can enter 
into lakes through precipitation, surface runoff (e.g. irrigation returns and wastewater spills), 
and groundwater. Therefore, understanding the role of the FSI in nutrient recycling is 
essential to comprehend hydrogeological processes in saline lakes because biogeochemical 
processes control the chemical evolution of lakes and the groundwater of the connected 
aquifer (Castanier et al., 1993; Skidmore et al., 2010). 
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Figure 1.4   Conceptual model (longitudinal section) of hydrodynamic transport by density-driven flow 

across the freshwater-saltwater interface in a discharge terminal saline lake (not to scale). 

1.5 Assessing environmental pollution in saline lakes 

The correct measure of pollution is essential for understanding the environmental status in 
saline lakes, as well as the associated attenuation processes. In this sense, chemical 
determinations are the key-starting points for pollution monitoring in water and soil 
matrices. Concentrations of major and trace elements, in combination with physical-
chemical parameters, help assess the current status as well as to infer the redox processes 
taking place. Stables isotopes are also used for deducing processes as well as for identifying 
sources and fates of contaminants, and estimating nutrient turnover rates. Finally, microbial 
ecology methods enable studying the diversity of microbial populations responsible for 
biogeochemical processes using 16S rDNA sequences. 

1.5.1 Chemical analysis 

Nitrogen analysis in aquatic ecosystems deserves special mention due to the associated 
environmental issues, as described above. In water samples, total nitrogen includes dissolved 
inorganic N (DIN, including NO2

−, NO3
−, and NH4

+) and organic N. Analytical determination 
of NO2

− and NO3
− in liquid samples, including water and sediment extracts, can be achieved 

by direct and indirect methods. Direct methods for determination are mostly applied after 
preconcentration or separation processes, and include UV spectroscopy and electrochemistry 
(Aydin, 2013). Under high ionic strength conditions such as in saline lake waters, direct 
determination methods are not the most appropriate due to salt interferences (Ghassemzadeh 
et al., 1997). Indirect determination methods based on spectrophotometry are the most 
widely used methods for the analysis of NO2

− and NO3
− (Moorcroft et al., 2001). The most 

common approach for NO2
− determination is the Griess assay (Griess, 1879). This assay is 
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based on the ‘azo dye coupling reaction’, involving diazotization of an aromatic amine (e.g. 
sulfanilamide) and further reaction with nitrosating species derived from NO2

− under acidic 
conditions to build a diazonium salt (Figure 1.5). The diazonium salt is then coupled with an 
aromatic amino compound to produce an azo dye at pH 5-9 which is spectrophotometrically 
measured at 543 nm (Rider and Mellon, 1946). For NO3

−, measurement by the Griess assay 
requires a prior reduction of NO3

− to NO2
−. Several methods are used for this step, such as 

copper-cadmium (Cu-Cd) alloy reduction (Wood et al., 1967), photochemical reduction 
(Zhang and Wu, 1986), nitrate reductase (Granger et al., 1995), and vanadium (V) reduction 
(Miranda et al., 2001). 

Figure 1.5   Schematic diagram showing the Griess reaction. NEDD: N-(1-Naphthyl)ethylenediamine 

dihydrochloride. 

For NH4
+ determination, spectrophotometric methods are also the most widely used in saline 

waters. In this sense, Nesslerization has been considered a standard method for more than a 
century, but its use has been limited due to problems in disposing its waste products (Galvao 
et al., 2013). Instead, the indophenol blue method has been standardized for NH4

+ 
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determination in waters. This method is based on the Berthelot reaction, in which NH4
+ is 

oxidized to form monocloramines in basic pH. Monochloramines subsequently react with 
phenolic reagents (e.g. phenol, phenate, salicylate) to produce the derivative indophenol of 
intense blue color, which is determined spectrophotometrically at 640 nm (Solórzano, 1969). 
The Kjeldahl method, based on digestion/distillation/titrimetry, is also used for NH4

+ 
determination together with organic N. 

Organic N is defined as organically bound nitrogen in proteins and peptides, nucleic acids, 
and urea, among others. In aquatic environments, organic N consists of truly dissolved 
organic nitrogen (DON) and particulate organic nitrogen (PON). DON is defined as material 
that can pass a 0.45 μm pore diameter filter, while PON is the material that is retained on the 
filter (Millero, 2013). DON measurements in water samples are estimated by subtracting DIN 
from the measured dissolved bound N (DNb), whereas PON is determined by deducting 
DON from total organic N (TON). Currently, total N in water is measured by high-
temperature catalytic combustion and chemiluminescence detection (Merriam et al., 1996). 

Organic C in water is composed of a variety of organic compounds in various oxidation states. 
The total organic content, expressed as total organic carbon (TOC), includes all carbon atoms 
covalently bonded in organic molecules. In addition, dissolved organic carbon (DOC) is the 
fraction of TOC that passes through a 0.45 µm pore diameter filter (Goldberg, 1952). For 
water samples with high levels of TOC, such as saline lake samples, the high-temperature 
combustion method is the most suitable one (Sharp, 1973). Organic matter content, including 
organic N and C, can be determined as loss on ignition (LOI) by combustion of dried 
sediment for 2 h at 550 °C in a muffle furnace (Nelson and Sommers, 1996). 

In water samples, physical-chemical parameters provide information about water quality and 
redox conditions. These parameters include water temperature (T), pH, electrical 
conductivity (EC), total dissolved solids (TDS), redox potential (Eh), and dissolved oxygen 
(DO). Wherever possible, measurements of physical-chemical parameters must be performed 
in the field. In situ measurements are usually performed using portable electrodes. In the case 
of TDS, this measure provides information about salinity as the total ionic concentration of 
dissolved minerals in water (Rhoades, 1996). Alkalinity of water is also an important 
environmental variable which is taken as an indication of the contents of carbonate, 
bicarbonate, and hydroxide (Dickson, 1981). Alkalinity is determined by titrating a water 
sample with a strong acid. 

A variety of analytical techniques are available to establish the elemental composition of water 
solutions. Probably the most significant criterion in selecting the appropriate analytical 
technique, aside from access and cost is the required level of detection. Major-ions data 
include anions (Cl−, SO4

2−, and NO3
−) and cations (K+, Na+, Ca2+, and Mg2+) in largest 

concentrations. They provide information for assessing the geochemical-water type, and 
information about mineral solubility (saturation indices). Moreover, certain chemical ratios 
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(e.g. rCl/rBr) provide information about the origin of salinity in complex aquifer systems 
(Cruz-Fuentes et al., 2014). Many graphical methods, such as Piper and Durov diagrams, are 
used to classify natural waters and identify hydrochemical processes (Chadha, 1999). Ion 
balance is a fundamental test of data quality of chemical analysis based on the 
electroneutrality of solutions. The test is based on the percentage difference between anion 
and cation sums when expressed as meq/L, allowing a maximum difference of ±5% in saline 
waters (Stumm and Morgan, 1981). 

Separation techniques have replaced traditional colorimetric methods to identify and 
quantify dissolved inorganic anions. These separation techniques include ion 
chromatography (IC) and capillary electrophoresis (CE). Both approaches not only separate 
the anions present in the samples, but also quantify each individual anion in a single run. To 
determine major cations in water samples, IC and CE are appropriate. Other techniques are 
also used for alkali and alkaline earth cations such as atomic absorption spectroscopy (AAS) 
and inductively coupled plasma optical emission spectrometry (ICP-OES). ICP-OES is a 
commonly used technique for inorganic trace elements analysis, principally metals. However, 
other techniques can be used depending on several factors including instrument availability, 
ease of use, interferences, elements of interest, and the range of elemental concentrations 
expected. Among these techniques, graphite furnace atomic absorption (GF-AAS) and total 
X-ray fluorescence spectroscopy (TXRF) deserve special mention. TXRF allows simultaneous
multi-elemental analysis of very low metal concentrations in microsamples (De La Calle et
al., 2013) (Figure 1.6).

Figure 1.6   Detail of sediment samples pretreated for total X-ray fluorescence spectroscopy (TXRF) analysis. 

Samples (yellow circles) are mounted on acrylic microplates (see Chapter 6 for further details). 

For some elements of particular interest such as arsenic (As), selenium (Se), and Hg, the low 
levels of such elements require sample pretreatment. For this purpose, cold vapour atomic 
absorption spectrometry (CV-AAS) is widely used. In sediments, the determination of trace 
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elements requires the digestion of the sample using strong acids (Nieuwenhuize et al., 1991). 
In sediment and suspended particulate matter, the determination of REE is achieved by 
instrumental neutron activation analysis (INAA) (Koeberl, 1993), and may be complemented 
by inductively coupled plasma mass spectrometry (ICP-MS) to determine certain lanthanides 
(Duvert et al., 2015). 

The above-described techniques can also be used to analyze pore water because the key is to 
extract interstitial water (Chapman et al., 2002). The development of high-resolution 
electrochemical techniques has enabled monitoring chemical microenvironments in 
sediments with minimum disturbance (Revsbech and Jørgensen, 1986) (Figure 1.7). These 
microelectrodes are used for the analysis of selective ions (e.g. Na+, Ca2+), but also for 
physical-chemical parameters (e.g. pH, Eh) and biogeochemical compounds of interest (e.g. 
O2, H2S). 

Figure 1.7   Experimental setup (left) and detail of oxygen microelectrode in the water-sediment interface 

(right) (Menchén et al., 2016). 

1.5.2 Isotopes in biogeochemistry and hydrogeology 

Isotopes are forms of the same element differing in the number of neutrons in the nucleus, 
but having a constant number of protons and the same chemical properties. Isotopes are 
either stable or radioactive (radioisotopes), depending on the nuclear stability. Stables 
isotopes have been especially useful in the fields of chemistry, geochemistry, biogeochemistry, 
hydrogeology, and ecology for indicating, tracing, and recording environmental processes in 
surface and groundwater systems (Dawson and Siegwolf, 2011). Light elements (H, C, N, O, 
and S) constitute the bulk of all living matter. Therefore, their isotope ratios are used most 
effectively to track sources and changes in the biogeochemical cycles. By convention, stable 
isotope composition is commonly expressed in terms of delta (δ) values and indicates the 
difference in isotope abundances relative to an international standard (Equation 1.11). 

δA = (RA / RSTD – 1 ) ∙ 1000 (‰) (1.11) 
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where RA and RSTD are the respective isotope ratios for the measured compound and the 
standard sample. The accepted universal standards (STD) have a δ value of 0% and are found 
in homogeneous and large amounts in the nature (Hoefs, 1997). These standards include 
Vienna Standard Mean Ocean Water (V-SMOW) for H and O, Vienna Pee Dee Belemnite 
(V-PDB) for C, air nitrogen (N), and Vienna Canyon Diablo Troilite (V-CDT) for S. Isotope 
ratios are measured by isotope ratio mass spectrometry (IRMS) coupled to an elemental 
analyzer (EA), to a high-temperature conversion/elemental analyzer (TC/EA), or to a gas 
chromatograph (GC), depending on the compound to be analyzed. 

The partitioning of isotopes between two substances or phases is termed ‘isotope 
fractionation’. Isotope fractionation occurs during chemical equilibrium reactions and 
during kinetic processes. Isotopic variations in most biological systems can be explained by 
kinetic effects. During bacterial processes, the lighter isotope reacts more rapidly than the 
heavy one, and thus the product is depleted in the heavier isotope. Isotope fractionation can 
be expressed by means of the fractionation factor (α), or using the enrichment factor (ε) 
(Equation 1.12).  

ε = (α – 1) ∙ 1000 (‰) (1.12) 

Kinetic isotopic fractionations of microbially mediated processes vary in magnitude 
depending on reaction rates, concentrations of products and reactants, environmental 
conditions, and microorganisms responsible for the reaction. Among these processes, 
significant isotope fractionation is observed during nitrification, denitrification, dissimilatory 
BSR, microbial disproportionation, or methanogenesis (Mariotti et al., 1981; Habicht and 
Canfield, 1997; Hoefs, 1997; Habicht et al., 1998; Kendall et al., 2007). For this reason, many 
studies have applied stable isotopes to study redox processes at the SWI (Lehmann et al., 2002; 
Aharon and Fu, 2003; Mills et al., 2016). During biogeochemical reactions, slower reaction 
steps usually show greater fractionation than faster steps. The reason is that during slower 
steps the microorganisms have time to save internal energy by preferentially breaking light-
isotope bonds (Kendall and Caldwell, 1998). Assuming that the substrate concentration is 
high enough that the isotopic composition of the reservoir is insignificantly changed by the 
reaction, a Rayleigh distillation model can be applied to calculate the amount of isotope 
fractionation (Mariotti et al., 1981) (Equation 1.13). 

RA = R0 ∙ ƒ (α – 1) (1.13) 

where RA and R0 are the isotope ratios of the residual and initial substrate, respectively, and ƒ 
is the fraction of unreacted substrate. In addition to biogeochemical tracing, stable isotopes 
can be used to identify the origin and fate of contaminants in the environment. Isotopic 
signatures from different sources (natural soil, minerals, fertilizers, or sewage) can be used for 
tracing single and multi-pollutant contaminations (Vitòria et al., 2004). Furthermore, the use 
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of water stable isotopes (δ2H and δ18O) is particularly useful for studying recharge processes 
in aquifers where freshwater and saltwater confluence (Cendón et al., 2010). 

In order to better study the mechanisms involved in NO3
− removal, the isotope pairing 

technique (IPT) is a well-established tool based on the addition of labeled substrate (15NO3
−) 

in sediment incubations (Nielsen, 1992). During the last decades, this technique has been 
widely applied to a variety of aquatic ecosystems to measure denitrification (Steingruber et 
al., 2001). Recent studies have focused on precise discrimination the relative contribution of 
each NO3

− removal process using 15N IPT, including incomplete denitrification, DNRA, and 
anammox (Risgaard-Petersen et al., 2003; Trimmer et al., 2006; Song et al., 2016; Salk et al., 
2017). 

Radioisotopes also provide insights into mechanisms of recharge and discharge in aquifer 
systems (Iverach et al., 2017). The radioisotopes most widely used in geochemical studies 
include tritium (3H) and carbon-14 (14C). Tritium is a short-lived isotope of hydrogen with a 
half-life of 12.32 years. Tritium is produced naturally in the atmosphere but also released into 
the atmosphere and hydrosphere by nuclear activities, entering into the hydrological cycle via 
precipitation. Tritium concentrations are measured using tritium units (TU) and provide 
evidence for active recharge (Clark and Fritz, 1997). Carbon-14 has a long half-life (5730 
years) and is useful for dating groundwater and sediments. Activities of 14C are referenced to 
the modern carbon standard (mC). Groundwater dating with 14C requires measuring 
concentration of C atoms in dissolved inorganic and organic carbon (DIC and DOC) 
(Plummer and Glynn, 2013). Organic lake sediments are widely dated using 14C, thus yielding 
sedimentation rates. Nevertheless, certain precautions must be taken when applying 
radiocarbon dating due to the complex biogeochemistry of lake sediments (e.g. reservoir 
effect) (Walker, 2005). 

1.5.3 Molecular ecology 

The role of microorganisms in nutrient cycling has been described above. In natural 
environments, microorganisms form complex polymicrobial aggregates termed ‘biofilms’ 
(Flemming and Wingender, 2010). The study of microbial communities requires separating 
the individual components. Traditionally, culturing has been used to characterize bacteria, 
enabling a wide range of biochemical and physiological tests. Using cultivation methods, 
microorganisms are isolated by preference to the growth conditions such as temperature, 
salinity, and oxygen concentration. Nonetheless, the vast majority of bacteria cannot be 
cultivated using standard techniques. There is a great discrepancy between the number of 
microbial cells in a natural sample and the number of microbial cells in pure culture, which 
are estimated to constitute less than 1% of all microbial species. This phenomenon has been 
called the ‘great plate-count anomaly’ (Staley and Konopka, 1985). The implementation of 
molecular biology techniques was a revolution in the field of microbial ecology (Woese, 
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1987). These techniques enabled studying non-cultivable species, avoiding the problem of 
isolating the different species by growth condition preferences. Thus, our knowledge about 
the diversity of microorganisms (taxonomic, functional, and genetic diversity) has been 
increased in the last decades. The combination of molecular techniques with biogeochemical 
measurements has provided a clearer understanding of the role of microbes in 
biogeochemical cycles (Bertrand et al., 2015). A complete study of the function and diversity 
of microbial communities requires integrating several techniques (Figure 1.8). 

Figure 1.8   Diagram of the steps involved in microbial ecology studies. PCR: polymerase chain reaction. 

FISH: Fluorescence in situ hybridization. 

Molecular techniques require extracting DNA in sufficient quantity and quality from an 
environmental sample (e.g. sediment, water). For this purpose, bacterial cells must be lysed 
either by addition of chemicals or by mechanical force. Subsequently, everything that is not 
DNA (e.g. humic substances, proteins, lipids) must be removed. Avoiding the presence of 
contaminants in the DNA extract is crucial for further molecular analyses. After this process, 
a complex mixture of DNA is obtained from an environmental sample. Specific DNA regions 
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can be amplified from mixtures by the polymerase chain reaction (PCR). During PCR, a DNA 
sequence (template) is exponentially copied using the enzyme DNA polymerase, producing 
new DNA strands containing the same sequence as the template (Saiki et al., 1988). The 
template is a small fragment of about 20 nucleotides of DNA known as the primer and serves 
as a starting point for DNA synthesis. Each PCR cycle approximately doubles the amount of 
target DNA and can be divided into three steps. These three steps are generally repeated for 
30 or 40 cycles and consist of: (1) denaturation of the double-stranded DNA, yielding two 
single-stranded DNA fragments; (2) annealing of the primers to single-stranded DNA; (3) 
elongation, during which the polymerase attaches and copies the template, making a double-
stranded DNA molecule. 

Molecular identification is performed by amplifying a specific gene, which can either be a 
marker gene, linked to the identity of the organism, or a functional gene, linked to a function 
that the organism can perform. The most widely used region for bacterial identification is the 
16S rDNA (or 16S rRNA gene) (Nadkarni et al., 2002). The application of functional marker 
genes has revealed a yet unseen diversity of microorganisms responsible for major 
biogeochemical cycles (Dong et al., 2009; Limpiyakorn et al., 2010; Wasmund et al., 2017). 
The main limitation of PCR for microbial identification is that classic PCR does not 
differentiate whether the targets stem from dead or living organisms. This disadvantage can 
be overcome by targeting messenger or ribosomal RNA (mRNA, rRNA) sequences instead of 
DNA sequences. RNA detection indicates a recent synthesis by a living organism, and its 
quantity indicates the level of expression of the corresponding gene. Furthermore, 
quantitative PCR (qPCR) is widely used for gene quantification (Bertrand et al., 2015). 

After amplification of 16S rRNA genes with universal primers, cloning is used to separate 
DNA fragments and study microbial diversity. Here, the genes obtained in the PCR are 
inserted in cloning vectors (i.e. plasmids), which are subsequently inserted in engineered 
Escherichia coli cells. The growing E. coli cells copy both their own DNA as well as the gene 
that was inserted in the cloning vector. Each E. coli colony contains a single gene sequence, 
which all together form the pool of the genes from all bacteria obtained from the PCR (gene 
library). Since the sequence of the plasmid is known, it is possible to characterize the cloned 
fragments by sequencing. The traditional approach for DNA sequencing is based on the 
synthesis by DNA polymerase of a complementary strand from an oligonucleotide primer 
(Sanger et al., 1977). To describe the bacterial community, the number of sequenced clones 
is important because it helps to avoid that only the most abundant species are represented in 
the gene library. The main limitation of gene libraries is that their generation is time-
consuming and labor-intensive. Thus, the Sanger technique is being used less and less to the 
benefit of new sequencing techniques (new generation sequencing, NGS) (Bertrand et al., 
2015). These techniques have enabled sequencing millions of DNA sequences from a bacterial 
community’s metagenome at lower cost (Yu and Zhang, 2012). Moreover, NGS technologies 
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do not require generating gene libraries. Regardless of the sequencing method, the 
phylogenetic analysis of 16S rDNA sequences is used to determine similarities between taxa. 
This analysis enables identifying the closest known relatives of the microorganisms of 
interest. 

Fluorescence in situ hybridization (FISH) analysis is an alternative DNA-based method for 
bacterial identification (Pernthaler et al., 2002). This method does not depend on DNA-
extraction and PCR but relies on the use of oligonucleotide fluorescent probes. These probes 
are specific for marker and functional genes, based on 16S rRNA gene databases, and can 
hybridize to complementary target rDNA regions. Fluorescent probes are added directly to 
fixed environmental samples, and those bounded to 16S rDNA can be visualized using 
fluorescence microscopy. A disadvantage of FISH is that certain knowledge of the microbial 
community composition is required in order to choose the correct probes. Over time, FISH 
has been widely used to analyze bacteria in environmental samples (Sekar et al., 2003), 
including N-cycle related microorganisms (Schmid et al., 2003; Van den Berg et al., 2015). 

1.6 Statement of the problem 

In order to protect water resources from NO3
− contamination, the European Directive 

91/676/CE (EC, 1991) established the so-called ‘nitrate vulnerable zones’ as areas of special 
environmental protection from agricultural impacts. This Directive aims to reduce water 
pollution by setting legally binding rules to reduce N losses from agriculture to the 
environment. Saline lakes located in endorheic basins are among the most vulnerable aquatic 
ecosystems to NO3

− pollution. The Castilla-La Mancha region in central Spain has an 
extensive surface area composed by endorheic basins draining into hypersaline lakes. Most of 
these lakes serve as a sink for N compounds from agriculture and wastewater (Brinson et al., 
1995). One of the most representative saline wetlands in the Castilla-La Mancha region is 
Pétrola Lake, in the High Segura river basin (Figure 1.9). Pétrola Lake is the main wetland of 
the saline endorheic complex named the Pétrola–Corral–Rubio–La Higuera Saline Complex 
(about 275 km2), with a total of 19 wetlands (Cirujano et al., 1988).  

Pétrola Lake was classified as a heavily modified waterbody, due to the inputs of pollutants 
from agricultural sources and urban wastewater. For this reason, the endorheic Pétrola basin 
was declared vulnerable to NO3

− pollution by the Regional Government of Castilla-La 
Mancha in 1998. The hydrogeological boundary of the Pétrola lake-aquifer system extends 
over 43 km2. The lake itself occupies the terminal discharge zone of an endorheic basin in a 
semiarid area, with various small streams discharging into the lake in a radial pattern. The 
use of inorganic synthetic fertilizers is the main source of pollutant N in the system. The 
estimated N load produced by agricultural activities was about 10 t/(km2∙year), whereas NO3

− 

input to the lake has been quantified as reaching 3.76 t/year (Gómez-Alday et al., 2014). 
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Farming is the main economic activity in the area. The catchment area of the Pétrola lake-
aquifer system supports cultivation and livestock activities. Two types of farming are present: 
dryland farming and irrigation farming. Farming involves approximately 75% of the total 
area, whereby dryland farming contributes about 58% and irrigated cropland 17%, based on 
data from Corine Land Cover 2012. The remaining area is occupied by semi-natural land 
cover types such as Mediterranean forest and scrubland (19%). Moreover, urban wastewater 
from a population of 850 inhabitants is discharged, untreated, directly to the lake. These 
practices lead to the degradation of inland waters by introducing pollutants into the system 
(e.g. nitrate), but also modify the mass balance and the intensity of major biogeochemical 
processes. 

Figure 1.9   A) Location of the Segura river basin in Europe. B) Location of Pétrola basin in the Segura River 

Basin. C) Geological map of Pétrola basin. 

The shallow lake occupies about 1.76 km2 and nowhere exceeds 2 m depth. The water volume 
in Pétrola Lake shows oscillations mainly depending on meteorological events. The climate 
of the study area is Mediterranean, continental, and semi-arid, with mean annual 
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precipitation below 400 mm, predominantly falling during spring and autumn. The average 
monthly temperatures vary from 4.9 ºC in January to 24.2 ºC in July and the mean annual 
temperature is 14.3 °C. Seasonal fluctuations show a maximum water volume at early spring 
(reaching about 0.90 hm3 in February), concurring with abundant precipitation and low 
evaporation rates. The minimum volume (or complete dessication) occurs in late summer, 
related to few precipitation events and maximum evaporation rates (López-Donate et al., 
2004). The region is characterized by irregular rainfall, long episodes of drought, and 
torrential precipitation. Chemical hydrofacies change slightly between early spring (Mg-Cl-
SO4) and early fall (Mg-Na-Cl-SO4) (Vicente et al., 1998), whereas its salinity can reach up to 
50‰ (Valiente et al., 2018). 

The basin geology comprises mainly Mesozoic materials (Utrilla et al., 1992). The bottom of 
the sequence is formed of oolitic carbonate Jurassic rocks. The base of the Lower Cretaceous 
unit corresponds to the Weald Facies and consists of argillaceous sediments overlain by sands 
and sandy-conglomerate sediments with intergranular porosity, which reaches the 
Barremian. Albian deposits (Utrillas Facies) consist of siliciclastic sands, sandy-
conglomerates, and reddish to dark-grey clay to argillaceous sediments deposited over Aptian 
sediments. The Utrillas Facies comprises sandy-conglomerate sediments interstratified by 
grey-to-black argillaceous sediments with OM and sulfides (mainly pyrite). The main aquifer 
is formed of Lower Cretaceous sediments (Utrillas Facies) comprising siliciclastic sands, 
conglomerates, and siltstones with a thickness that can exceed 60 m. 

Several springs and streams drain the aquifer in the lake area because the piezometric level of 
the Cretaceous aquifer is close to the topographic surface. Pétrola Lake acts as a discharge 
zone for these water flows. Groundwater flow in this aquifer is radial and centripetal from the 
recharge areas (basin margins) to the lake. Previous research has shown that the Pétrola lake-
aquifer system shows two main flow components: regional groundwater flow (RGF, up to 
1.01 g/cm3) from recharge areas to the lake, and a density-driven flow (DDF, up to 1.29 g/cm3) 
from surface water to the underlying aquifer (Gómez-Alday et al., 2014). Biological 
productivity has increased the amount of OM deposited in Pétrola Lake, which can be 
transported by the DDF towards the underlying aquifer. Previous studies showed the 
potential of sediments in the Pétrola basin to promote NO3

− attenuation (Carrey et al., 2013; 
2014a; 2014b), as well as to promote denitrification at the field scale associated with the FSI 
(Gómez-Alday et al., 2014) [See Chapter 5 for a detailed of the study area]. 
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1.7 Aims and objectives of this study 

The research work presented in this thesis was supported by a PhD grant (BES-2012-052256), 
linked to a research project (CICYT-CGL2017-87216-C4-2-R) from the Spanish government 
concerning the natural attenuation of groundwater pollution from agricultural and industrial 
sources. Building on previous studies, the research was performed in the Pétrola lake-aquifer 
system based on the following hypotheses: 

i) At the SWI, microbially mediated pathways other than denitrification may be 
responsible for NO3

− removal. 

ii) Density-driven flow (DDF) from surface lake waters towards the underlying 
aquifer plays an important role in solute transport. NO3

− removal processes at the 
FSI depend on the availability of chemical donors and acceptors. 

iii) At both interfaces (FSI and SWI), other redox processes involving major 
biogeochemical cycles (i.e. sulfur) may have a significant impact on natural 
attenuation of pollutants. 

From these hypotheses, this thesis assessed the natural attenuation of pollutants (mainly 
nitrate) in the Pétrola lake-aquifer system. For this purpose, the following specific objectives 
of the work were formulated: 

i) To elucidate the importance of main microbial NO3
− removal pathways 

(denitrification, DNRA, anammox) in the lacustrine sediments (SWI) of Pétrola 
Lake. In order to reach this goal, a combined isotopic and molecular approach 
was applied. 

ii) To identify the source of N in the Pétrola lake-aquifer system, as well as the main 
pathways of N removal at the FSI. Given the importance of the geometry of this 
interface in the development of attenuation processes, the influence of land use 
was investigated by combining hydrochemical, multi-isotopic (C, H, O, N, S), and 
geophysical techniques. 

iii) To describe a simple, fast, and cost-effective method for NO3
− determination in 

hypersaline water samples because reliable measurements are essential to study 
NO3

− removal under high ionic strength conditions. To achieve this goal, a 
multivariate optimization procedure based on surface response methodology was 
applied to investigate the effects of different factors involved in the Griess 
reaction. 

iv) To provide insights into the S cycle in the Pétrola lake-aquifer system, including 
identifying SO4

2− sources and the related biogeochemical processes taking place 



 
Chapter 1: Introduction 

31 
 

in the system. This was achieved by combining hydrochemical, multi-isotopic, 
and molecular biology tools to water and sediment samples. 

v) To assess the heavy metal pollution in sediments from the Pétrola Lake protected 
area, mainly derived from agricultural practices. In this context, the natural and 
anthropogenic sources of these metals were identified by combining sequential 
extraction procedures and statistical techniques. 

1.8 Importance and contribution of research 

Saline lakes have historically been neglected and underutilized in the past. In best-case 
scenarios, they have been used for mining. Importantly, these wetlands have usually been seen 
as disease-ridden wastelands. The scientific, ecological, sociological, recreational, and 
economic benefits of saline lakes are diverse yet not easily monetized (Williams, 2002; 
Valiente et al., 2015; Wurtsbaugh et al., 2017). From a scientific perspective, understanding 
the role of these ecosystems in natural attenuation of pollutants is a further step towards 
improving our knowledge of nutrient recycling in nature. The use of the multi-isotopic 
approach, along with other characterization tools, enables identifying the origin and redox 
processes that define the fate of pollutants in aquatic ecosystems. Moreover, the results 
presented in this thesis provide valuable information for determining appropriate 
bioremediation processes (environmental biotechnology) to increase pollutant attenuation in 
groundwater. 

Since NO3
− is one of the main concerns in Spanish aquifers, investigating how saline lakes can 

attenuate this pollutant is a step forward in preserving the good ecological status of these 
ecosystems in a sustainable framework. The results presented here allow for improved 
decision-making in order to fulfill the requirements of the Water Framework Directive. The 
possibility of influencing the decision-making process to enhance environmental quality was 
one of the driving forces behind this thesis. The integration of hydrochemical, multi-isotopic, 
and molecular biology techniques in order to better understand how saline lakes act as 
reactive barriers for pollution represents a departure from the standard approach. 

1.9 Structure of this thesis 

This thesis investigates the natural attenuation of pollutants in Pétrola Lake from a 
biogeochemical perspective. Accordingly, the thesis explores nitrogen and sulfur recycling at 
the above-mentioned aquatic interfaces. The introductory chapter of the thesis (Chapter 1) 
provides a background on saline lakes and the biogeochemical processes responsible for 
pollutant removal in such ecosystems. This introductory part also aims to contribute to the 
study of saline lakes from a multidisciplinary scientific perspective. Furthermore, the specific 
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aims and objectives of the thesis are described there. The following five chapters are based on 
two published papers, two manuscripts under review, and another one ready for submission. 

Chapter 2 is titled ‘Oxygen and light alter the balance between nitrate reduction processes in 
saline lakes’ and explores the N removal pathways at the SWI of Pétrola Lake, and how light 
and oxygen conditions in the water column influence these processes. This involved 
incubating lacustrine organic-rich sediments in mesocosm experiments along with the use of 
techniques such as IPT or FISH. This chapter is currently under review in ‘The ISME Journal”. 
In Chapter 3, titled ‘A multi-isotopic approach to investigate the influence of land use on 
nitrate removal in a highly saline lake-aquifer system’, the influence of land use on N removal 
in the Pétrola lake-aquifer system is addressed. For this purpose, hydrochemical, multi-
isotopic (δ18ONO3, δ15NNO3, δ13CDIC, δ18OH2O, and δ2HH2O), and geophysical techniques 
(electrical resistivity tomography) were applied to identify the types of NO3

− attenuation at 
the FSI. Chapter 3 is published in ‘Science of The Total Environment’. Given the importance 
of reliable NO3

− analysis and the analytical difficulties associated with highly saline matrices, 
Chapter 4 is called ‘Spectrophotometric determination of nitrate in hypersaline waters after 
optimization based on the Box-Behnken design’ and presents a method of 
spectrophotometric NO3

− determination for use in hypersaline water samples. This goal was 
achieved by using a multivariate optimization procedure (i.e. Box-Behnken design) to 
investigate the effects of different factors on NO3

− determination. This chapter is under review 
in ‘Microchemical Journal’.  

A multidisciplinary approach was also presented in Chapter 5, titled ‘Tracing sulfate 
recycling in the hypersaline Pétrola Lake (SE Spain): A combined isotopic and 
microbiological approach’. This paper assesses the fate of S, its origin, and processes affecting 
SO4

2− recycling in the lake. Sulfur biogeochemical processes were investigated at both reactive 
interfaces (FSI and SWI) in order to understand the saline lake-aquifer relationship and the 
biogeochemical processes involved. The study used hydrochemical data, including H2S 
microprofiles, multi-isotopic analysis, mineralogical determinations, and molecular biology 
tools (16S rDNA amplification and sequencing). Chapter 5 is published in ‘Chemical 
Geology’. Chapter 6 titled ‘Heavy metal pollution assessment in lacustrine sediments of 
Pétrola Lake’ is a completed manuscript which assesses the heavy metal pollution in 
sediments from the Pétrola lake-aquifer system. The aim was to identify the natural and 
anthropogenic sources of these metals by combining statistical techniques and sequential 
extraction procedures. Finally, the thesis ends with a ‘Conclusions’ chapter (Chapter 7), 
where general conclusions and proposals for further research are presented. 
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Abstract 

Nitrate (NO3
−) removal from aquatic ecosystems involves several microbially mediated 

processes including denitrification, dissimilatory nitrate reduction to ammonium (DNRA), 
and anaerobic ammonium oxidation (anammox). Saline lakes are prone to the 
accumulation of anthropogenic contaminants, making them highly vulnerable 
environments to NO3

− pollution. We investigated nitrate removal pathways in mesocosm 
experiments using lacustrine, undisturbed, organic-rich sediments from Pétrola Lake 
(Spain), a hypersaline waterbody subject to anthropogenic NO3

− pollution. We used the 
revised 15N-isotope pairing technique (15N-IPT) combined with fluorescence in situ 
hybridization (FISH).  Our results clearly demonstrate the presence of anammox, which is 
the first report of this pathway for a hypersaline lake. Incomplete denitrification to nitrous 
oxide (N2O) was the dominant nitrogen (N) removal pathway removal (<82%) when oxygen 
and/or light were present. In contrast, anoxia and darkness promoted N loss by anammox 
(28%), which was fueled by NO3

− reduction by DNRA (52%). Our results highlight the role 
of coupled DNRA-anammox, never investigated before in lake ecosystems. We conclude 
that anoxia and darkness favored DNRA and anammox processes over denitrification and 
therefore reduce N2O emissions to the atmosphere. 

2.1 Introduction 

Nitrogen (N) is an essential component of living organisms and its availability controls the 
function of aquatic ecosystems. Since the invention of technical N-fixation through the 
Haber–Bosch process, humankind has drastically modified the global N budget, 
significantly increasing the global fixed N pool and nitrous oxide (N2O) emissions to the 
atmosphere (Canfield et al., 2010). Among N species, nitrate (NO3

−) is a widespread 
compound responsible for water degradation due to the excessive use of fertilizers in 
agriculture (Spalding and Exner, 1993). NO3

− accumulation can increase primary 
production in surface waters and, as a consequence, can trigger oxygen deficiency and 
promote eutrophication of surface waterbodies (Vitousek et al., 1997). Among aquatic 
ecosystems, saline lakes are highly vulnerable to NO3

− pollution. These ecosystems are 
mainly located in closed hydrological systems from arid and semi-arid regions, which 
combined with low precipitation and high evaporation rates typical of arid climates, lead to 
accumulate and biomagnify many pollutants compared to freshwater systems (Williams, 
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2002). Nevertheless, saline lakes can recycle nutrients more efficiently than freshwater 
systems linked to higher absolute rates of N removal processes (Wurtsbaugh et al., 2017). 

Microbial processes have been controlling the N cycle for ~2.7 billion years and have been 
widely studied in aquatic ecosystems. Certain microorganisms (diazotrophs) are able to fix 
N2 into a biologically useful form. In shallow aquatic ecosystems, cyanobacteria often 
dominate benthic N2 fixation, which is tightly linked with light availability and 
photosynthesis (Lu et al., 2018). Denitrification and anaerobic ammonium oxidation 
(anammox) are responsible for removing fixed N by producing N2 gas (Canfield et al., 
2010).  

Denitrification is considered to be the primary process of NO3
− removal from aquatic 

environments (Harrison et al., 2009; Fernandes et al., 2016). Denitrification is a multi-step 
reduction process driven by facultative heterotrophic and autotrophic anaerobes (Knowles, 
1982). During denitrification, N2O is an obligate intermediate which can escape to the 
atmosphere, contributing to global warming because N2O is an important atmospheric 
greenhouse gas. Eutrophic and hyper-eutrophic lakes must be considered as potential 
sources of atmospheric N2O. In such ecosystems, variable redox conditions and the supply 
of organic matter (OM) and nutrients lead to increase N2O production nitrification and/or 
incomplete denitrification (Huttunen et al., 2003). Denitrification is affected by oxygen 
availability. Thus, nitrous oxide reductase activity is inhibited at relatively low oxygen 
concentrations (0.25 mg/L) (Bonin and Gilewicz, 1991), resulting in incomplete 
denitrification. Under anaerobic conditions, anammox couples ammonium (NH4

+) 
oxidation to nitrite (NO2

−) reduction to produce N2 (Jetten et al., 1998). Anammox is 
carried out by autotrophic facultative anaerobic bacteria, which are more oxygen tolerant 
than denitrifiers. The activity of anammox bacteria has been described in marine 
ecosystems (Thamdrup and Dalsgaard, 2002), including deep-sea hypersaline anoxic basins 
(Van der Wielen et al., 2005) and inland waters (Schubert et al., 2006; Abed et al., 2015; 
Roland et al., 2017). To our knowledge, however, anammox has never been reported in 
hypersaline lakes. 

When oxygen is limited or unavailable, microorganisms can perform dissimilatory nitrate 
reduction to ammonium (DNRA) to obtain energy, retaining a more assimilable N source 
in the system. Thereby, DNRA can promote anammox by supplying NH4

+ (coupled DNRA-
anammox) (Jensen et al., 2011). In coastal marine environments, DNRA may 
be as important as, or even more important than, denitrification for NO3

− reduction (Giblin 
et al., 2013). DNRA is performed by strict anaerobes under similar environmental 
conditions as denitrification, yet is promoted when NO3

− availability is low or limited 
regarding available electron donors (Tiedje, 1988; Van den Berg et al., 2015). 

Molecular techniques have been used to detect microbial processes associated with nitrogen 
transformation processes such as denitrification, DNRA, and anammox, improving our 
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understanding of the microbial metabolism associated with the N cycle (Dong et al, 2009). 
Among these techniques, fluorescence in situ hybridization (FISH) is widely used to analyze 
bacteria in marine environmental samples (Pernthaler et al., 2002). Specific FISH probes 
have been developed using 16S rRNA gene libraries to identify functional genes involved in 
the N-cycle and related microorganisms (Van den Berg et al., 2015). In addition, sediment 
core incubations have been frequently used to quantify denitrification, DNRA, and 
anammox rates by applying the 15N isotope pairing technique (15N-IPT) (Risgaard-Petersen 
et al., 2003; Roland et al., 2017). The 15N-IPT was firstly applied on sediment cores to 
quantify N2 production derived from denitrification (Nielsen, 1992). Since then, many 
studies have focused on discriminating the relative contribution of each process using 15N-
IPT, including DNRA, and recently coupled DNRA-anammox (Risgaard-Petersen et al., 
2003; Holtappels et al., 2011; Hsu and Kao, 2013). Hence, processes such as anammox have 
been traditionally underestimated (Song et al., 2016). One recent study has for the first time 
provided a set of equations for 15N-IPT also allowing to estimate the contribution of N2O 
production during incomplete denitrification and the contribution of DNRA to NO3

− 
reduction (Salk et al., 2017). These process estimates are necessary for a complete N balance 
estimation. 

Here, we test the hypothesis that oxygen and light conditions in the water column can alter 
the balance between denitrification, DNRA, and anammox during sediment incubations. 
For this purpose, we incubated lacustrine sediments from a eutrophic lake (Pétrola Lake) 
and applied molecular techniques (FISH) and revised 15N-IPT to confirm and quantify N-
cycling rates. 

2.2 Methods 

2.2.1 Study site 

Samples were collected from Pétrola Lake (38º 50’ 14’’ N, 1º 33’ 40’’ W), 35 km southwest of 
Albacete, Spain. Pétrola Lake is the main wetland in the endorheic Pétrola–Corral-Rubio–
La Higuera Saline Complex, which covers a total area of about 275 km2 and is located in the 
southeastern Castilla-La Mancha Region, in the High Segura river basin. Pétrola Lake is a 
terminal lake occupying about 1.76 km2 in the lowest topographic position of the Pétrola 
endorheic basin (43 km2), which consists mainly of Mesozoic materials (Valiente et al., 
2017). The endorheic basin is located in a zone vulnerable to eutrophication, and fertilizer 
use is restricted (Order 2011/7/2 CMA). The lake is shallow (maximum depth 2 m) with 
major water volume oscillations depending on seasonal precipitation. The hydrofacies 
varies between Mg-Cl-SO4 (early spring) and Mg-Na-Cl-SO4 (early fall). The piezometric 
level of the aquifer is close to the topographic surface. Accordingly, various small springs 
and streams drain the aquifer and discharge into the lake following a radial pattern. The lake 
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has been classified as a heavily modified water body due to the inputs of agricultural 
pollutants as well as untreated wastewater directly spilled from Pétrola Village. The Pétrola 
endorheic basin was declared vulnerable to NO3

− pollution by the Regional Government of 
Castilla-La Mancha in 1998. Excess of N in the lake-aquifer system is mainly derived from 
inorganic synthetic fertilizers (Valiente et al., 2018). 

The field survey was conducted in July 2015. The sampling site (control point 2651; Valiente 
et al., 2018) was located close to the lake’s depocenter and is not affected by direct inputs of 
polluted freshwater or wastewaters. To evaluate initial natural conditions (NC), water 
samples were collected and stored at 4 °C in darkness prior to further analyses. 
Furthermore, sediment cores (n=3) were taken from the upper 20 cm lacustrine sediment 
using acrylic coring tubes (5 cm inner diameter, 20 cm length). Coring tubes were capped at 
top and bottom with silicone rubber stoppers, cooled, and transported to the laboratory. 
Once there, the top 5 cm of each core was sliced and used for molecular analysis and 
inorganic N-species extraction. Afterwards, these slices were then frozen at -20 ºC for 
further analysis. 

Mesocosm preparation for core incubations was adapted from previous works (Welti et al., 
2012). For this purpose, acrylic mesocosms (40 cm in length, 20 cm in diameter, containing 
a total volume of 12.6 L) were used for sampling and incubation to guarantee a minimal 
disturbance of the sediment during sampling (n=9). The mesocosm tubes were acid-
prewashed and then drilled into the sediment down to approximately 20 cm depth. Then, 
mesocosms were filled with 2 L of lake water to maintain sediment saturation during 
transport. Additional lake water was collected from sampling point and stored at 4 ºC to fill 
mesocosms in the lab. Black plastic sheets were used to cover the mesocosms to prevent 
light penetration during transport. 

2.2.2 Sediment incubations 

In the lab, the remaining volume of each mesocosm was filled with lake water 
(approximately 4 L), avoiding an air space over the water column. All mesocosms were 
sealed gas-tight. The bottom of each mesocosm was firmly sealed with a plate bolted to the 
mesocosm tube. The top screw cap was equipped with two holes: one to inject air or argon, 
and the other to collect samples from the water column. To maintain oxic conditions in the 
water column, air was bubbled using an air compressor connected to a Teflon tube (7 mm 
inner diameter). From this tube, branches were connected to each mesocosm using a rubber 
cap. The end of each tube was assembled with a glass Pasteur pipette and placed in the 
upper water column. For argon bubbling, a 25 L gas cylinder (Carburos Metalicos, Spain) 
with a pressure regulator was used. The argon connection to each mesocosm was similar to 
that used for air bubbling. 
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For sample collection, a Teflon tube (4 mm inner diameter) was installed through the hole 
using a rubber cap. The tube inlet was placed 1 cm over the sediment surface, whereas the 
tube outlet was closed to the atmosphere with a three-way valve. In order to maintain water 
circulation inside each mesocosm, a small pump was installed in the inner wall. Mesocosms 
were placed in a temperature-controlled room (25 ºC) with no exposure to direct sunlight. 

Three different treatments were studied in triplicate. Treatment 1 (OL; oxygen + light) 
mimicked field conditions by means of atmospheric air bubbling, to provide oxygen, and 
normal dark-light cycles (~ 14 h of light per day, no light source was used). Mesocosms of 
treatment 1 (n=3) were placed close to the room window. OL is henceforth considered as 
control. For treatment 2 (OD; oxygen + darkness), oxic conditions in the water column 
were preserved via atmospheric air bubbling. However, each mesocosm was covered with 
aluminum foil to protect it from light. Finally, treatment 3 (AD; anoxia + darkness) 
maintained anoxic conditions by bubbling argon and mesocosms were shielded from light. 
Mesocosms were stabilized in the laboratory until constant N-NO3

− and N-NO2
− 

concentrations in the water column were reached. During the stabilization period, physico-
chemical parameters, and inorganic N-species were monitored at 12 h intervals, starting 12 
h after collection of the sediment cores (time -36), and finishing 48 h after field sampling 
(time 0). 

In order to apply the 15N-IPT approach to quantify NO3
− transformations inside the 

mesocosms, 15N-labeled nitrate (K15NO3) was added once mesocosm stabilization was 
reached (time 0). This involved spiking with 250 µmol of 15N-NO3 until a water column 
concentration of about 40 µM N-NO3

− was reached. After labeled nitrate addition, sampling 
frequency and incubation times were calculated following the NICE handbook (Dalsgaard 
et al., 2000). Thus, 30 min intervals were adopted as the initial sampling rate: this was 
calculated as the optimal time to enable denitrification to reach 90% of its steady state value, 
assuming a sediment penetration depth of oxygen of 1 mm based on previous works 
(Valiente et al., 2017).  

In each mesocosm, water samples were taken from the water column for inorganic N-
species and N-isotope analysis (N-NO3

−, N-NH4
+, N2, and N2O) at times 0, 0.5, 1, 1.5, 2, 2.5, 

3, 4, 5, 6, 8, 10, 12, 15, 18, 24, 30, 36, 48, 60, and 72 h with a 50 mL syringe. Moreover, water 
samples for physico-chemical analyses, dissolved organic carbon (DOC), and dissolved 
bound nitrogen (DNb) determination were collected at times 0.5, 2, 4, 8, 12, 24, 48, and 72 h 
from each collecting Teflon tube using a 50 mL syringe. At the end of the incubations, 
sediment samples were obtained from the upper 5 cm of each mesocosm, homogenized 
using a spatula, and used fresh for chemical and molecular analyses. Sediment samples were 
frozen (-20 ºC) before further analyses. 
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2.2.3 Chemical and isotopic analyses 

Physico-chemical parameters measured included temperature, pH, electrical conductivity 
(EC), total dissolved solids (TDS), redox potential (Eh), and dissolved oxygen (DO). These 
parameters were determined directly in the surface water from site 2651 using a HQ40d 
Portable Multi-Parameter Meter (Hach Company, USA). During sediment incubations, 
physico-chemical parameters were measured in the collected water samples. Collected water 
samples were immediately filtered through a 0.45 μm nylon Millipore® filter. Inorganic N-
species were determined immediately after collection at the Institute for Regional 
Development (University of Castilla-La Mancha). Determination of NO2

− and NO3
− 

concentration was achieved by UV-VIS spectrophotometry via the modified Griess reaction 
assay as described by García-Robledo et al. (2014). NH4

+ concentrations were quantified by 
UV-VIS spectrophotometry using the modified indophenol method, as described by Hood-
Nowotny et al. (2010). Dissolved inorganic nitrogen (DIN) was calculated by summing up 
the concentrations of N-NO2

−, N-NO3
−, and N-NH4

+. DOC and DNb measurements were 
performed using a Shimadzu TOC-V Analyzer with a total nitrogen measurement unit 
(TNM-1) at the Institute of Inorganic Chemistry of the University of Vienna, Austria. 
Dissolved organic nitrogen (DON) concentrations were estimated by subtracting DIN from 
the measured DNb. 

Sedimentary N-NO3
− (S-N-NO3

−), N-NH4
+ (S-N-NH4

+), and N-NO2
− (S-N-NO2

−) were 
determined after extraction from fresh sediment following Hood-Nowotny et al. (2010). 
Frozen sediment samples were lyophilized for 48 h, followed by homogenization in a 
porcelain mortar and sieving through a 1 mm steel sieve. Organic matter (OM) content in 
dried sediment samples was determined as loss of ignition (LOI) by combustion of dried 
sediments for 2 h at 550 °C at the Institute of Inorganic Chemistry of the University of 
Vienna, as described by Nelson and Sommers (1996). 

2.2.4 Isotope composition of N species 

The isotopic composition of N-NH4
+ in the water column was determined by a 

microdiffusion method (Lachouani et al., 2010). Sample aliquots (10 mL) were transferred 
to 20 mL HDPE vials with pre-weighed MgO (100 mg). Then, acid traps were added. They 
trapped the ammonia gas produced from ammonium when hydration of MgO increased the 
pH to >9.5. Acid traps consisted of glass fiber filter discs (5 mm in diameter) placed on a 
strip of Teflon tape; 5 µL 2.5 M KHSO4 was pipetted onto the filter discs and the Teflon 
tapes folded and closed. Microdiffusion vials were then closed and placed on an orbital 
shaker at room temperature for 2 days. Subsequently, each acid trap was transferred into a 
1.5 mL reaction tube. Tubes were placed into a desiccator containing concentrated H2SO4 
for at least 24 h until further processing. To measure the isotopic composition of N-
NO3

−, nitrate was isolated from the previously microdiffused extracts by a reduction-
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microdiffusion method after conversion by Devarda’s alloy to N-NH4
+ (Prommer et al., 

2014). Immediately after adding Devarda’s alloy, a new acid trap was added to each vial to 
retain ammonia gas deriving from nitrate reduction; the subsequent procedure was the 
same as described above. The filter discs from the acid traps were finally transferred into tin 
capsules and directly analyzed for N content and at %15N by EA-IRMS using an elemental 
analyzer (EA 1110, CE Instruments) connected via a ConFlo III interface (Thermo Fisher) 
to a DELTAplus IRMS (Finnigan MAT) in the SILVER Lab (University of Vienna). 

To measure the isotopic composition of N2 and N2O, water samples were collected by 60-
mL plastic syringes and transferred to a gas tight vial (22 mL Exetainer Labco, High 
Wycombe, UK) vials containing 1 mL of 100 mM HgCl2 to halt biological reactions. Each 
vial was completely filled with water sample without air bubbles All vials were stored and 
shipped to Mediterranean Institute of Oceanography (Aix-Marseille Université) for the N2 
(29N2 and 30N2) and N2O isotopic species concentrations (44N2O, 45N2O, and 46N2O), analysis 
using GC-MS (Stevens et al., 1993). Dissolved N2 and N2O were extracted from the water in 
the vials by introducing a He headspace to remove 6 mL of water, which was simultaneously 
replaced with an equivalent volume of He. Sample injection was performed using a 
modified head-space autosampler (TriPlus 300, Thermo Fisher), that involves gas-
equilibrating at 65° C for 6 min whilst shaking vigorously, so that more than 98% of the N2 
and N2O equilibrium concentration was attained (Weiss, 1970). GC-MS analysis were 
performed using an Interscience Compact GC system equipped with AS9-HC and AG9-
HCT columns. The GC conditions were as follows: injector temperature, 140°C; oven 
temperature, 60°C; carrier gas and flow rate, He 15 mL/min; interface temperature, 60°C. 
The mass spectrometer was used in electron ionization mode, with an electron energy of 70 
eV. Data were acquired in full-scan (m/z 2–200) and selected ion monitoring (SIM) mode 
(m/z 29, 30 monitored for N2; m/z 44, 45, 46 monitored for N2O). Ar (m/z = 40) was used as 
an internal standard. Data were acquired and analyzed using Excalibur software. 
Quantification of N isotopes in both gases was performed at the Mediterranean Institute of 
Oceanography (Aix-Marseille Université). 

2.2.5 Molecular assays 

Sample fixation, pretreatment, and fluorescence in situ hybridization (FISH) were carried 
out following previous studies (Llobet-Brossa et al., 1998). Approximately 200 μL surface 
sediment from sediment cores was collected before the incubations, and from each 
mesocosm after the incubation period, from the top 5 cm sediment (n=10). Subsequently, 
samples were fixed on ice for 4 h in freshly prepared 4% paraformaldehyde solution, rinsed 
with phosphate-buffered saline (PBS), and stored in PBS-ethanol (1:1) at −20 °C. For in situ 
hybridization, 5 μL of each fixed sample was spotted onto microscope slides. Five 16S 
rRNA-targeted oligonucleotide probes were used to detect nitrate-reducing bacteria (Table 
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2.1). For denitrification, probes DEN67, DEN124, and DEN581 were used (Ginige et al., 
2004; 2005). GeoBac464 probe was used to identify Geobacter-related microorganisms 
because they are able to complete DNRA processes (Van den Berg et al., 2015). Anammox 
probe Amx368 was used to identify all anammox bacteria (Schmid et al., 2003). All 
oligonucleotide probes were synthesized using Cy3 fluorochrome at the 5’ end. Then, 
images of FISH samples were viewed using epifluorescence microscopy (Nikon Eclipse 
TE300) provided with a G-2A filter combination at the Institute for Regional Development 
(UCLM). 

 

2.2.6 Denitrification, DNRA, and anammox activity measurements 

For 15N-IPT modeling, the revised 15N-IPT calculation procedure (Salk et al., 2017) was 
applied. A detailed description of parameters and equations is included in Table 2.2. For this 
purpose, our incubations were assumed to be intact core incubations. The probabilities of 
NO3

− reduction via denitrification, DNRA, and anammox were assumed to be equal (Song 
et al., 2016). Genuine N2 production via denitrification (D14) and anammox (A14), as well as 
N2O production via denitrification, were calculated for each time step. Ratios of 
14NO3

−:15NO3
− (r14) and 14NH4

+:15NH4
+ (r14a) were calculated and used as base parameters for 

activity calculations. The applied methodology allowed distinguishing between N2 
production via coupled DNRA-anammox and via canonical anammox. DNRA rates were 
calculated using the production of 15NH4

+, and of 30N2 for anammox, over time. However, 
this model cannot discriminate between 15NO3

− assimilation and subsequent 
remineralization of OM to 15NH4

+, and DNRA. Thus, the DNRA rate may include both 
processes. The sum of N2 production by denitrification and anammox, together with N2O 
production via denitrification, is designated as ‘Total N loss’. The ‘Total NO3

− reduction’ 
adds the DNRA rate to the previous estimate. 

 

 

Table 2.1 16S rRNA-targeted oligonucleotide probes used in this study. 

Probe Sequence (5'- 3') Specifity Reference 

DEN67 CAAGCACCCGCGCTGCCG Methanol-denitrifying cluster Ginige et al., 2004 

DEN124 CGACATGGGCGCGTTCCGAT Acetate-denitrifying cluster Ginige et al., 2005 

DEN581 TGTCTTACTAAACCGCCTGC Acetate-denitrifying cluster Ginige et al., 2005 

GeoBac464 AGCCTCTCTACACTTCGTC DNRA bacteria Van Den Berg et al., 2015 

Amx368 CCTTTCGGGCATTGCGAA All anammox bacteria Schmid et al., 2003 
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Table 2.2 Parameters and equations used in the IPT modeling based on Salk et al. (2017). 

Parameter Description Equation 

P29 29N2 production (measured directly) 
 

P30 30N2 production (measured directly) 
 

P45 45N2O production (measured directly)  
P46 46N2O production (measured directly)  
r14 14N/15N ratio in NO3

− (measured directly) 
 

r14a 14N/15N ratio in NH4
+ (measured directly) 

 
P15-NH4 15NH4

+ production (measured directly) 
 

D28 28N2 production via denitrification r2
14 ∙ (P30 - A30) 

D29 29N2 production via denitrification 2r14 ∙ (P30 - A30) 

D30 30N2 production via denitrification P30 - A30 

A28 28N2 production via anammox (r14 ∙ A29) / [(r14/r14a) +1] 

A29 29N2 production via anammox P29 - D29 

A29-DNRA 29N2 production via coupled DNRA-anammox  A29 / [1 + (r14/r14a)] 

A29-Anammox 29N2 production via canonical anammox A29 - A29-DNRA 

A30 30N2 production via anammox  (P29 - 2P30 ∙ r14) / (r14a - r14) 

D14  N2 genuine production via denitrification 2D28 + D29 

D14 -N2O N2O genuine production via denitrification r14 ∙ (2P46 + P45) 

A14  N2 genuine production via anammox 2A28 + A29-DNRA 

A14 -DNRA N2 genuine production via coupled DNRA-anammox A29-DNRA + 2A28 ∙ (A29-DNRA / A29) 

A14 -Anammox N2 genuine production via canonical anammox 2A28 ∙ (A29-Anammox / A29) 

P14  Total N2 + N2O genuine production D14 + A14 + D14-N2O 

DNRA NH4
+ genuine production via DNRA r14 ∙ (P15-NH4 + A30) 

 

2.2.7 Statistical analysis 

Changes in chemistry and NO3
− reduction rates among the different treatments at the end 

of the incubation were assessed using one-way analysis of variance (ANOVA), followed by 
the Tukey’s post hoc test (homogeneous variances) or by the Games-Howell post hoc test 
(heterogeneous variances). To assess differences in the hydrochemical conditions between 
initial and final conditions, one-sample two-tailed t-tests were used. 

Results of statistical tests were considered to be significant at the confidence level 95% 
(α = 0.05). All tests were performed using SPSS-IBM Statistics software. 
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2.3 Chemical differences between treatments 

Differences between initial (NC-48, time -48 h) and final conditions (EX72, time 72 h) were 
assessed for the three treatment groups (Table 2.3). Concerning inorganic N-species in the 
water column, the final N-NO3

− and N-NO2
− concentrations were below the limit of 

detection (LOD, <0.05 µM). N-NH4
+ concentrations increased significantly (t-test, p < 0.05) 

between NC-48 and final conditions in OL72 (t(2) = 8.33), OD72 (t(2) = 17.89) and AD72 (t(2) = 
19.23). Furthermore, there was a significant negative effect of light on the N-NH4

+ 
concentration (F(2,6) = 15.98). Tukey’s post hoc tests indicated that the final N-NH4

+ 
concentration in OL72 (139 ± 15.7 µmol/L) was significantly lower than in OD72 (175 ± 10.9 
µmol/L) and AD72 (198 ± 12.2 µmol/L). 

Table 2.3 Mean values (±SD) of physical-chemical parameters in water and sediment for the 
experiments at the beginning and at the end of incubations. 

Treatment Conditions water column pH Eh DO EC 

  (mV) (mg/L) (mS/cm) 

NC-48 (*) Natural conditions (lake) 8.70 135.1 4.26 72.1 
OL72 (n=3) Aeration and light 7.89 ± 0.08 -105.7 ± 28.1 6.46 ± 0.26 75.9 ± 3.90 

OD72 (n=3) Aeration and darkness 7.93 ± 0.13 -114.3 ± 41.0 6.40 ± 0.73 76.8 ± 0.86 

AD72 (n=3) Anoxia and darkness 7.40 ± 0.35 -370.7 ± 7.51 0.08 ± 0.02 80.9 ± 0.91 

              
Treatment TDS DOC DNb DON DON:DNb N-NO3 

(‰) (mmol/L) (mmol/L) (mmol/L) (%) (µmol/L) 

NC-48 (*) 45.1 16.3 1.07 1.00 93.2% 9.25 
OL72 (n=3) 45.5 ± 3.30 27.0 ± 2.9 1.12 ± 0.17 0.98 ± 0.16 87.5 ± 0.5 BLD 

OD72 (n=3) 47.1 ± 0.56 31.3 ± 2.6 1.30 ± 0.15 1.12 ± 0.15 86.4 ± 1.7 BLD 

AD72 (n=3) 50.1 ± 0.80 28.7 ± 5.7 1.21 ± 0.08 1.01 ± 0.09 83.5 ± 2.0 BLD 

              
Treatment N-NH4 N-NO2 LOI S-N-NO3 S-N-NH4 S-N-NO2 

(µmol/L) (µmol/L) (%) (µmol/kg) (mmol/kg) (µmol/kg) 

NC-48 (*) 63.1 BLD 8.50 ± 2.06 17.1 ± 2.78 1.28 ± 0.37 BLD 
OL72 (n=3) 139 ± 15.7 BLD 8.84 ± 1.56 68.4 ± 13.4 0.60 ± 0.27 BLD 

OD72 (n=3) 175 ± 10.9 BLD 8.51 ± 1.46 64.6 ± 24.4 1.22 ± 0.76 BLD 

AD72 (n=3) 198 ± 12.2 BLD 9.90 ± 1.31 73.2 ± 16.0 1.83 ± 0.27 BLD 

  (*) At NC-48: n=1 in water samples for determination of all the chemical parameters; n=3 in sediment 

samples (LOI, N-NO3
-, N-NH4

+, and N-NO2
-). Eh: redox potential. DO: dissolved oxygen. EC: electrical 

conductivity. TDS: total dissolved solids. DOC: dissolved organic carbon. DNb:  dissolved bound nitrogen. 

DON: dissolved organic nitrogen. LOI: organic matter as loss of ignition. S-N-NX: Sedimentary N-species. 

BLD: below limit of detection. 
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DOC concentrations increased significantly between NC-48 and final conditions in OL72 (t(2) 

= 6.30) and OD72 (t(2) = 9.89) but not in AD72 (t(2) = 3.79). Between treatments, there were no 
significant differences in DOC (F(2,6) = 0.91). DNb and DON concentrations did not change 
over time (p > 0.05), and did not differ between treatments (F(2,6) of 1.28 and 0.95, 
respectively). The contribution of DON to DNb (DON:DNb) decreased significantly 
between NC-48 and final conditions in all treatments (OL72, t(2) = -26.4; OD72, t(2) = -6.89; 
AD72, t(2) = -8.28), and differed between treatments (F(2,6) = 5.31). Values of pH (OL72, t(2) = -
17.14; OD72, t(2) = -10.26; AD72, t(2) = -6.43) and Eh (OL72, t(2) = -7.81; OD72, t(2) = -8.88; AD72, 
t(2) = -515) decreased significantly between NC-48 and final conditions in the three 
treatments. Between treatments, only pH showed significant differences (F(2,6) = 5.37). In the 
sediment samples, LOI (F(3,8) = 0.50) and S-N-NH4

+ (F(3,8) = 3.54) did not differ (p > 0.05) 
between NC-48 and final conditions or between treatments. Significant differences were 
found in S-N-NO3

− concentrations over time (F(3,8) = 7.81), but not between treatments. 

2.4 Hydrogeochemical dynamics during sediment incubations 

Three different treatments were applied during sediment incubations by modifying oxygen 
and light conditions in the water column (see Table 2.3 for details). Evolution of monitored 
parameters is shown in Figure 2.1. The evolution of N-NO3

− and N-NO2
− showed a well-

defined denitrification pattern in all treatments. N-NO3
− concentrations decreased to below 

the limit of detection (LOD) during first stage (S1) in all treatments. Immediately after 
tracer addition, N-NO3

− increased suddenly and then gradually decreased, the decline being 
fastest in AD treatment (anoxia and darkness). This decrease in N-NO3

− concentrations 
must be related to assimilatory and dissimilatory nitrate reduction processes. Moreover, 
significant inputs of NO3

− may also promote blooms of diatoms, which are physiologically 
adapted to grow rapidly under nitrate-rich conditions (Bronk et al., 2007). Phytoplankton is 
present in the water column of Pétrola Lake (In Spanish: Confederación Hidrográfica del 
Segura, unpublished data) and includes diatoms (Amphora spp., Nitzschia spp.), 
cyanobacteria (Oscillatoria spp., Phormidium spp.), and green algae (Chlamydomonas spp., 
Tetraselmis spp.). During final stage (S3), N-NO3

− was below LOD, which may be the result 
of either the absence of complete nitrification in the water column, or the rate of NO3

− 
consumption is higher than the rate of production. N-NO3

− in the sediment was 
significantly higher at the end of the incubations in all treatments, as seen in the previous 
section. One possible explanation is that diatom-bacteria aggregates can store NO3

− from 
the water column, and subsequently sink to the sediment surface where they can fuel 
benthic anaerobic N-cycling (Kamp et al., 2016). 

N-NO2
− peaked during second stage (S2), paralleling the decrease in N-NO3

−. Subsequently, 
N-NO2

− decreased faster in treatment AD than in treatments OL (oxygen and light) and OD 
(oxygen and darkness). The intermittent conversion of nitrate to nitrite suggest active 
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reduction processes. In contrast, N-NH4
+ in the water column increased over time in all 

treatments. The concentration moderately increased during S1 in all treatments. During S2, 
N-NH4

+ oscillations were observed, while until the end of the incubation N-NH4
+ increased 

again during S3. N-NH4
+ accumulation in the water column can be explained by DNRA, 

OM remineralization, and sedimentary NH4
+ release (Kalvelage et al., 2013). Throughout 

the incubation, we found no difference in the N-NH4
+ concentrations between OD and AD 

but lower ones in OL. Thus, NH4
+ accumulation in the water column must be related to 

light conditions. This probably reflects the fact that diatoms (e.g. Nitzschia spp.) can survive 
darkness and anoxia by performing DNRA (Kamp et al., 2011). Since final sedimentary OM 
values were (though not significantly) higher compared to initial conditions, N-NH4

+ 
accumulation was likely not caused by sedimentary OM remineralization. S-N-NH4

+ results 
showed that sedimentary NH4

+ release contributed to increased water column 
concentrations only in OL. 

During S1, the absence of NO3
− hindered the activity of DNRA, and the increase of NH4

+ in 
the water column must therefore be a consequence of rapid release from decaying 
cyanobacteria, as demonstrated by others (Gao et al., 2013). The oscillations observed 
through S2 were the result of fluctuations in N-NH4

+ production (DNRA, water-column 
OM remineralization) and consumption (anammox, assimilation). Moreover, a slight 
decrease in N-NH4

+ occurred after 15N-NO3
− addition, coinciding with the expected diatom 

bloom. Subsequently, the increase of N-NH4
+ during S3 can be attributed to DNRA and OM 

remineralization after bloom collapse (García-Robledo et al., 2011). The presence of 
microorganisms responsible for denitrification, DNRA and anammox was confirmed by 
FISH analysis (Figure 2.2). For denitrification, probes DEN124 and DEN581 confirmed the 
presence of denitrifiers in all treatments, whereas probe DEN67 hybridized only to samples 
from OL-3 mesocosm. DNRA activity by Geobacter-related microorganisms was confirmed 
by FISH using probe GeoBac464 in samples from OL and AD treatments. Anammox-
related microorganisms were detected in all treatments (8 of 10 samples analyzed) by FISH 
analysis using probe Amx368. 

The evolution of DOC and DON in the water column showed stable concentrations during 
S1, followed by a sharp increase in S2 after tracer addition. Diatom blooms can disrupt the 
ecological balance, causing the breakdown of cyanobacterial populations, and the release of 
large amounts of dissolved OM (Xue et al., 2017). Afterwards, DOC and DON decreased as 
a result of heterotrophic metabolism. In S3, we explain the observed DOC changes first by 
consumption and finally by accumulation after bloom collapse. DON increases are likely 
related to phytoplankton decay with subsequent organic N mineralization. Decreasing 
percentages of DON:DNb underline the role of OM remineralization throughout the 
incubation. Compared to initial conditions, pH decreased in OL, OD and AD treatments. 
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Figure 2.1   Inorganic N species, DOC, and DON evolution over time in the three studied treatments. Three 

different stages could be distinguished during incubations: a first stage (S1) extended from sampling (NC-

48) to 15N-NO3
− addition (time 0 h), the second stage (S2) covered the time between 0 and 24 h, and the

third stage (S3) from time 24 h to the end of incubation (time 72 h). The negative times indicate the

stabilization period. 15N-NO3
− was added at 0 h. S1, S2, and S3 refer to the three stages distinguished during

incubations. Error bars represent ± 1 standard deviation.
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Figure 2.2   FISH probes labeled with Cy3 (blue channel). Images were collected using epifluorescence 

microscopy provided by a G-2A filter combination. A: DEN581 probe hybridized to subsample from OL-1. 

B: DEN581 probe hybridized to subsample from AD-1. C: DEN124 probe hybridized to subsample from OD-

3. D: DEN124 probe hybridized to subsample from AD-1. E: GeoBac464 probe hybridized to subsample

from OL-2. F: GeoBac464 probe hybridized to subsample from AD-1. G: Amx368 probe hybridized to

subsamples from OL-3. H: Amx368 probe hybridized to subsamples from OD-1.
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Figure 2.3   Physical-chemical evolution over time. pH, redox potential (Eh), and dissolved oxygen (DO) 

evolution over time in the three studied treatments (OL, OD, and AD). The negative times indicate the 

stabilization period. Error bars represent ± 1 standard deviation. 
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The decrease of pH values is probably due to the release of organic acids and bicarbonate, 
both produced from carbon sources during microbial metabolism. pH values were within 
the range of optimal for denitrification (Knowles, 1982) and DNRA (Van den Berg et al., 
2015). Eh abruptly dropped in S1 and maintained negative values during S2 and S3, with a 
small rise after tracer addition (Figure 2.3). 

2.5 Nitrous oxide emissions from incomplete denitrification 

Incomplete denitrification (N2O) was the predominant N removal pathway in all treatments 
(59 - 82%) and also the more prevalent NO3

− reduction pathway in treatments OL and OD, 
with a smaller contribution in AD (28%) (Figure 2.4). Contribution of N2O-denitrification 
to total N loss was significantly higher than reported for aquatic sediments (< 8.6%; 
Risgaard-Petersen et al., 2003; McCrackin and Elser, 2010). Our results support evidence 
from previous observations (Huttunen et al., 2003), which showed that lakes subjected to 
elevated N inputs are an important source of N2O emissions. Studies involving the role of 
incomplete denitrification in saline aquatic environments are mainly restricted to marine 
ecosystems. 

The measured rates (~ 40 µmol N/L∙h; Table 2.4) were considerably higher than those 
observed in estuarine environments (Murray et al., 2015). These results may be explained by 
the high biological activity after 15N-NO3

− addition, in the absence of nutrient limitation. 
Nonetheless, the N2O production was most probably limited in the field by NO3

− 
availability. Moreover, abiotic contribution to N2O production, which may be a potentially 
large source of N2O in hypersaline environments (Samarkin et al., 2010), can be neither 
confirmed nor rejected. 

Measured N2O-denitrification rates were considerably lower in mesocosms under AD 
treatment, with the exception of AD-1 which only showed incomplete denitrification (Table 
2.4). Therefore, N2O-denitrification showed a minor contribution to total N removal in AD 
treatment. A possible explanation is that N2O reductase activity is sensitive towards oxygen 
(Bonin and Gilewicz, 1991), being partially inhibited in treatments OL and OD in presence 
of dissolved O2 (~ 6.4 mg/L in the water column). Overall, incomplete denitrification 
showed a greater contribution to NO3

− reduction at the early and final stages of sediment 
incubations (Figure 2.5). When N2O-denitrification was the dominant process, DNRA and 
anammox were showed a minor contribution to NO3

− reduction, and vice versa. 
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Figure 2.4   Contribution of each pathway to total nitrogen removal and nitrate reduction. Proportion of 

N2-denitrification, N2O-denitrification, and anammox to total N removal (top). Contribution of DNRA, N2-

denitrification, N2O-denitrification, and anammox to nitrate reduction (bottom). Rates were measured at 

three different incubation conditions (treatments OL, OD, and AD). 
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Table 2.4 Mean (±SD) and maximum rates of N-loss processes after 72 h of mesocosm incubations 
expressed in µmol N/L∙h. 

Mesocosms 
Total N removal Total NO3

-
 reduction N2-Denitrification N2O-Denitrification 

mean max mean max mean max mean max 

OL-1 (n=20) 44.4 ± 100.2 137.8 74.5 ± 42.7 210.9 2.55 ± 4.93 17.1 37.1 ± 38.5 137.8 
OL-2 (n=20) 43.3 ± 73.1 245.9 69.2 ± 68.5 319.0 0.08 ± 0.32 1.33 27.8 ± 62.7 245.9 
OL-3 (n=20) 45.9 ± 111.8 195.6 81.8 ± 52.5 301.3 0.51 ± 2.17 9.19 40.6 ± 53.8 195.6 

OL (n=3) 44.5 245.9 75.2 319.0 1.05 17.1 35.2 245.9 

OD-1 (n=20) 27.4 ± 40.2 153.1 40.8 ± 40.6 153.1 1.73 ± 5.19 20.0 25.5 ± 41.4 153.1 
OD-2 (n=20) 50.8 ± 88.2 219.2 86.6 ± 51.1 307.4 1.56 ± 3.40 14.0 33.9 ± 31.1 106.3 
OD-3 (n=20) 82.7 ± 78.9 293.1 108.9 ± 91.2 333.3 20.6 ± 51.8 166.6 58.4 ± 53.8 196.3 

OD (n=3) 53.6 293.1 78.8 333.3 7.96 166.6 39.3 196.3 

AD-1 (n=20) 90.5 ± 278.8 420.7 148.3 ± 120 506.3 0.00 ± 0.00 0.00 88.0 ± 120.0 420.7 
AD-2 (n=20) 63.6 ± 173.7 394.3 123.2 ± 112.9 441.8 35.8 ± 78.7 260.6 7.92 ± 22.5 99.2 
AD-3 (n=20) 63.1 ± 172.9 269.4 113.7 ± 84.2 393.7 11.7 ± 39.1 163.4 15.0 ± 21.5 79.4 

AD (n=3) 72.4 420.7 128.4 506.3 15.8 260.6 37.0 420.7 
                  

Mesocosms 
DNRA-Anammox Canonical Anammox N2-Anammox 

 
DNRA 

mean max mean max mean max mean max 

OL-1 (n=20) 3.46 ± 6.81 22.0 1.37 ± 2.42 8.32 4.83 ± 9.19 30.4 30.1 ± 31.4 100.2 
OL-2 (n=20) 9.85 ± 16.7 49.8 3.96 ± 7.60 25.2 15.4 ± 24.9 67.6 25.9 ± 25.0 73.1 
OL-3 (n=20) 2.74 ± 8.65 33.3 1.53 ± 4.71 15.7 4.75 ± 14.0 49.0 38.0 ± 35.2 111.8 

OL (n=3) 5.35 49.8 2.29 25.2 8.33 67.6 31.3 111.8 

OD-1 (n=20) 0.05 ± 0.22 0.99 0.04 ± 0.18 0.81 0.10 ± 0.42 1.80 13.5 ± 15.7 40.2 
OD-2 (n=20) 8.16 ± 17.6 72.5 7.17 ± 17.5 66.8 15.3 ± 34.3 139.3 37.6 ± 26.5 88.2 
OD-3 (n=20) 2.81 ± 11.4 49.6 2.24 ± 9.40 41.1 5.06 ± 20.7 90.7 27.5 ± 23.1 78.9 

OD (n=3) 3.67 72.5 3.15 66.8 6.82 139.3 26.2 88.2 

AD-1 (n=20) 1.51 ± 5.92 26.6 0.81 ± 2.96 13.2 2.44 ± 9.09 39.9 57.9 ± 62.4 278.8 
AD-2 (n=20) 12.6 ± 29.5 114.7 6.26 ± 12.9 36.8 19.9 ± 42.4 150.8 59.6 ± 44.3 173.7 
AD-3 (n=20) 14.4 ± 26.5 107.3 18.4 ± 43.2 145.3 36.4 ± 69.6 220.8 50.5 ± 47.2 172.9 

AD (n=3) 9.50 114.7 8.49 145.3 19.6 220.8 56.0 278.8 

 

Complete denitrification (conversion to N2) showed the highest rates at the beginning of the 
incubation (AD, ≤ 260.6 µmol N/L∙h). Overall, the measured N2 production rates attributed 
to denitrification (mean from 1.1 to 15.8 µmol N/L∙h) were in accordance with intact 
sediments (Trimmer et al., 2003) and contributed on average 4% to total N removal in OL, 
11% in OD and 13% in AD (Figure 2.4). The contribution of complete denitrification to 
total NO3

− reduction was also minor (≤ 7%) compared to other processes. N2-denitrification 
played a greater role in NO3

− reduction under darkness. These results agree with earlier 
observations (Risgaard-Petersen et al., 1994) which showed reduced denitrification rates 
associated with light exposure and photosynthesis by benthic microphytes. The largest 
contribution of N2-denitrification was detected at the initial stages of incubation, coupled to 
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higher DOC concentrations, but also during late stages of incubation in OD (~ 30%) (Figure 
2.5). These results suggest the dominance of heterotrophic denitrification linked to a 
hypothetical breakdown of biomass (Xue et al., 2017). 

2.6 Close coupling between DNRA and anammox 

Total N removal and NO3
− reduction reached highest values under anoxia and darkness 

conditions (mean of 72.4 µmol N/L∙h and 128.4 µmol N/L∙h, respectively; Table 2.4). As 
discussed above, under those conditions the contribution of N2O-denitrification was lower, 
whereas DNRA and anammox had a greater relevance. These results are consistent with 
hydrochemical data, which showed a significant N-NH4

+ accumulation in the water column 
under AD incubation. 

Previous research showed favorable conditions for DNRA activity in sediments from 
Pétrola Lake, such as high organic C:N ratios or the presence of microorganisms capable of 
performing DNRA (Valiente et al., 2017; Valiente et al., 2018). Average DNRA rates (~ 26 - 
56 µmol N/L∙h) were similar to those reported for mud sediments with excess organic 
carbon (Hardison et al., 2015) (≤ 52.7 µmol N/L∙h). The 15N-IPT data showed that NO3

− 
reduction by DNRA was significantly higher in AD (52%) than in OL (41%) and OD (35%) 
(Figure 2.4). The contribution of DNRA was in the same range as reported for estuarine and 
salt marsh sediments (Dong et al., 2009; Koop-Jakobsen and Giblin, 2010), fostering the 
retention of reactive nitrogen in the system. Compared to denitrification, DNRA 
contributed more to NO3

− reduction after the initial incubation phase, approximately from 
time 2.5 h onwards (Figure 2.5). Recent studies also demonstrated that DNRA is stimulated 
in the presence of H2S at the expense of denitrification (Roland et al., 2017). Our results 
support those findings: AD provided the most favorable conditions for bacterial sulfate-
reduction (Table 2.3), and H2S production in Pétrola sediments (Valiente et al., 2017) can 
reach values up to 0.024 nmol/cm3∙s. 
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Figure 2.5   Evolution of contribution to nitrate reduction over time. Proportion of N2-denitrification, N2O-

denitrification, DNRA, and anammox over time under three incubation conditions (treatments OL, OD, and 

AD). Proportions of each process were measured at twenty different incubation times, by triplicate per 

treatment. n.a.: not available. 
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DNRA therefore plays the key role in increasing N-NH4
+ contents in the water column, 

being more relevant than OM remineralization and sedimentary release. Existing NH4
+ may 

be oxidized to NO2
− both under aerobic and anaerobic conditions (Schmidt et al., 2002), 

contributing to a temporary increase of N-NO2
− and promoting NO2

− and NH4
+ 

consumption by anammox bacteria. Moreover, N-NH4
+ release does fuel N loss from the 

system via coupled DNRA-anammox. Therefore, DNRA and anammox bacteria acting 
together may have an energetic advantage over denitrifiers in the competition for substrates 
under low oxygen conditions (Jensen et al., 2011). The close reliance of anammox on DNRA 
has been reported in marine ecosystems with high N loss via anammox, mainly linked to the 
availability of OM (Kalvelage et al, 2013). In Pétrola Lake sediment incubations, anammox 
seems to be fueled by DNRA. This interpretation is based on the similar trend in the 
contribution of both processes to total NO3

− reduction (AD>OL>OD; Figure 2.4). Coupled 
DNRA-anammox showed a higher contribution in all treatments than canonical anammox 
(Table 2.4), corroborating the key role of DNRA in fueling N loss pathways. 

The isotope data clearly confirm the presence of anammox (Table 2.4). The mean rates of N 
loss via anammox in OL (8.3 µmol N/L∙h) and OD (6.8 µmol N/L∙h) were in the range of 
previous studies in marine sediments (Trimmer et al., 2003; Song et al., 2013; Fernandes et 
al., 2016), but significantly lower than those found in AD (19.6 µmol N/L∙h). These results 
agree with recent studies showing the importance of anammox activity in the presence of 
H2S in freshwater lakes (Roland et al., 2017), conditions which are given for this hypersaline 
lake studied here. On average, the contribution of anammox to total N loss ranged from 8% 
(OD) to 28% (AD) (Figure 2.4). This range corresponds with studies performed in 
continental shelf sediments (Song et al., 2013) (28%), intertidal sediments (Hsu and Kao, 
2013) (12%), and is close to the global mean value including inland waters (Trimmer and 
Engström, 2011) (23%). Finally, the higher the participation of anammox in total N 
removal, the lower the relevance of N2O-denitrification, leading to decreased N2O emissions 
from the system. 

2.7 Conclusions 

Overall, our findings provide the first evidence for the coexistence of denitrification, DNRA, 
and anammox using 15N-IPT in a hypersaline lake. We showed here that incomplete 
denitrification was the predominant N removal pathway under the studied conditions, 
showing unexpected N2O emission rates compared to previous studies. However, its 
importance decreased when oxygen and light were absent from the water column. Instead, 
anammox had a greater influence in total N removal. Anoxia and darkness also promoted 
DNRA, which seems to be the critical process fueling anammox. As a result, these 
conditions reduced N2O emissions to the atmosphere. As far as we know, the role of 
coupled DNRA-anammox in lakes has not been explored previously, and therefore, 
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anammox was typically underestimated. Further research is required to fully understand the 
role of coupled DNRA-anammox in N cycling in lake ecosystems. 
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Abstract 

Endorheic or closed drainage basins in arid and semi-arid regions are vulnerable to pollution. 
Nonetheless, in the freshwater-saltwater interface of endorheic saline lakes, oxidation-
reduction (redox) reactions can attenuate pollutants such as nitrate (NO3

−). This study traces 
the ways of nitrogen (N) removal in the Pétrola lake-aquifer system (central Spain), an 
endorheic basin contaminated with NO3

− (up to 99.2 mg/L in groundwater). This basin was 
declared vulnerable to NO3

− pollution in 1998 due to the high anthropogenic pressures 
(mainly agriculture and wastewaters). Hydrochemical, multi-isotopic (δ18ONO3, δ15NNO3, 
δ13CDIC, δ18OH2O, and δ2HH2O), and geophysical techniques (electrical resistivity tomography) 
were applied to identify the main redox processes at the freshwater-saltwater interface. The 
results showed that the geometry of this interface is influenced by land use, causing spatial 
variability of nitrogen biogeochemical processes over the basin. In the underlying aquifer, 
NO3

− showed an average concentration of 38.5 mg/L (n=73) and was mainly derived from 
agricultural inputs. Natural attenuation of NO3

− was observed in dryland farming areas (up 
to 72%) and in irrigation areas (up to 66%). In the Pétrola Lake, mineralization and organic 
matter degradation in lake sediment play an important role in NO3

− reduction. Our findings 
are a major step forward in understanding freshwater-saltwater interfaces as reactive zones 
for NO3

− attenuation. We further emphasize the importance of including a land use 
perspective when studying water quality-environmental relationships in hydrogeological 
systems dominated by density-driven circulation. 

3.1 Introduction 

Saline lakes have an important geochemical influence on water resources, ecological 
dynamics, and economic activities around the world (Jones and Deocampo, 2003). The 
volume of inland saline waters worldwide (about 104,000 km3) is similar to the volume of 
freshwaters (Williams, 1996). Saline wetlands are mostly located in arid and semi-arid regions 
associated to endorheic basins, since these basins are closed drainage areas with no outlet 
other than evaporation (Eugster and Hardie, 1978; Yechieli and Wood, 2002). At the same 
time, these are environments highly vulnerable to pollution due to their low precipitation and 
high evaporation rates (Schütt, 1998). 
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The understanding of freshwater-saltwater interfaces in saline wetlands is important to 
comprehend shallow hydrogeological processes (Cartwright et al., 2009). Physical and 
biogeochemical processes control the chemical evolution of lakes and the groundwater of the 
connected aquifer (Castanier et al., 1993; Güler and Thyne, 2004; Skidmore et al., 2010). 
Solutes can enter into lakes through precipitation, surface runoff (e.g. irrigation returns and 
wastewater spills), and groundwater. In saline lakes, solutes also can be transported by 
density-driven flow (DDF) from the surface lake water to deep zones of the aquifer through 
the freshwater-saltwater interface (Wood and Sanford, 1990; Avrahamov et al., 2014; 
Colombani et al., 2015). 

Andersen et al., (2005) and Santoro (2010), among others, have shown that the freshwater-
saltwater interface in estuarine and coastal environments is a favorable area for oxidation-
reduction (redox) reactions using organic carbon as electron donor, but little is known on the 
biogeochemical functions of this interface in saline inland lake systems. In aquatic 
environments, the redox reactions follow a sequence based on thermodynamic principles that 
may also follow temperature gradients (Stumm and Morgan, 1981; Orozco-Durán et al., 2015; 
Daesslé et al., 2017). There are, however, also contradictory findings on this redox sequence 
as the reduction of different electron acceptors may occur simultaneously (Postma and 
Jakobsen, 1996).  

NO3
− is one of the main pollutants affecting surface and groundwater due to its negative 

effects on human health (Fraser, 1981; Gulis et al., 2002) and on the environment. It causes 
eutrophication of inland waters (Ryther and Dunstan, 1971; Smith, 1998). Under anaerobic 
conditions, NO3

− can be reduced through microbial processes. The main natural attenuation 
process in aquatic environments is denitrification, which is mainly limited by the electron 
donors’ availability (Korom, 1992; Rivett et al., 2008). Denitrifiers can obtain metabolic 
energy from: i) oxidation of organic compounds (chemoorganotrophic heterotrophs), or ii) 
oxidation of inorganic compounds (chemolithotrophic autotrophs). Heterotrophic 
denitrification is linked to organic matter oxidation (Equation 3.1), whereas autotrophic 
denitrification is related to the oxidation of reduced such as inorganic sulfur compounds 
(Equation 3.2). 

 5CH3COO− + 8NO3
− + 8H+ → 4N2 + 5HCO3

− + 5CO2 + 9H2O  (3.1) 

 5FeS2 + 14NO3
− + 4H+ → 7N2 + 10SO4

2− + 5Fe2+ + 2H2O  (3.2) 

In aquatic environments, NO3
− can be also affected by other processes such as dissimilatory 

nitrate reduction to ammonium (DNRA) (Burgin and Hamilton, 2007). DNRA involves the 
transformation of NO3

− to ammonium (NH4
+) both by heterotrophic organisms, which use 

organic carbon as the electron donor (fermentative DNRA) (Equation 3.3), and by 
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chemolithoautotrophic organisms, which use nitrate to oxidize sulfide or other reduced 
inorganic substrates (Equation 3.4). 

 CH3COO− + NO3
− + 2H+  NH4

+ + HCO3
− + CO2 (3.3) 

 4FeS2 + 7NO3
− + 11H2O + 6H+  8SO4

2− + 7NH4
+ + 4Fe2+ (3.4) 

Contrary to denitrifying bacteria, fermentative bacteria responsible for DNRA are strict 
anaerobes (Hill, 1996). Heterotrophic DNRA seems to be promoted when NO3

− is limited 
and organic carbon is in excess, whereas denitrification is the dominant process when organic 
carbon is the constraining factor (Tiedje, 1988; Korom, 1992; Kelso et al., 1997). The 
prevalence of one or the other can be predicted by the organic C:N ratio of available substrates 
(Tiedje, 1982; Kraft et al., 2011; Van den Berg et al., 2016). Prior studies suggested that DNRA 
may be as important, if not more dominant, than denitrification as a sink for NO3

− in reducing 
environments with high sulfide contents (Brunet and Garcia-Gil, 1996; Trimmer et al., 1998). 
The available research recognizes the role of other microbial processes that remove NO3

− in 
aquatic ecosystems, such as anaerobic ammonium oxidation (Anammox; Jetten et al., 1998) 
and NO3

− reduction coupled to iron and manganese oxidation (Postma et al., 1991; Weber et 
al., 2006). 

The analysis of stable isotopes coupled to hydrochemical investigations is a widely accepted 
approach to understand biogeochemical processes in groundwater. Multi-isotopic analyses 
have been applied to elucidate NO3

− sources (Vitòria et al., 2004; Kendall et al., 2007) as well 
as to trace major biogeochemical cycles and their related bacterial-mediated redox reactions 
in aquifers and surface water systems (Jurado et al., 2013; Puig et al., 2013; Hosono et al., 2014; 
Caschetto et al., 2017). 

The Pétrola endorheic basin, which was declared a nature reserve in 2005 (Spanish Decree 
102/2005, September 13th), is located in a zone vulnerable to NO3

− pollution, where fertilizer 
use is restricted since April 2011 (Order 2011/7/2 CMA). Previous studies have shown the 
potential of sediments in the Pétrola basin to promote NO3

− attenuation at the laboratory 
scale (Carrey et al., 2013, 2014a, 2014b). Gómez-Alday et al. (2014) confirmed heterotrophic 
denitrification at the field scale, where density-driven flow from surface lake waters towards 
the underlying aquifer played an important role in solute transport. Nonetheless, the main 
NO3

− reduction pathway in the Pétrola Lake remains unknown (Valiente et al., 2016). 
Previous studies in the Pétrola basin (Valiente et al., 2017) highlighted the importance of 
bacterial sulfate-reduction (BSR) processes in lake sediments and groundwater below the 
lake. These BSR processes were carried out, among others, by Desulfovibrio spp., which have 
also been identified as being responsible for dissimilatory NO3

− reduction to NH4
+ (McCready 

et al., 1983).  
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The goal of this paper was to identify the unusual ways of nitrogen removal in the Pétrola 
saline lake-aquifer system as an example of natural biodegradation of NO3

− at the freshwater-
saltwater interface. The effects of anthropogenic pressure on geochemical processes and 
solute transport may be extrapolated to other systems dominated by density-driven 
circulation around the world. To that end, hydrochemical, multi-isotopic, and geophysical 
techniques were applied to trace the redox processes in the Pétrola basin. Hydrochemical and 
multi-isotopic techniques are highly suitable to trace pollution sources while geophysical 
tools may help to understand the geometry of the freshwater-saltwater interface. 

3.2 Study area 

The Pétrola Endorheic basin (PEB) is located in the High Segura river basin, in central Spain 
(Figure 3.1). The High Segura river basin includes an important saline endorheic complex 
named the Pétrola–Corral-Rubio–La Higuera Saline Complex (about 275 km2), with a total 
of 19 wetlands (Cirujano et al., 1988). The main wetland of the complex is the Pétrola lake, 
with an area of 43 km2. The climate of the study area is Mediterranean, continental, and semi-
arid, with mean annual precipitation below 400 mm, predominantly falling during spring and 
autumn. The average monthly temperatures vary from 4.9 ºC in January to 24.2 ºC in July 
and the mean annual temperature is 14.3 °C.  

Geologically, the study area consists mainly of Mesozoic materials. The base of the Lower 
Cretaceous unit reaches the Barremian and consists of argillaceous sediments overlain by 
sands and sandy-conglomerate sediments with intergranular porosity (Weald Facies). Aptian 
carbonates cover Barremian terrigenous deposits. The Utrillas Facies are Albian deposits 
composed of siliciclastic sands, sandy conglomerates, and reddish to dark-grey clay to 
argillaceous sediments deposited over Aptian sediments. The Utrillas sediments include 
sandy-conglomerate sediments interstratified by grey-to-black argillaceous sediments. These 
sediments are rich in organic matter and sulfides (mainly pyrite), composing the main part 
of the aquifer. Sulfides from the Lower Cretaceous sediments are oxidized to gypsum by 
weathering processes (Gómez-Alday et al., 2004). The piezometric level of the Cretaceous 
aquifer is close to the topographic surface. Consequently, several springs and streams drain 
the aquifer in this area. The lake acts as a discharge zone for these water flows, which follow 
a radial pattern towards the lake. Previous research has shown that the Pétrola lake-aquifer 
system shows two main flow components: regional groundwater flow (RGF, up to 1.01 g/cm3) 
from recharge areas to the lake, and a density-driven flow (DDF, up to 1.29 g/cm3) from 
surface water to the underlying aquifer (Gómez-Alday et al., 2014; Valiente et al., 2017). 
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Figure 3.1   A) Location of Segura river basin in Europe. B) Location of Pétrola basin in Segura river Basin. C) 

Land use map of Pétrola basin and location of control points from Group 1 (Pétrola Lake, green squares), 

Group 2 (urban wastewater, black circles), Group 3 (dryland cultivation, blue rhombus), Group 4 (irrigated 

croplands, red triangles), and ERT profiles (A, B, C, D and E).

The catchment area of the Pétrola lake-aquifer system supports agricultural and livestock 
activities. Two types of farming are present: dryland farming and irrigation farming (Figure 
3.1). Farming encompasses approximately 75% of the total area, whereby dryland farming 
contributes about 58% and irrigated cropland 17%, based on data from Corine Land Cover 
2012 (Soukup et al., 2016). The remaining area is occupied by semi-natural land cover types, 
such as Mediterranean forest and scrubland (19%). The use of inorganic synthetic fertilizers 
is the main source of pollutant N in the system. The estimated N load produced by 
agricultural activities was about 10 t/km2∙year (year 2000) (ITAP, 2010), in the range of other 
studies in lake catchments and wetlands worldwide (Saunders and Kalff, 2001). 
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3.3 Material and methods 

3.3.1 Sampling 

Between March 2013 and July 2015, a total of 119 water samples were collected from 13 
control points located in the Pétrola Lake and near the lake discharge area, following the 
groundwater flow direction (including springs and streams). Hereafter, this zone will be 
referred as surrounding area. The sample points were distributed in 4 subzones according to 
the main anthropogenic pressure and location: surface lake water samples (Group 1: sites 
2635, 2643, 2648, 2649, 2651, and 2652), wastewaters (Group 2: sites 2575 and 2641), dry 
farming area (Group 3: sites 2554, 2640, and 2642) and irrigation area (Group 4: sites 2571 
and 2602). The latter three subzones are located in the surrounding area of the lake (Figure 
3.1). 

In addition, between September 2014 and July 2015, 13 sediment cores, 5 cm in depth, were 
collected from the bottom of the lake using Plexiglas cylinders. The locations for sampling 
correspond to control points 2648, 2649, 2651, and 2652. The cores were frozen at -20 ºC and 
freeze-dried for further analysis. Groundwater levels were measured using a ceramic CTD-
Diver stand-alone sensor installed in a PVC piezometer (GW-12) at 6 metres below ground 
surface (mbgs). This piezometer was installed near control point 2635. Thus, the groundwater 
level at GW-12 is closely related to the Pétrola Lake water level and is influenced by 
precipitation (Gómez-Alday et al., 2014). Groundwater level data were collected from January 
2012 to February 2015, with logging intervals of 24 h (n=1,151 daily measurements). 
Precipitation data for the study period were gathered from the meteorological station AB07 
(Ministry of Agriculture and Fisheries, Food, and Environment of Spain) situated in Pozo 
Cañada village, about 16 km SW from Pétrola Lake. 

3.3.2 Chemical and isotopic analyses 

In all water samples immediately after sample collection temperature (T), pH, electrical 
conductivity (EC), total dissolved solids (TDS), redox potential (Eh), and dissolved oxygen 
(DO) were measured (n=110) using a HQ40d Portable Multi-Parameter Meter (Hach 
Company, USA). Accuracy of physico-chemical determinations was ± 0.3 ºC for T, ± 0.002 
for pH, ± 0.5% for EC and TDS (<200 mS/cm), ± 0.1 mV for Eh, and ± 0.01 mg/L for DO. 

Water samples were stored at 4 °C in a dark environment for subsequent analyses. Alkalinity 
(HCO3

− and CO3
2−) was determined by titration in the laboratory following standard methods 

(APHA-AWWA-WEF, 1998), with a limit of detection of 1 mg/L and an accuracy of ± 0.2%. 
Water samples for major ions and dissolved organic carbon (DOC) were filtered with a 
0.20 μm nylon Millipore® filter. DOC concentration was determined by the high temperature 
combustion method using a Shimadzu TOC-V Analyzer at the Institute of Inorganic 
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Chemistry of the University of Vienna and in the research facilities at the University of A 
Coruña, with a detection limit of 0.05 mg/L and a reproducibility of ± 1.5%. The 
concentration of NO3

− was determined by UV-VIS spectrophotometry following the Griess 
reaction assay by cadmium reduction to nitrite (NO2

−) (Wood et al., 1967). The detection 
limit of NO3

− measurements was 0.3 mg/L. NH4
+ contents were determined by distillation and 

volumetric methods (Koroleff, 1969), with a detection limit of 0.02 mg/L. Accuracy for NO3
− 

and NH4
+ determinations was ± 1.0%. The aqueous concentration of Cl− and SO4

2− was 
obtained by capillary electrophoresis (CE) using a Waters Quanta 4000 system coupled with 
a negative power supply and an indirect UV detection system. For Cl− and SO4

2− 
determinations, the limit of detection was 1 mg/L. The methodology for separation and 
measurement by CE is described in Santoyo et al. (2001). Concentrations of K+, Na+, Ca2+, 
Mg2+, Fe2+, and Mn2+ were determined combining CE and ICP-AES, with limits of detection 
of 1 mg/L (K+, Na+, Ca2+, and Mg2+) and 20 µg/L (Fe2+ and Mn2+). Analyses by CE and ICP-
AES were performed in the research facilities at the National Museum of Natural History 
(Madrid, Spain), with accuracy values of ± 1.0%.  

The isotopic analyses included the δ15N and δ18O of NO3
−, δ13C of DIC, and δ2H and δ18O of 

H2O. The δ15NNO3 and δ18ONO3 were measured using a Cd-reduction method (McIlvin and 
Altabet, 2005, Ryabenko et al., 2009). Briefly, NO3

− was converted to NO2
− through spongy 

cadmium reduction and then to nitrous oxide using sodium azide in an acetic acid buffer. 
Simultaneous δ15N and δ18O analysis of the N2O produced was carried out using a Pre-Con 
(Thermo Scientific) coupled to a Finnigan MAT-253 Isotope Ratio Mass Spectrometer 
(IRMS, Thermo Scientific). The δ13CDIC was determined from filtered water samples, which 
were treated with ortho-phosphoric acid and shaken for at least 2 hours in order to convert 
all bicarbonate into CO2 and reach equilibrium between aqueous and gaseous phases, and the 
isotope ratio was measured in a Gas-Bench II coupled to a MAT-253 IRMS (Thermo 
Scientific). The δ2HH2O and δ18OH2O were measured using H2 and CO2 equilibrium techniques, 
respectively, following standard methods (Epstein and Mayeda, 1953). δ2HH2O and δ18OH2O 
were measured by dual inlet IRMS on a Finnigan MAT Delta S. 

Results are expressed in δ (‰) values relative to international standards Vienna Pee Dee 
Belemnite (V-PDB) for δ13C, atmospheric N2 (AIR) for δ15N, and Vienna Standard Mean 
Ocean Water (V-SMOW) for δ18O and δ2H. Analytical reproducibility by repeated analysis 
of both international and internal reference samples of known isotopic composition was 
± 0.3‰ for δ13CDIC, ± 0.3‰ for δ15NNO3, ± 0.5‰ for δ18ONO3, ± 1‰ for δ2HH2O, and ± 0.3‰ 
for δ18OH2O. Samples for isotope analyses (n=119) were prepared at the laboratory of the 
Mineralogia Aplicada i Geoquimica de Fluids research group (Universitat de Barcelona). 
Isotope analyses were performed at the Centres Cientific Tècnis of Universitat de Barcelona. 

In sediment samples (n=13), organic matter content was determined as loss on ignition (LOI) 
by combustion of dried sediment for 2 h at 550 °C in a muffle furnace at the Institute of 
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Inorganic Chemistry of the University of Vienna, following Nelson and Sommers (1996). The 
method has a detection limit of 0.05%. Elemental Analysis was performed to determine the 
percentage of total carbon (TC), soil organic carbon (SOC), and total nitrogen (TN). In 
addition, δ13C in TC and SOC, and δ15N in TN from lake sediment samples were determined. 
For this purpose, the samples were dried and finely ground. Samples were acidified with 
concentrated HCl and vacuum-dried overnight before analysis of organic carbon content. 
The parameters were measured on untreated and acidified sediment samples using an 
elemental analyzer (EA 1110 CE Instruments) coupled to a DELTAplus IRMS (Finnigan MAT) 
in the SILVER Lab, University of Vienna. C:N ratios were calculated as the ratio of SOC and 
TN. Reproducibility using soil standards was ± 0.1‰ for δ13C, and ± 0.15‰ for δ15N. 

3.3.3 Electrical Resistivity Tomography (ERT) 

The ERT survey was performed to investigate the geometry of the DDF in the lake discharge 
area. It was carried out in June 2012 using a RESECS DMT resistivity meter equipped with 72 
electrodes. The electrode configuration was a Wenner array, in order to reach the highest 
signal-to-noise ratio (SNR) and sensitivity to vertical variations in resistivity (Loke and 
Dahlin, 2002). Electrode spacing values were 2.5 m (ERT profiles A, D and E) and 5 m (ERT 
profiles B and C). Twenty-three research levels were considered, to reach 60 m depth in the 
central part of each section. At each measurement section, two injection cycles were applied, 
recording 700 electric potential differences and intensity values, and calculating the Root 
Mean Square (RMS) error for each apparent resistivity value. 

Five sections were measured following a radial pattern, from the lake’s margins to about 350 
m far into the basin (Figure 3.1). Locations were selected based on streams and springs with 
potential NO3

− inputs to the lake. The first profile, ERT-A, was 315 m long and was set up 
along an irrigated cropland. ERT-B was parallel to a stream (control point 2571) and was 
about 350 m long. ERT-C, about 155 m in length, was situated at the east side of the lake, with 
control point 2648 as final point. ERT-D, 235 m long, extended from the lake’s margin to 
control point 2602. Finally, ERT-E (175 m in length) started from the lake shore towards 
control point 2641, passing close to control point 2575. Individual measurement points were 
revised taking into account standard deviation, RMS, and spontaneous potential. All values 
with a standard deviation higher than 20% were removed in order to improve signal/noise 
ratio. Field data inversion was performed with Res2Dinv software using the same parameters 
in the inversion for all ERT profiles (deGroot-Hedlin and Constable, 1990; Loke and Barker, 
1996). For inversion, a least-squares inversion algorithm was chosen. Final calculated RMS 
errors for the five sections ranged between 7.4% (ERT-E) and 15.8% (ERT-B). Inversion 
results were exported to absolute XYZ coordinates in order to compare them with 
hydrogeological and geochemical data. 
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3.4 Results 

3.4.1 Hydrochemical data 

Chemical data for water samples from the four groups are presented in the Supplementary 
Information (Appendix 3A). Lake water samples (Group 1) had a mean pH value of 8.6 and 
a maximum of 9.4. Eh values were between -227 mV and +451 mV. Dissolved oxygen (DO) 
values ranged from 0.2 to 13.0 mg/L. Values of EC and TDS peaked at 83,600 μS/cm and 50 
‰, respectively. Dissolved Organic Carbon (DOC) concentrations varied between 24.5 mg/L 
and 289.2 mg/L. NO3

− concentrations in most of the samples were below detection limit (<0.3 
mg/L), reaching values up to 1.2 mg/L. NH4

+ concentrations ranged from below detection 
limit (<0.02 mg/L) to 6.5 mg/L. The concentrations of SO4

2− and Cl− ranged from minimum 
values of 4,683 mg/L and 3,253 mg/L, respectively, to maximum values of 40,678 mg/L and 
29,099 mg/L, respectively. HCO3

− concentrations varied between 178 and 507 mg/L, the 
CO3

2− concentration from 2.3 to 45.9 mg/L. Peak Fe2+ and Mn2+ concentrations were 104 µg/L 
and 400 µg/L, respectively. Nevertheless, a percentage of the samples showed Fe2+ and Mn2+ 
concentrations below the detection limit (<20 µg/L). Overall the hydrofacies of the lake water 
can be classified as Mg-Na-SO4-Cl (6 control points, March 2013 to July 2015; n=37) (Figure 
3.2). 

Figure 3.2   Piper diagram showing the chemical composition of the water samples during the period 2013 

to 2015.
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The groundwater samples of the surrounding area (groups 2, 3, and 4) had pH values of 7.3-
8.8. Eh ranged from -192 mV to +484 mV, DO values from 0.2-19.6 mg/L. EC and TDS values 
ranged from 975-2,820 μS/cm, and from 0.5- 1.5 ‰, respectively. DOC concentrations ranged 
from 1.3-22.7 mg/L. NO3

− concentrations ranged from below detection limit to 99.2 mg/L. 
NH4

+ concentrations varied from 0.1 to 43.0 mg/L, SO4
2− from 139-1,091 mg/L, Cl− from 88-

484 mg/L. HCO3
− concentrations ranged from 249-769 mg/L, CO3

2− from 0.4-13.3 mg/L. Fe2+ 
and Mn2+ concentrations were mainly below the detection limit, reaching values of up to 43 
µg Fe2+/L and 888 µg Mn2+/L, respectively. The groundwater type in the surrounding area 
varied between Mg-Ca-SO4-HCO3 and Na-Ca-HCO3-Cl, as shown in Figure 3.2 (7 control 
points, March 2013 to July 2015; n=73). 

3.4.2 Isotope data in water samples 

The complete record of isotope data in water samples is included in the Supplementary 
Information (Appendix 3B). For Group 1 samples (Pétrola Lake), δ2HH2O varied from -48.2‰ 
to +35.4‰ (average +5.8‰; n=40), whereas δ18OH2O ranged between -6.7‰ and +11.0‰ 
(average +1.7‰; n=40). δ15NNO3 and δ18ONO3 were not determined for lake samples due to the 
low NO3

− concentrations measured. δ13CDIC values varied between -16.3‰ and -4.8‰ 
(average of -8.7‰; n=40). In samples from the surrounding area (Groups 2, 3, and 4), δ2HH2O 
and δ18OH2O varied between -55.1‰ and -12.8‰ and between -8.7‰ and -+0.7‰, 
respectively. δ15NNO3 signatures ranged from +6.6‰ to +21.6‰ and δ18ONO3 from +1.5‰ to 
+16.9‰. δ13CDIC values ranged between -14.3‰ and -6.4‰ (average -10.8‰; n=79). 

3.4.3 Sediment data 

The full data record is included in Supplementary Information (Appendix 3C). LOI values 
ranged from 3.1% to 19.0% (average of 7.2%; n=13). The contents of TC and SOC, ranged 
from 2.41% to 13.2% (average 5.70%; n=13) and from 0.68% to 6.10% (average 2.65%; n=13), 
respectively. δ13C in TC and SOC ranged from -14.6‰ to -2.3‰ (average -8.6‰; n=13) and 
from -25.1‰ to -3.1‰ (average -13.0‰; n=13), respectively. TN varied between 0.04% and 
0.62% (average 0.18%; n=13) and δ15NTN between +9.2‰ and +14.4‰ (average +10.6‰; 
n=13). C:N ratios varied between 4.4 and 57.3, with a mean value of 23.0 (n=13). 

3.4.4 Groundwater level and ERT data 

Between May and October 2012, the groundwater level gradually fell in GW-12, concurring 
with a very low precipitation period (Figure 3.3). Heavy rainfalls in autumn 2012 increased 
the groundwater level, which peaked in March 2013. From January 2013 to May 2014, 
frequent rainfall sustained groundwater level depths between 0.15 mbgs and 0.45 mbgs. Little 
precipitation during spring and summer 2014 caused the groundwater level to fall again, 
reaching a maximum depth of 1.43 mbgs on 31 October 2014. Concurring with major 
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precipitation events during winter 2014 and spring 2015, the groundwater level increased 
from November 2014 to the final recording. 

Figure 3.3   Groundwater depth (mbgs) in GW-12 and precipitation (P) between January 2012 and March 

2015. In detail, groundwater depth evolution in GW-12 from March 2013 to May 2014 compared to mean 

TDS evolution in lake waters. 

The ERT survey was conducted in June 2012 and showed a resistivity distribution related to 
several parameters such as water content, porosity and EC. A complete description of ERT 
profiles is included in Supplementary Information (Appendix 3D). 
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3.5 Discussion 

3.5.1 Hydrogeochemical and isotopic (δ18OH2O and δ2HH2O) evolution of the lake water 

ERT profiles A, B, C, and E demonstrated a salt-water wedge located around the lake, 
indicating the influence of Pétrola Lake on groundwater. Water samples from the 
surrounding area are characterized by low EC values (<2,820 μS/cm) compared to lake waters. 
ERT-A showed a layer of high resistivity that swelled to the NNW due to the presence of 
irrigation return flows. ERT-B was conducted through a zone with both irrigation and 
dryland conditions, pointing to the presence of a saline wedge under site 2571. ERT-C was 
performed in an area with no irrigation (dryland, Group 3) but very close to the lake. The 
influence of Pétrola Lake on samples from Group 2 (wastewaters) was observed in ERT-E. 
Resistivity values throughout this profile had intermediate values, showing a limited influence 
of freshwaters. ERT-D was also performed in an area with both irrigation and dryland 
conditions. This profile is explained by the influence of irrigation return flows causing an 
influx of low salinity (high resistivity) water into the aquifer, contrary to what would be 
expected when solute transportation occurs from the lake to the Cretaceous aquifer. In 
general, the observed heterogeneity of the freshwater-saltwater interface can be explained by 
the different land uses at the basin scale. Our results suggest that the saline wedge can be 
displaced by less dense groundwater in those regions of the aquifer where the influence of 
irrigation return flows was significant. The saline wedge is shifted towards areas with less 
influence of irrigation (SE of the basin) favored by the compression of the upward component 
of the RGF. 

Other than land use, the effect of climatic conditions on lake and aquifer hydrochemistry 
must also be considered. During periods with low precipitation, the groundwater level in 
GW-12 fell. Simultaneously, TDS values increased in lake water as result of both evaporation 
and solute concentration (Figure 3.3). Consequently, the highest concentrations of Cl−, SO4

2− 
and Mg2+ in lake water are expected during periods of lowest water level in GW-12, leading 
to a Mg-Na-SO4-Cl water type during dry periods (Valiente et al., 2017). These conditions are 
favorable for DDF to transport solutes from the lake into deeper aquifer zones. Thus, changes 
in the water chemistry of lake samples were reflected in groundwater hydrochemistry. In the 
lake, DOC derived mainly from autochthonous (primary productivity) and allochthonous 
(wastewaters) sources (Gómez-Alday et al., 2014). Lake water samples showed increasing 
DOC concentrations during low precipitation periods (up to 289.2 mg/L), which may be 
transported from the lake to the aquifer by DDF. This caused a flux of DOC across the 
freshwater-saltwater interface, fueling microbial processes in deeper aquifer zones. 

The δ18OH2O and δ2HH2O in water samples showed the influence of precipitation and 
evaporation processes on the lake-aquifer system (Figure 3.4). Samples from PEB were 
compared with the local meteoric water line of Madrid (LMWL), its weighted isotopic 
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composition of monthly average precipitation, and the regression line for δ18OH2O and δ2HH2O 
values in water samples between 2008 and 2010 (Valiente et al., 2017). Madrid was selected 
as a reference station because most of the rainfall events in the study area are influenced by 
European Atlantic fronts, which are also dominant in Madrid. Evaporation processes can be 
inferred from the slope of plots of δ18OH2O and δ2HH2O isotopic compositions of evaporating 
water bodies. This is because of the similar kinetic isotope enrichment in 18O and 2H during 
evaporation in dry air, whereas the equilibrium isotope fractionation during condensation 
differs between hydrogen and oxygen by a factor of 8. Therefore, evaporation of rainwater 
causes a decrease in the slope of the δ18OH2O and δ2HH2O plots, from 8‰ towards ~3‰ (Clark 
and Fritz, 1997). The δ18OH2O and δ2HH2O values from lake samples did not remain constant 
during the period March 2013 to July 2015 (Figure 3.4), showing a mean and standard 
deviation for δ18OH2O and δ2HH2O in measured samples of +1.7‰ ±4.8‰ and -5.8‰ ± 23.1‰, 
respectively. Lake samples showed a slope of 4.7 for δ18OH2O and δ2HH2O values (R2=0.98; 
n=40), a typical slope for evaporation. This slope was significantly lower than the LMWL (6.8) 
and only slightly lower than the slope of water samples from previous studies (5.2 between 
2008 and 2010; Valiente et al., 2017). 

Figure 3.4   δ18O versus δ2H plot including the weighted average precipitation of Madrid, water samples 

from Pétrola Lake (Group 1, n=40), and samples from the surrounding area (Groups 2, 3, and 4, n=79). 

Regression line 1 (δ2H = 4.7δ18O – 13.9) was calculated for lake water samples and compared with regression 

line 2 (δ2H = 5.2δ18O – 11.9) using water samples from piezometers and surface water in previous studies 

(n=29) collected between 2008 and 2010 (Valiente et al., 2017). Regression line 3 (δ2H = 6.8δ18O – 0.5) 

represents the Local Meteoric Water Line of Madrid. 
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The influence of the lake on control points of the surrounding area was also evident: δ18OH2O 
and δ2HH2O values here were enriched with reference to the weighted average precipitation 
(δ18OH2O= -7.0‰, δ2HH2O= -47.8‰). Water samples close to the weighted average 
precipitation value showed the influence of regional groundwater and a lesser influence of the 
Pétrola Lake. In contrast, samples collected in April 2015 from Group 2, Group 3 (except 
control point 2554) and Group 4 followed a mixing line from meteoric water to lake waters. 
At this date, control point 2635 showed δ18OH2O and δ2HH2O values of +1.5‰ and -2.7‰, 
respectively. These findings are in agreement with ERT profiles, showing the influence of lake 
waters on sites of Group 2 (ERT-E) and Group 4 (ERT-B). 

3.5.2 Nitrogen recycling in the lake-aquifer system 

Figure 3.5 shows the δ15NNO3 and δ18ONO3 values in water samples from the surrounding area 
together with the range of potential NO3

− sources in PEB (adapted from Puig et al. (2016) and 
references therein). δ18ONO3 values deriving from nitrification of ammonium fertilizers and 
sewage/manure (from +2.1‰ to +7.4‰) were calculated according to Mayer et al. (2001) 
with the following expression (Equation 3.5): 

 δ18O = 2/3 · δ18OH2O + 1/3 · δ18OO2  (3.5) 

where δ18OH2O includes the range of values for groundwater in samples from the surrounding 
area (-8.7‰ and -0.7‰) and δ18OO2 is the isotopic composition of atmospheric O2 (+23.5‰; 
Horibe et al., 1973). 

Only two samples from 2575 (influenced by wastewaters) had a high enough NO3
− 

concentration to be isotopically characterized. Those two samples showed the lowest NH4
+ 

concentrations, and the variability in isotopic composition can be explained by partial 
nitrification under surface conditions. Water samples (n=10) from site 2641 (close to 2575) 
showed δ15NNO3 and δ18ONO3 values clearly in the range of manure and sewage. These results 
reflect the influence of wastewaters at control points 2575 and 2641, with strong nitrogen 
isotope enrichment due to NH3 volatilization (Figure 3.5). 

Three samples from Group 3 (dryland cultivation, site 2640) were within the range of soil 
organic N (between +3‰ and +8‰; Kendall et al., 2007). The origin of NO3

− for these 
samples is potentially related to the application of ammonium fertilizers nitrified to NO3

− in 
the unsaturated zone. Volatilization and nitrification can produce isotopic signatures of 
ammonium fertilizers similar to those of soil NO3

− (Vitòria et al., 2005). The high NO3
− 

concentration in samples from site 2640 suggests a contribution from inorganic fertilizers 
rather than a soil nitrate contribution. The δ15NNO3 and δ18ONO3 values did not negate a 
potential contribution of nitrate fertilizers, even though no samples fell in the range defined 
by this type of fertilizers (-4‰ to +8‰ for δ15N and +17‰ to +25‰ for δ18O; Vitòria et al., 
2004). Samples from site 2640 showed a mixing line between the isotopic composition of 
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fertilizer NO3
− and fertilizer NH4

+. The contribution of NO3
− fertilizers can be further masked 

by the mineralization-immobilization-turnover (MIT) process (Mengis et al., 2001), which 
can shift the oxygen isotopic composition of NO3

− fertilizers. During the MIT process, N- 
NO3

− is immobilized in the form of organic nitrogen by microbes, subsequently converted to 
inorganic NH4

+ by nitrogen mineralization, and finally NH4
+ is nitrified to NO3

−. This process 
changes the oxygen isotope signatures from fertilizer-like to soil nitrification-related.  

Figure 3.5   δ15N and δ18O of dissolved NO3
− in the collected samples from the surrounding area (Groups 2, 

3 and 4, n=63). The isotopic composition of the main NO3
− sources is represented: ammonium fertilizers, 

nitrate fertilizers, soil N, and animal manure or sewage (Vitòria et al. 2004; Kendall et al., 2007; Aravena and 

Mayer, 2009; Puig et al., 2016). Dashed lines represent denitrification (%) using Utrillas sediments (A: εO= -

12.1‰, εN= -11.6‰; B: εO=-13.8‰, εN= -15.7‰) and recent organic matter from hypersaline sediments (C: 

εO=-14.5‰; εN -14.7‰). s1 and s2 reflect the sources of dissolved NO3
− used for denitrification % calculations. 

Samples from control points 2554 and 2642, also in Group 3, showed a different trend, with 
both δ15NNO3 and δ18ONO3 increasing. Denitrification probably explains the isotopic values of 
the two samples. Prior studies have already shown the NO3

− attenuation potential of organic-
rich bottom sediments from Pétrola Lake and sediments from Utrillas Facies, using organic 
matter as electron donor (Carrey et al., 2013; Gómez-Alday et al., 2014). A slight 
denitrification line is observed in samples from 2554. Nonetheless, the denitrification line was 
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much clearer in samples from site 2642. In these samples, the highest δ15NNO3 values (up to 
+21.6‰) were coupled to relatively low NO3

− concentrations (10.4 mg/L), indicating 
denitrification. In fact, these samples were fitted to the denitrification line based on Utrillas 
and recent organic hypersaline sediments (Figure 3.5). 

Finally, samples from Group 4 (control points 2571 and 2602), affected by irrigation return 
flows, also revealed an increasing trend in the δ15NNO3 vs δ18ONO3 plot, showing that 
denitrification processes were major contributors to NO3

− attenuation. At control point 2602, 
all samples followed a denitrification trend starting from NH4

+ fertilizers (noted as s2 in 
Figure 3.5). Some samples from control point 2571 also followed the denitrification trend. A 
possible explanation for the clear denitrification trend in those samples is that DDF, which is 
able to transport solutes involved in attenuation processes, has a greater influence in zones 
affected by irrigation, as shown in the previous section. 

Despite the NO3
− inputs to the lake from streams, groundwater and wastewaters, most of 

Pétrola Lake water samples showed NO3
− below detection limit. Concerning the sedimentary 

N isotope signatures from Pétrola Lake, the mean δ15NTN value at 5 cm depth (+10.6‰) was 
well above the NH4

+ fertilizer range (from -4‰ to +8‰; Vitòria et al., 2004), but within the 
range of manure and sewage (from +5‰ to +20‰; Aravena and Mayer, 2009). The isotope 
composition of N in sediments is influenced by the dominant source of N, microbial recycling 
and lake productivity (Botrel et al., 2014). This effect may be even stronger in saline lakes due 
to the high productivity of these ecosystems (Hammer, 1981). 

Our results are in agreement with previous studies (Heaton, 1986; Kendall et al., 2007), which 
established a δ15NTN range from +10‰ to +20‰ for human and animal wastes. Nevertheless, 
δ15NTN signatures can be altered by microorganisms through remineralization (Hodell and 
Schelske, 1998) and/or degradation of organic matter (Lehmann et al., 2002), resulting in an 
increase of δ15NTN. Furthermore, sedimentary δ13CSOC and δ15NTN values showed an inverse 
relationship (R2 = 0.74, n=13), which can be attributed to selective removal of C and N 
compounds during remineralization (Bernasconi et al., 1997). Thus, our results may reflect a 
mixed source of synthetic N (ammonium) fertilizers and wastewaters. 

3.5.3 Nitrate attenuation processes 

Previous studies showed that the natural attenuation of NO3
− in the lake-aquifer system can 

be accomplished by heterotrophic denitrification (Gómez-Alday et al., 2014). For these 
reactions, DOC is necessary as electron donor. In samples from the surrounding area, DOC 
is derived mainly from organic matter from Utrillas facies, wastewater and organic matter 
transported from the lake towards the aquifer by DDF. No increase in NH4

+ concentration 
was recorded in samples from the surrounding area. Thus, the enrichment in 18O and 15N in 
those samples can be attributed mainly to denitrification processes. The isotope composition 
and concentration of NO3

− can be used to quantify denitrification at the field scale (Böttcher 
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et al., 1990). Nonetheless, plots of δ15NNO3 vs Ln[NO3
−] using all field samples showed no 

correlation (R2=0.19), possibly because of processes such as volatilization or mixing between 
different groundwater flow lines and mixing of multiple sources and sinks, as described in the 
previous section. However, in the dual isotope plot some samples followed a denitrification 
trend. Figure 3.5 shows εN:εO ratios determined in denitrification experiments using both 
bottom sediments of Pétrola lake (1.01; Carrey et al., 2014a) and Utrillas sediments (0.96 and 
1.14; Carrey et al., 2013). Using the enrichment factors for nitrogen and oxygen from 
hypersaline sediments from Pétrola Lake (εN = -14.7‰; εO = -14.5‰) and Utrillas sediments 
(εN = -11.6‰ and -15.7‰; εO = -12.1‰ and -13.8‰), the percentage of denitrification was 
calculated following Equation 3.6: 

 DEN(%) =  �1 − [NO3]residual
[NO3]initial

� · 100 = �1 − e
δresidual− δinitial

ε � · 100 (3.6) 

To quantify denitrification, only the samples with δ18ONO3 values above +8.0‰ from groups 
3 and 4 were considered (n=50), to ensure they were above the range of volatilization and 
nitrification. Denitrification has been modeled using two different initial isotopic 
compositions that reflect the variability in δ18ONO3 derived from nitrification. The first 
assumed initial composition (s1 in Figure 3.5) was δ15NNO3 = +7.0‰ and δ18ONO3 = +3.9‰, 
which belongs to control point 2640 in May 2014 and represents the lower range of δ18ONO3 
derived from nitrification. Some samples from Group 3 (sites 2554, 2640, and 2642) showed 
denitrification percentages up to 72% (site 2642 in September 2013, concurring with the 
lowest NO3

− measured at this site). Denitrification reached similar percentages (up to 66% in 
site 2571) for Group 4 samples. For these samples, maximum denitrification rates were 
coupled to minimum NO3

− concentrations (July-2015). The second assumed initial 
composition (s2 in Figure 3.5) had a δ15NNO3 = +6.8‰ and a δ18ONO3 = +6.6‰, representing 
approximately the upper range of δ18ONO3 derived from nitrification. Several samples from 
sites 2571, 2602, 2640, and 2642 (n=14) clearly fit the denitrification trend starting from s2. 

Considering samples from groups 3 and 4, with δ18ONO3 values above +8.0‰ (n=50), the 
percentage of denitrification reached up to 72% in Group 3 (site 2642) and up to 60% in 
Group 4 (site 2571), together with lowest measured NO3

− concentrations. Samples of sites 
2554 and 2642 did not fit the expected denitrification trends, fitting to a lower εN:εO 
denitrification slope, closer to 2:1. Such a lower slope has been described in several field 
studies on denitrification (e.g. Böttcher et al., 1990). Potential explanations for the 
discrepancy between the slope obtained in the batch experiments and the slope at field scale 
include mixing processes with wastewater or manure sources, or the presence of NO2

− re-
oxidation processes (Wunderlich et al., 2013). During denitrification, NO2

− is formed as an 
intermediate species, and can be quickly re-oxidized to NO3

− incorporating atoms of oxygen 
from ambient water, thus lowering δ18ONO3. Consistent with the literature, turnover of oxygen 
influences global biogeochemical processes, including the nitrogen cycle (Mader et al., 2017). 
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Denitrification can also be responsible for the absence of NO3
− in lake water. Nonetheless, the 

existence of other nitrate reduction processes, such as DNRA, cannot be discarded at the 
water-sediment interface of Pétrola Lake. At 5 cm depth, the lake sediment C:N ratios were 
between 4.4 and 57.3, and LOI peaked at 19.0% (Appendix 3C). These results are consistent 
with previous research, which found DNRA dominance in estuarine sediments with C:N 
ratios of up to 10.6 (Dong et al., 2011). Song et al. (2013) showed that DNRA coexists with 
denitrification and anammox in marine top sediments, with lower average LOI (%) values 
(between 3.6% and 6.2%) than found in our study. The large variability in lake sediment C:N 
ratios and LOI (%) was due to different sampling locations within the lake. Considerable 
concentrations of NH4

+ were measured in groundwater below the lake (Gómez-Alday et al., 
2014). These concentrations of NH4

+ can be related to DNRA in the water-sediment interface, 
which are then further transported into the sediment, but also to other potential sources of 
NH4

+ described above (lake´s organic matter mineralization and ammonium fertilizers). Even 
though conditions are favorable for DNRA, this process could neither be confirmed nor 
rejected. Further research should be undertaken to investigate these reactions by measuring 
the isotopic composition of other N-compounds such as NH4

+, NO2
− , or dissolved organic 

nitrogen (Davidson et al., 2003).  

3.5.4 Role of organic matter oxidation 

Previous studies showed the potential of organic matter present in PEB as the main electron 
donor to promote denitrification and DNRA (Carrey et al., 2014a, b; Gómez-Alday et al., 
2014). Most of the 13CDIC values fall above the range of groundwater δ13CDIC (between -11‰ 
and -15‰; Vogel and Ehhalt, 1963) (Figure 3.6). These samples plotted far from fertilizers, 
considered to range between -30‰ and -24‰ (Vitòria et al., 2004), and far from the mean 
isotopic value for organic matter (-25‰; Hoefs, 1997). 

Isotope data cannot explain the use of DOC for NO3
− reduction because these processes would 

increase HCO3
− and decrease δ13CDIC. Since part of the aquifer is formed of Aptian carbonates, 

a possible explanation for the lack of a clear correlation may be carbonate dissolution, which 
would increase the HCO3

− concentration. Anaerobic processes (e.g. denitrification) can 
trigger the acidification of the solution, promoting such dissolution (Aravena and Robertson, 
1998; Krumins et al., 2013). Therefore, samples from the surrounding area seem to be 
buffered by the aquifer materials and no insights into this process can be gained using δ13CDIC. 
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Regarding lake water samples, δ13CDIC ranged from -16.3‰ to -4.8‰ (Figure 3.6). Most of 
the samples showed δ13CDIC values close to the reference value of -8‰ for atmospheric CO2 
given by Clark and Fritz (1997). This probably reflects degassing and CO2 exchange with the 
atmosphere. Moreover, the 13C enrichment can also be a consequence of discrimination 
during photosynthesis (Boutton, 1991). Samples with lower δ13CDIC matched up with high 
DOC and low O2 concentrations (<4.0 mgO2/L). Organic matter oxidation with dissolved O2 
and other electron acceptors (NO3

− or SO4
2−) in surface waters can shift the δ13CDIC to values 

close to organic C (δ13Corg=-25‰). Nonetheless, this organic matter oxidation should 
produce a decrease in DOC. On the contrary, DOC increased in those samples with high EC, 
and hence this increase can be related to the evaporation of the lake water. 

Figure 3.6   HCO3
− and δ13CDIC analyzed in water samples from Pétrola Lake (Group 1, n=37), and samples 

from the surrounding area (Groups 2, 3, and 4, n=73). The isotopic compositions of atmospheric CO2, 

groundwater, organic matter and fertilizers are represented (Vogel and Ehhalt, 1963; Clark and Fritz, 1997; 

Hoefs, 1997; Vitòria et al., 2004). 
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3.6 Conclusions 

The current study was designed to identify the unusual ways of nitrogen removal in a lake-
aquifer interface by studying the hydrogeochemical and isotopic evolution of a highly saline 
lake. The results showed that the underlying aquifer is influenced by the Pétrola Lake and by 
the anthropogenic activities at the basin scale. The multi-isotopic approach demonstrated 
that the origin of NO3

− in the lake aquifer-system was mainly related to synthetic ammonium 
fertilizer applied in the agricultural areas of the basin, but also to the wastewater inputs into 
the lake.  

Denitrification was identified in the surrounding area of the lake, with similar rates in dryland 
farming areas (up to 72%) and irrigation areas (up to 66%). Denitrification in Pétrola basin is 
related with organic carbon oxidation. The ERT demonstrated that DDF transported solutes 
from Pétrola Lake to the underlying aquifer. These solutes are used by the microbial 
community at the freshwater-saltwater interface. Nevertheless, the geometry of the 
freshwater-saltwater interface is strongly influenced by land use. As a consequence of this 
variability, reducing conditions were more marked in irrigation areas. Regarding lake water, 
mineralization and organic matter degradation of lake sediment apparently play a relevant 
role in nitrate reduction. In order to clarify the microbial pathways of NO3

− attenuation at the 
water-sediment interface, further research should be undertaken by combining isotope 
techniques (e.g. isotope pairing) with molecular biology tools. 

Our results highlight the importance of freshwater-saltwater interfaces as reactive zones for 
NO3

− attenuation. In saline systems, the interaction between density-driven down flow (DDF) 
and regional groundwater flow (RGF) is influenced by anthropogenic activities. Thus, we 
underline the necessity of including a land use perspective when studying water quality-
environmental relationships in systems dominated by density-driven circulation around the 
world. Further studies should focus on the capacity of these interfaces to remove other 
agricultural pollutants (i.e. pesticides), but also on the potential of water-sediment interfaces 
to attenuate pollutants. 
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Table 3.A

Control Point Zone Group Date pH Eh DO EC TDS T DOC Cl SO4 HCO3 CO3 NO3 K Ca Mg Na NH4 Fe Mn

2635 Lake 1 20/03/2013 8.2 190 9.2 16,7 9.8 11.8 27.6 3,929 5,573 380.1 2.4 0.60 133 168 1,743 1,748 3.25 BLD BLD

2635 Lake 1 11/04/2013 8.3 267 7.1 19,1 11.3 11.8 24.5 3,253 4,683 507.3 4.6 0.50 110 139 1,443 1,447 1.44 BLD BLD

2635 Lake 1 21/05/2013 8.6 369 7.8 14,6 7.9 12.3 26.9 3,524 5,374 289.3 5.1 BLD 120 150 1,564 1,567 1.80 30 20

2635 Lake 1 07/06/2013 8.7 261 5.9 15,8 8.7 20.0 29.3 3,997 5,57 217.2 5.6 BLD 136 170 1,774 1,778 1.42 BLD BLD

2635 Lake 1 20/06/2013 8.8 385 3.8 15,9 8.7 19.1 32.6 5,313 7,801 220.7 6.2 BLD 112 261 2,262 2,422 2.25 BLD BLD

2635 Lake 1 02/07/2013 8.7 319 5.8 20,9 11.6 25.4 39.2 5,406 8,15 224.3 6.7 BLD 214 212 2,376 2,318 2.12 BLD BLD

2635 Lake 1 18/07/2013 8.5 207 4.1 22,9 12.5 24.4 39.7 5,694 8,642 178.6 2.9 BLD 92 249 2,504 2,651 1.58 BLD BLD

2635 Lake 1 06/08/2013 8.5 367 3.0 26,2 14.4 26.6 47.2 6,042 9,105 301.2 5.9 BLD 188 308 2,622 2,795 1.69 BLD BLD

2635 Lake 1 03/09/2013 8.3 355 4.5 32,1 18.1 23.7 49.6 6,928 10,453 268.9 2.8 BLD 135 288 2,975 2,938 2.06 BLD BLD

2635 Lake 1 18/09/2013 8.3 403 3.1 29,7 16.7 22.0 53.4 7,222 10,741 316.2 3.5 BLD 160 359 3,085 3,264 1.70 BLD 133

2635 Lake 1 07/10/2013 8.3 396 4.1 24,2 12.0 19.5 44.4 7,066 10,867 305.2 3.1 BLD 207 190 2,999 3,13 4.56 BLD 60

2635 Lake 1 24/10/2013 8.4 348 7.0 30,7 17.8 16.3 55.5 7,913 11,809 375.2 4.7 BLD 202 291 3,674 3,479 3.54 BLD 69

2635 Lake 1 06/11/2013 8.5 374 10.3 30,4 18.2 13.9 50.5 7,875 11,274 391.4 5.2 BLD 340 508 3,6 3,8 2.26 BLD BLD

2635 Lake 1 18/11/2013 8.4 451 8.4 20,2 18.5 6.2 53.1 8,039 11,547 382.8 3.6 BLD 380 490 3,323 3,343 2.06 BLD BLD

2635 Lake 1 02/12/2013 8.3 306 10.1 16,7 9.2 2.7 51.6 7,637 11,033 428.4 2.7 BLD 290 444 3,4 3,482 3.54 90 BLD

2635 Lake 1 18/12/2013 8.2 367 9.2 20,42 11.9 7.9 53.2 7,57 11,207 392.6 2.3 BLD 286 223 3,457 3,463 3.82 20 95

2635 Lake 1 09/01/2014 8.4 293 12.9 26,5 17.7 8.4 47.0 6,606 9,372 421.5 3.7 BLD 357 197 2,728 2,741 5.50 BLD BLD

2635 Lake 1 21/01/2014 8.5 276 10.1 24,8 16.8 6.5 45.7 5,42 8,279 446.1 4.8 BLD 184 231 2,405 2,411 3.15 BLD BLD

2635 Lake 1 18/03/2014 8.5 158 12.4 17,92 13.6 12.9 56.2 6,058 9,002 327.1 4.4 BLD 351 171 2,684 2,8 6.53 32 34

2635 Lake 1 08/04/2014 8.6 233 10.8 19,93 13.7 17.4 46.5 6,215 9,41 311.0 5.1 BLD 211 265 2,758 2,764 2.55 104 BLD

2635 Lake 1 13/05/2014 8.3 214 8.4 24,1 15.5 21.4 56.3 6,707 10,241 405.3 4.1 BLD 116 417 3,114 2,968 2.06 95 29

2635 Lake 1 13/04/2015 9.0 169 9.8 37,7 32.2 10.9 140.3 14,241 20,431 435.5 15.9 0.39 483 607 6,319 6,334 0.25 BLD 126

2635 Lake 1 24/07/2015 9.4 134 10.0 81,9 50.0 21.9 289.2 29,099 40,678 343.4 45.9 0.40 987 1,241 12,912 12,942 0.91 BLD BLD

2643 Lake 1 06/11/2013 8.5 369 11.5 28,7 17.2 15.1 48.5 7,161 10,643 420.4 5.3 BLD 300 481 3,3 3,4 2.04 BLD BLD

2643 Lake 1 18/11/2013 8.5 446 10.4 19,1 17.0 6.1 46.7 7,441 10,982 459.0 4.5 BLD 300 475 3,2 3,3 3.56 BLD BLD

2643 Lake 1 13/04/2015 8.8 106 9.2 29,1 24.9 10.2 93.6 10,01 14,546 303.3 7.8 0.31 411 656 4,459 4,596 2.89 BLD 55

2643 Lake 1 24/07/2015 9.4 25 10.2 83,6 50.0 21.9 193.2 21,492 31,7 221.0 27.1 0.50 883 1,408 9,573 9,868 1.12 BLD 230

2648 Lake 1 06/11/2013 8.4 350 9.9 28,4 17.0 14.5 49.7 7,359 10,852 454.8 5.1 BLD 320 485 3,3 3,41 2.52 BLD BLD

2648 Lake 1 09/01/2014 8.5 289 13.0 24,4 16.1 8.7 46.6 7 10,445 413.8 5.1 BLD 178 363 3,316 3,129 3.30 25 22

2648 Lake 1 13/04/2015 8.9 69 9.6 30,6 25.1 11.8 101.4 10,267 14,967 301.8 8.5 0.31 345 450 4,757 4,583 2.91 BLD 56

2648 Lake 1 24/07/2015 8.6 -28 0.3 58,3 42.1 22.5 180.2 20,853 30,487 299.8 6.8 0.73 817 779 9,548 9,313 0.84 BLD 240

2649 Lake 1 13/04/2015 8.8 137 8.8 32,6 24.1 13.1 98.0 10,112 15,009 303.7 7.5 1.16 340 443 4,685 4,514 2.34 BLD 45

2649 Lake 1 24/07/2015 8.6 -227 0.2 58,1 44.1 21.8 187.1 19,509 28,86 337.2 7.6 BLD 656 855 9,038 8,709 0.80 BLD 310

2651 Lake 1 13/04/2015 8.9 151 9.0 30,2 25.0 11.6 100.6 10,949 17,553 301.5 8.6 BLD 421 499 4,65 4,64 3.04 BLD 50

2651 Lake 1 24/07/2015 8.7 135 4.3 72,1 45.1 28.5 195.4 18,813 27,971 283.9 8.3 0.57 633 825 8,716 8,399 0.02 BLD 110

2652 Lake 1 13/04/2015 8.6 161 8.2 31,6 24.0 15.0 96.8 20,044 29,548 308.4 5.2 0.83 674 879 9,286 8,948 2.05 20 38

2652 Lake 1 24/07/2015 8.8 139 2.4 62,1 47.9 21.3 214.4 22,172 32,212 302.6 9.0 0.45 746 972 10,272 9,898 0.79 BLD 400

2575 Wastewaters 2 11/04/2013 8.5 288 11.4 1,57 0.7 19.2 9.9 157 202 522.5 7.6 19.3 31 101 96 106 8.44 20 BLD

2575 Wastewaters 2 07/06/2013 7.5 -6 0.7 1,23 0.7 17.2 6.6 165 148 526.9 0.7 BLD 27 93 76 84 21.3 20 BLD

2575 Wastewaters 2 02/07/2013 7.8 -67 0.9 1,55 0.8 21.2 15.9 270 216 565.6 1.8 BLD 32 132 99 114 35.4 BLD BLD

2575 Wastewaters 2 03/09/2013 7.9 196 0.5 1,71 0.9 22.0 11.2 204 139 519.0 2.0 BLD 40 119 71 85 43.0 26 42

2575 Wastewaters 2 24/10/2013 7.8 296 3.4 1,68 0.9 17.5 7.8 216 155 551.7 1.7 BLD 43 125 80 70 13.8 24 BLD

Supplementary Information: Appendix 3A

Results of the chemical analyses in water samples (major ions in mg/L, except Fe and Mn in μg/L). Eh: redox potential (mV). DO: dissolved oxygen (mg/L). EC: electric conductivity (μS/cm). TDS: total dissolved solids (‰). T: temperature (ºC). DOC: dissolved organic carbon (mg/L). nd: not determined. BLD: below limit of 
detection.



2575 Wastewaters 2 02/12/2013 8.0 229 7.0 1,47 0.8 3.1 4.7 145 160 443.7 1.2 45.3 12 82 87 99 1.52 BLD BLD

2575 Wastewaters 2 18/03/2014 8.1 -192 4.5 1,075 0.7 13.1 6.8 190 195 452.9 2.5 BLD 31 96 90 99 9.22 BLD BLD

2575 Wastewaters 2 08/04/2014 8.0 240 4.8 1,272 0.7 18.5 7.8 189 208 434.2 2.0 BLD 30 107 87 96 4.25 BLD BLD

2575 Wastewaters 2 13/05/2014 7.7 -169 1.9 1,567 0.9 18.8 11.9 185 142 527.8 1.4 BLD 31 111 82 96 19.3 20 41

2575 Wastewaters 2 13/04/2015 8.8 45 19.6 2,117 1.2 18.1 18.1 484 683 455.0 13.3 0.62 56 191 187 138 11.3 BLD BLD

2641 Wastewaters 2 02/07/2013 7.9 468 5.1 1,25 0.7 19.2 4.2 145 164 434.5 1.8 7.30 6 76 94 82 0.26 BLD BLD

2641 Wastewaters 2 03/09/2013 8.0 366 5.4 1,43 0.8 18.1 3.4 144 170 378.2 2.0 44.1 6 76 93 82 0.21 BLD BLD

2641 Wastewaters 2 07/10/2013 8.1 403 8.8 1,15 0.6 21.6 2.8 132 159 384.3 2.4 50.4 6 69 85 75 0.15 BLD 20

2641 Wastewaters 2 24/10/2013 8.1 354 8.1 1,43 0.8 18.4 3.1 138 164 450.3 2.4 57.3 3 72 102 72 0.34 BLD BLD

2641 Wastewaters 2 18/11/2013 8.3 415 8.5 1,391 0.7 7.4 7.2 141 161 428.2 2.8 59.3 6 74 91 80 0.10 BLD BLD

2641 Wastewaters 2 02/12/2013 8.1 315 9.2 1,33 0.7 7.2 4.8 134 161 428.1 1.7 65.4 6 70 87 76 0.15 BLD BLD

2641 Wastewaters 2 18/03/2014 8.2 220 9.7 1,196 0.7 15.2 3.3 146 165 401.4 2.6 57.8 7 95 95 83 0.28 BLD BLD

2641 Wastewaters 2 08/04/2014 8.3 212 9.9 1,243 0.7 19.1 6.6 154 162 382.4 3.5 50.8 6 81 100 87 0.26 BLD BLD

2641 Wastewaters 2 13/05/2014 8.0 255 6.9 1,196 0.7 17.6 3.8 138 156 433.7 2.3 46.9 7 81 94 92 0.24 BLD BLD

2641 Wastewaters 2 13/04/2015 8.3 141 10.9 1,387 0.9 15.4 5.2 218 226 379.9 3.6 54.0 11 82 124 120 0.26 BLD BLD

2641 Wastewaters 2 24/07/2015 7.8 148 2.1 1,331 0.7 21.8 5.6 132 144 292.0 1.0 21.7 6 59 73 75 0.63 BLD BLD

2554 Dryland 3 11/04/2013 8.0 342 5.6 1,45 0.7 15.2 1.3 90 390 350.1 1.5 28.4 4 105 136 42 1.75 BLD BLD

2554 Dryland 3 07/06/2013 7.3 405 4.7 1,15 0.6 16.7 2.0 97 502 401.1 0.4 25.3 5 104 164 43 0.43 BLD BLD

2554 Dryland 3 02/07/2013 7.7 449 5.4 1,16 0.6 19.1 2.6 88 553 326.8 0.9 24.3 8 105 142 36 0.36 33 687

2554 Dryland 3 03/09/2013 7.7 453 4.7 1,57 0.8 18.8 2.9 92 548 305.1 0.8 19.3 7 116 151 39 0.35 29 599

2554 Dryland 3 07/10/2013 7.6 450 4.6 1,22 0.7 19.1 1.8 88 566 305.4 0.6 23.4 4 122 157 17 0.48 BLD BLD

2554 Dryland 3 24/10/2013 7.6 396 6.1 1,72 1.0 9.3 2.2 120 612 391.2 0.6 18.6 15 110 172 29 0.33 BLD BLD

2554 Dryland 3 18/11/2013 8.1 421 9.0 1,755 0.9 8.1 3.5 107 593 377.1 1.6 24.6 20 153 167 47 0.36 BLD BLD

2554 Dryland 3 02/12/2013 7.8 484 8.1 1,63 0.9 7.1 2.4 97 605 361.5 0.9 24.2 9 137 172 49 0.40 BLD BLD

2554 Dryland 3 18/03/2014 7.8 178 7.3 1,454 0.9 13.9 2.9 124 671 329.6 0.8 21.4 5 143 186 65 0.74 BLD BLD

2554 Dryland 3 08/04/2014 7.9 210 6.9 1,339 0.8 15.8 2.7 94 601 358.0 1.2 21.2 0 138 168 48 0.79 BLD BLD

2554 Dryland 3 13/05/2014 7.8 213 7.1 1,443 0.8 18.1 3.7 96 627 343.6 1.0 15.2 6 131 171 50 0.88 BLD BLD

2554 Dryland 3 13/04/2015 7.9 156 7.3 1,606 1.0 13.8 3.5 113 576 298.0 1.0 23.9 7 129 163 48 0.42 BLD BLD

2554 Dryland 3 24/07/2015 7.8 269 6.1 1,863 1.0 23.4 8.1 149 507 249.0 0.7 16.4 7 113 154 43 1.29 BLD BLD

2640 Dryland 3 11/04/2013 8.4 335 7.2 2,78 1.5 15.2 6.2 362 1,074 407.9 4.2 25.6 16 166 304 193 1.05 BLD BLD

2640 Dryland 3 03/09/2013 8.3 409 6.0 1,77 0.9 17.9 4.1 121 705 354.0 3.1 37.3 17 130 156 53 0.55 BLD BLD

2640 Dryland 3 07/10/2013 8.3 353 8.0 1,79 1.0 17.6 3.3 173 749 453.8 4.3 46.3 20 166 206 49 0.64 BLD BLD

2640 Dryland 3 24/10/2013 8.1 338 8.2 1,97 1.2 16.7 3.2 112 684 394.3 2.5 46.2 4 168 195 40 0.74 BLD BLD

2640 Dryland 3 18/11/2013 8.4 417 9.9 2,079 1.0 5.3 4.6 126 711 409.9 3.4 46.5 18 135 181 55 0.71 BLD BLD

2640 Dryland 3 02/12/2013 8.4 474 10.8 1,06 0.6 2.9 2.7 127 711 365.5 2.5 53.8 29 167 179 81 0.55 BLD BLD

2640 Dryland 3 18/03/2014 8.4 180 8.6 1,374 1.0 10.5 2.6 119 677 368.7 3.3 45.3 8 163 182 57 0.55 BLD BLD

2640 Dryland 3 08/04/2014 8.2 235 8.2 1,987 1.2 16.3 3.3 120 685 333.4 2.5 46.2 0 160 183 61 0.67 BLD BLD

2640 Dryland 3 13/05/2014 8.3 209 7.7 1,522 0.9 16.2 4.5 135 660 367.9 3.5 47.1 19 145 174 59 0.93 BLD BLD

2640 Dryland 3 13/04/2015 8.3 144 9.2 1,624 1.1 12.4 4.2 148 708 342.6 2.8 41.6 21 159 191 65 0.33 BLD BLD

2640 Dryland 3 24/07/2015 8.3 248 7.2 1,769 1.0 21.6 6.3 149 610 467.5 4.6 41.6 26 140 178 63 1.19 BLD 45

2642 Dryland 3 11/04/2013 8.0 241 7.7 2,21 1.1 12.8 4.5 172 885 480.7 2.1 18.5 16 190 238 95 0.94 BLD BLD

2642 Dryland 3 02/07/2013 8.1 264 4.7 2,23 1.1 21.7 4.6 113 960 386.9 2.3 44.2 10 162 214 77 0.65 39 888

2642 Dryland 3 03/09/2013 8.1 373 4.5 2,82 1.5 20.6 4.9 120 1,041 362.4 2.4 10.4 15 204 243 83 0.74 BLD BLD

2642 Dryland 3 07/10/2013 8.1 396 7.6 2,02 1.1 20.6 3.7 121 929 496.7 3.4 18.5 18 193 229 61 0.66 BLD BLD

2642 Dryland 3 24/10/2013 8.2 425 6.2 2,37 1.2 13.7 3.8 139 928 401.3 2.7 19.4 25 185 226 88 0.82 BLD BLD

2642 Dryland 3 18/11/2013 8.3 453 9.6 2,29 1.2 6.0 4.0 111 869 445.3 2.8 30.4 58 176 204 80 0.64 BLD BLD



2642 Dryland 3 02/12/2013 8.3 361 11.0 1,22 0.6 2.7 3.7 135 911 428.1 2.9 30.3 21 192 209 89 0.86 BLD BLD

2642 Dryland 3 18/03/2014 7.9 169 7.4 1,779 1.2 10.2 4.3 142 929 368.0 1.2 31.2 11 193 216 88 0.74 BLD BLD

2642 Dryland 3 13/04/2015 7.8 190 7.7 1,948 1.4 9.8 5.1 180 1,091 414.6 1.1 27.5 27 225 262 111 0.28 BLD BLD

2571 Irrigation 4 11/04/2013 8.0 340 5.5 1,54 0.7 13.8 4.2 132 325 551.0 2.2 68.2 12 123 144 52 0.63 BLD BLD

2571 Irrigation 4 07/06/2013 7.6 424 5.7 1,18 0.6 12.9 14.2 123 278 505.1 0.9 65.2 8 114 127 37 0.51 BLD BLD

2571 Irrigation 4 02/07/2013 7.8 -138 0.2 1,56 0.8 19.2 22.7 357 231 768.6 2.8 BLD 20 111 219 97 1.22 43 787

2571 Irrigation 4 07/10/2013 8.1 405 5.9 1,38 0.8 23.1 5.9 142 398 496.0 3.6 55.2 6 157 156 30 0.41 BLD BLD

2571 Irrigation 4 24/10/2013 7.9 299 7.6 1,819 1.0 17.6 3.7 110 384 529.0 2.1 55.4 4 141 162 17 0.45 BLD BLD

2571 Irrigation 4 18/11/2013 8.3 424 9.0 1,816 0.9 5.7 5.6 145 393 405.9 3.0 64.2 10 134 150 44 0.35 BLD BLD

2571 Irrigation 4 02/12/2013 8.0 351 8.9 1,69 0.9 4.6 4.4 133 395 501.3 1.7 69.3 14 147 143 51 0.34 BLD BLD

2571 Irrigation 4 18/03/2014 8.0 206 6.9 1,336 0.9 11.7 4.5 138 421 454.6 1.8 58.1 10 128 143 42 0.71 BLD BLD

2571 Irrigation 4 08/04/2014 8.0 213 6.3 1,346 0.9 14.3 4.7 141 415 466.5 1.8 45.7 10 131 146 43 0.56 BLD BLD

2571 Irrigation 4 13/05/2014 7.9 244 6.6 1,746 1.0 18.6 5.8 123 424 485.5 1.9 40.3 10 149 137 51 0.96 BLD BLD

2571 Irrigation 4 13/04/2015 8.1 164 8.5 1,557 1.0 13.3 6.0 213 328 438.0 2.5 99.2 12 125 172 66 0.34 BLD BLD

2571 Irrigation 4 24/07/2015 7.7 76 1.3 1,955 1.0 23.3 16.2 192 289 348.0 1.0 29.7 9 106 138 45 2.02 BLD BLD

2602 Irrigation 4 11/04/2013 8.2 325 7.3 1,93 0.9 12.9 6.8 212 496 384.3 2.7 40.4 9 111 137 120 0.65 BLD BLD

2602 Irrigation 4 07/06/2013 7.8 407 7.6 1,72 0.9 12.8 5.6 230 532 516.4 1.3 49.5 10 121 149 131 0.75 BLD BLD

2602 Irrigation 4 02/07/2013 8.2 341 6.9 1,87 1.0 18.1 6.0 236 678 486.4 3.8 51.1 12 132 245 102 1.13 20 88

2602 Irrigation 4 18/03/2014 8.3 201 7.9 1,834 1.3 10.6 6.2 263 788 468.1 3.5 47.9 11 138 198 149 0.86 BLD BLD

2602 Irrigation 4 08/04/2014 8.1 258 6.7 2,167 1.3 16.9 7.9 291 794 460.0 2.5 34.3 12 153 188 165 0.92 BLD BLD

2602 Irrigation 4 13/04/2015 8.3 142 9.6 2,153 1.4 13.5 7.1 289 773 382.8 3.5 54.0 12 152 187 164 1.17 BLD BLD

2602 Irrigation 4 24/07/2015 7.8 253 7.5 975 0.5 24.0 6.4 258 641 280.0 0.9 1.77 11 116 167 146 0.23 BLD BLD



Table 3.B

Control Point Zone Group Date δ13CDIC δ15NNO3 δ18ONO3 δ2HH2O δ18OH2O

2635 Lake 1 20/03/2013 -6.0 nd nd -9.2 +0.6

2635 Lake 1 11/04/2013 -7.0 nd nd -8.5 +0.8

2635 Lake 1 21/05/2013 -6.4 nd nd -16.2 -0.2

2635 Lake 1 07/06/2013 -9.8 nd nd -16.5 -0.4

2635 Lake 1 20/06/2013 -11.2 nd nd -17.4 -0.7

2635 Lake 1 02/07/2013 -10.4 nd nd -13.7 +0.1

2635 Lake 1 18/07/2013 -10.0 nd nd -11.6 +2.2

2635 Lake 1 06/08/2013 -8.9 nd nd -7.1 +3.5

2635 Lake 1 03/09/2013 -8.0 nd nd +3.1 +2.8

2635 Lake 1 18/09/2013 -8.5 nd nd +5.8 +2.8

2635 Lake 1 07/10/2013 -6.5 nd nd +4.5 +3.7

2635 Lake 1 24/10/2013 -4.8 nd nd +4.4 +3.9

2635 Lake 1 06/11/2013 -6.8 nd nd +6.7 +4.8

2635 Lake 1 18/11/2013 -7.1 nd nd +9.3 +4.5

2635 Lake 1 02/12/2013 -7.3 nd nd +4.9 +3.7

2635 Lake 1 18/12/2013 -4.9 nd nd +4.4 +3.2

2635 Lake 1 09/01/2014 -6.6 nd nd -2.5 +1.7

2635 Lake 1 21/01/2014 -6.6 nd nd -8.1 +1.0

2635 Lake 1 18/03/2014 -6.8 nd nd -9.3 +0.2

2635 Lake 1 08/04/2014 -6.8 nd nd -7.6 +0.5

2635 Lake 1 13/05/2014 -5.3 nd nd -0.9 +2.1

2635 Lake 1 13/04/2015 -9.5 nd nd -2.7 +1.5

2635 Lake 1 24/07/2015 -16.3 nd nd +35.4 +10.4

2643 Lake 1 06/11/2013 -6.6 nd nd +8.1 +4.4

2643 Lake 1 18/11/2013 -6.9 nd nd +6.3 +3.9

2643 Lake 1 13/04/2015 -9.3 nd nd -48.2 -6.4

2643 Lake 1 24/07/2015 -8.3 nd nd +30.6 +11.0

2648 Lake 1 09/01/2014 -6.8 nd nd -6.0 +1.1

2648 Lake 1 07/04/2015 -11.2 nd nd -45.0 -6.2

2648 Lake 1 13/04/2015 -9.2 nd nd -13.4 -0.7

2648 Lake 1 24/07/2015 -11.0 nd nd +26.1 +8.5

2649 Lake 1 07/04/2015 -9.5 nd nd -48.1 -6.7

2649 Lake 1 13/04/2015 -9.1 nd nd -47.0 -6.7

2649 Lake 1 24/07/2015 -12.9 nd nd +29.0 +9.8

2651 Lake 1 07/04/2015 -9.4 nd nd -46.6 -6.5

2651 Lake 1 13/04/2015 -10.1 nd nd -13.8 -0.3

2651 Lake 1 24/07/2015 -8.1 nd nd +30.3 +9.4

2652 Lake 1 07/04/2015 -11.8 nd nd -47.5 -6.5

2652 Lake 1 13/04/2015 -10.1 nd nd -27.2 -2.4

2652 Lake 1 24/07/2015 -14.1 nd nd +33.5 +10.6

2575 Wastewaters 2 11/04/2013 -10.0 +12.0 +1.5 -46.7 -6.1

2575 Wastewaters 2 07/06/2013 -10.1 nd nd -46.5 -6.5

2575 Wastewaters 2 02/07/2013 -6.4 nd nd -45.0 -4.2

2575 Wastewaters 2 03/09/2013 -10.7 nd nd -45.3 -8.4

2575 Wastewaters 2 07/10/2013 -11.0 nd nd -47.5 -6.4

2575 Wastewaters 2 24/10/2013 -9.9 nd nd -50.2 -6.6

2575 Wastewaters 2 18/11/2013 -9.8 nd nd -55.1 -6.7

Supplementary Information: Appendix 3B

Isotopic values (‰) in water samples: δ13C in bicarbonate molecule, δ15N and δ18O in nitrate molecule, δ2H and δ18O in water 
molecule. nd: not determined.



2575 Wastewaters 2 02/12/2013 -10.2 +6.6 +10.8 -48.8 -6.2

2575 Wastewaters 2 18/03/2014 -8.0 nd nd -45.7 -6.5

2575 Wastewaters 2 08/04/2014 -10.0 nd nd -46.5 -6.2

2575 Wastewaters 2 13/05/2014 -7.7 nd nd -44.2 -5.6

2575 Wastewaters 2 07/04/2015 -11.5 nd nd -48.6 -6.5

2575 Wastewaters 2 13/04/2015 -10.2 nd nd -15.7 -0.9

2641 Wastewaters 2 02/07/2013 -12.2 +14.7 +5.1 -48.1 -5.2

2641 Wastewaters 2 03/09/2013 -12.3 +12.5 +7.4 -45.2 -7.6

2641 Wastewaters 2 07/10/2013 -11.7 +7.3 +7.8 -51.2 -6.7

2641 Wastewaters 2 24/10/2013 -11.7 +8.8 +5.8 -48.7 -6.5

2641 Wastewaters 2 18/11/2013 -11.6 +10.4 +4.7 -52.4 -6.9

2641 Wastewaters 2 02/12/2013 -11.6 +8.9 +9.8 -48.5 -6.3

2641 Wastewaters 2 18/03/2014 -10.3 +10.5 +5.5 -49.5 -6.5

2641 Wastewaters 2 08/04/2014 -9.9 +9.9 +5.0 -50.0 -6.6

2641 Wastewaters 2 13/05/2014 -10.7 +10.6 +5.6 -49.2 -6.5

2641 Wastewaters 2 13/04/2015 -12.0 +8.6 +4.7 -17.2 -1.2

2641 Wastewaters 2 24/07/2015 -13.1 +10.5 +7.6 -49.8 -7.4

2554 Dryland 3 11/04/2013 -9.8 +10.5 +8.4 -47.5 -6.6

2554 Dryland 3 07/06/2013 -8.1 +10.2 +7.6 -49.8 -6.1

2554 Dryland 3 02/07/2013 -10.6 +10.4 +9.1 -49.6 -6.1

2554 Dryland 3 03/09/2013 -11.3 +10.4 +8.0 -46.0 -5.9

2554 Dryland 3 07/10/2013 -11.5 +12.3 +8.8 -49.6 -6.6

2554 Dryland 3 24/10/2013 -11.5 +10.8 +8.0 -49.6 -6.5

2554 Dryland 3 18/11/2013 -10.5 +10.9 +8.7 -46.9 -6.4

2554 Dryland 3 02/12/2013 -11.2 +12.1 +8.3 -45.9 -6.0

2554 Dryland 3 18/03/2014 -9.8 +13.0 +7.7 -46.2 -6.1

2554 Dryland 3 08/04/2014 -10.0 +15.8 +9.2 -45.9 -6.1

2554 Dryland 3 13/05/2014 -11.1 +11.7 +7.5 -45.0 -6.0

2554 Dryland 3 13/04/2015 -12.6 +6.9 +10.3 -48.2 -6.7

2554 Dryland 3 24/07/2015 -12.0 +7.5 +10.2 -47.1 -6.1

2640 Dryland 3 11/04/2013 -8.9 +10.2 +5.0 -50.1 -6.7

2640 Dryland 3 03/09/2013 -11.7 +8.4 +13.6 -46.3 -8.7

2640 Dryland 3 07/10/2013 -11.1 +8.2 +9.8 -49.3 -6.5

2640 Dryland 3 24/10/2013 -11.4 +9.6 +12.7 -47.5 -6.5

2640 Dryland 3 18/11/2013 -9.7 +9.2 +6.6 -49.1 -6.4

2640 Dryland 3 02/12/2013 -10.3 +7.4 +7.0 -48.1 -6.3

2640 Dryland 3 18/03/2014 -9.8 +8.3 +8.0 -46.3 -6.3

2640 Dryland 3 08/04/2014 -8.7 +6.8 +6.6 -49.1 -6.2

2640 Dryland 3 13/05/2014 -9.1 +7.0 +3.9 -45.6 -6.0

2640 Dryland 3 13/04/2015 -12.2 +6.9 +8.5 -12.8 -0.7

2640 Dryland 3 24/07/2015 -11.7 nd nd -47.6 -5.3

2642 Dryland 3 11/04/2013 -8.8 +16.2 +7.5 -44.2 -5.8

2642 Dryland 3 07/06/2013 -10.8 +15.6 +10.4 -45.9 -5.9

2642 Dryland 3 02/07/2013 -11.7 +16.8 +16.9 -46.4 -5.0

2642 Dryland 3 03/09/2013 -12.1 +21.6 +12.4 -46.2 -7.2

2642 Dryland 3 07/10/2013 -11.4 +15.7 +13.3 -50.8 -6.7

2642 Dryland 3 24/10/2013 -11.9 +14.1 +9.6 -47.6 -6.4

2642 Dryland 3 18/11/2013 -11.9 +17.6 +8.6 -50.8 -6.5

2642 Dryland 3 02/12/2013 -12.0 +12.7 +12.8 -48.2 -6.5

2642 Dryland 3 18/03/2014 -8.7 +17.9 +9.4 -49 -6.4

2642 Dryland 3 08/04/2014 -13.3 nd nd -45.5 -6.4



2642 Dryland 3 13/04/2015 -13.6 +16.0 +8.7 -16.5 -0.8

2571 Irrigation 4 11/04/2013 -9.3 +9.5 +6.3 -47.8 -6.8

2571 Irrigation 4 07/06/2013 -9.9 +10.5 +8.1 -35.2 -3.5

2571 Irrigation 4 02/07/2013 -11.1 nd nd -33.9 -2.8

2571 Irrigation 4 03/09/2013 -12.8 nd nd -37.0 -7.0

2571 Irrigation 4 07/10/2013 -10.5 +13.6 +10.2 -49.1 -6.7

2571 Irrigation 4 24/10/2013 -10.4 +8.5 +14.4 -50.8 -6.8

2571 Irrigation 4 18/11/2013 -10.4 +10.1 +8.2 -51.9 -6.9

2571 Irrigation 4 02/12/2013 -9.9 +9.9 +5.9 -47.8 -6.4

2571 Irrigation 4 18/03/2014 -9.6 +11.2 +7.7 -46.7 -6.8

2571 Irrigation 4 08/04/2014 -9.4 +13.9 +13.8 -48.2 -6.7

2571 Irrigation 4 13/05/2014 -9.9 +14.3 +13.8 -47.5 -6.6

2571 Irrigation 4 13/04/2015 -13.9 +10.9 +8.7 -15.8 -1.0

2571 Irrigation 4 24/07/2015 -14.3 +17.3 +16.9 -46.5 -6.7

2602 Irrigation 4 11/04/2013 -10.5 +12.3 +10.4 -48.6 -6.2

2602 Irrigation 4 07/06/2013 -10.4 +9.1 +9.1 -48.5 -6.0

2602 Irrigation 4 02/07/2013 -11.9 +14.9 +11.4 -48.8 -5.7

2602 Irrigation 4 18/03/2014 -10.9 +14.3 +10.0 -48.1 -6.4

2602 Irrigation 4 08/04/2014 -11.1 +11.8 +10.3 -46.3 -6.3

2602 Irrigation 4 13/04/2015 -12.3 +8.8 +11.8 -15.8 -1.2

2602 Irrigation 4 24/07/2015 -10.6 nd nd -46.7 -5.3



Table 3.C

Sample Core Depth (cm) Location Date LOI550 TC δ13CTC SOC δ13CSOC TN δ15NTN C:N

SA1 A 5 2648 25/09/2014 3.8 13.2 -13.6 2.75 -3.7 0.62 9.2 4.4

SA6 B 5 2648 25/09/2014 6.5 8.88 -11.4 4.01 -6.7 0.30 9.5 13.5

SA11 C 5 2648 25/09/2014 3.1 4.31 -9.0 1.75 -3.1 0.06 9.6 31.6

SA16 D 5 2648 25/09/2014 3.2 3.31 -8.1 2.94 -5.9 0.05 10.1 57.3

SA21 E 5 2648 25/09/2014 19.0 3.34 -3.3 0.86 -14.0 0.08 10.5 11.2

SB1 F 5 2648 18/12/2014 13.9 7.44 -13.7 6.10 -18.1 0.43 9.7 14.2

SB7 G 5 2648 18/12/2014 3.9 4.20 -6.7 2.44 -5.4 0.06 9.2 38.0

SB13 H 5 2648 18/12/2014 5.3 5.82 -8.5 3.70 -7.5 0.10 9.4 37.4

SB18 I 5 2648 18/12/2014 5.9 5.30 -8.0 4.10 -10.1 0.14 9.3 28.7

SC1 J 5 2648 07/04/2015 5.0 2.94 -3.8 1.00 -24.6 0.04 12.0 23.1

SC6 K 5 2649 07/04/2015 4.7 3.92 -2.2 0.68 -25.1 0.04 14.4 16.7

SC14 M 5 2651 07/04/2015 9.1 8.67 -8.8 2.41 -22.3 0.16 12.0 14.6

SC19 N 5 2652 07/04/2015 10.0 2.41 -14.6 1.78 -22.6 0.23 12.4 7.8

Supplementary Information: Appendix 3C

Contents of organic matter (LOI550, (%)), total carbon (TC, (%)), soil organic carbon (SOC, (%)), total nitrogen (TN, (%)), isotopic compositions (‰) and C:N ratio in lake sediment samples.
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Supplementary Information: Appendix 3D 

Results 

Saturated conditions occurred below about 3 m depth for all the profiles. The sedimentary 
sequence is homogeneous in the five profiles and changes in rock porosity are assumed to be 
negligible. Thus, resistivity variations are related to changes in water electrical conductivity 
(EC). Electrical resistivity tomography (ERT) profiles showed a transition from areas close to 
the lake (ERT profiles A, B and E), with low resistivity values (<20 Ohm·m), to the most 
remote areas from the lake, with higher resistivity values. ERT-A revealed a zone of high 
conductivity (low resistivity) down to 40 metres below ground surface (mbgs). In the ERT-B 
a saline wedge of about 15 m was recorded, continuing to the W below control point 2571. 
ERT-E showed low resistivity values at 20 mbgs depth. In contrast, ERT-C and showed low 
resistivity values (<5 Ohm·m) throughout the profile. Resistivity in ERT-D was higher than 
in the other profiles, with no evidence of a saline wedge down to 40 mbgs. 
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Figure 3.D   Inverted resistivity sections for two-dimensional ERT profiles A, B, C, D and E. Red color represents 

high resistivity and low electrical conductivity (EC), blue denotes areas with high EC.
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This chapter is under review in Microchemical Journal. 

Valiente, N., Gómez-Alday, J. J., and Jirsa, F. Spectrophotometric determination of nitrate in 
hypersaline waters after optimization based on the Box-Behnken design. 

Abstract 

Monitoring dissolved nitrate (NO3
−) concentrations is essential for conservation efforts in 

aquatic ecosystems. Spectrophotometric methods are a widely accepted approach for NO3
− 

analysis. They detect NO3
−

 as a colored diazo complex after reduction to nitrite (NO2
−) and 

its consequent reaction with the so-called Griess reagent. This method is commonly used for 
freshwater and saline water samples, even though it requires applying a heavy metal in 
powder form (cadmium, Cd) or high concentrations of heavy metal salts (vanadium, V(III)) 
as a reductant. There has been little discussion about applying these methods for hypersaline 
samples. This study optimizes an existing method for use in high saline conditions based on 
the Griess reaction. Five factors were studied: incubation temperature, reaction time, 
concentration of EDTA, concentration of trisodium citrate, and concentration of reductant 
(VCl3). Optimal conditions were obtained by using the Box-Behnken design and included 
using VCl3 17.5 mM, trisodium citrate 70 mM, and an incubation temperature of 60 ºC for 
40 min. These conditions provided a linear range from 0 to 50 µM NO3

− with a detection limit 
of 0.55 µM NO3

−. The method showed a moderate precision (ranging from 4.3% to 15.4%). 
The proposed protocol was tested with hypersaline natural samples and showed recovery 
rates between 92.6% and 100.1%. This protocol for NO3

− determination is the first specifically 
described for hypersaline samples. 

4.1 Introduction 

The nitrogen cycle is highly relevant in natural water bodies (Vitousek et al., 1997; Galloway 
et al., 2004). During the past half-century, the excessive use of N-fertilizers in agriculture has 
led to a significant increase in the nitrogen contents in surface water bodies (Frink et al., 1999; 
Bouwman et al., 2013). Moreover, using wetlands as discharge areas for water-irrigation 
returns and wastewater spills has contributed to this nitrogen load. The dominant N-species 
in the aquatic environment are nitrate (NO3

−) and ammonium (NH4
+). Nonetheless, levels of 

nitrogen and its speciation in water bodies depend on various processes including the influx 
from surrounding agricultural soils, direct discharge from households or industries, as well 
as uptake and release processes of biota. Under anoxic conditions, NO3

− can be reduced to 
molecular nitrogen (N2) by denitrification – via intermediate products such as nitrite (NO2), 
nitric oxide (NO), and nitrous oxide (N2O) – but also can be directly converted to ammonium 
by dissimilatory nitrate reduction (DNRA) (Tiedje, 1988). Under oxic conditions, 
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nitrification processes include the oxidation of NH4
+ to NO2

− and further to NO3
−. Both NO3

− 
and NH4

+ can be assimilated by plants and other organisms. NO3
− compounds are generally 

water soluble and therefore easily dispersed in the environment. The enrichment of N-
species, especially of NO3

−, leads to eutrophication of water bodies (Ryther and Dunstan, 
1971; Schindler et al., 1971). This severe type of pollution may lead to algal blooms and their 
potentially catastrophic consequences (Barica et al., 1980).  In groundwater, high NO3

− 
contents can act as a pool for surface water pollution. They also pose a threat to human health 
when groundwater is used for drinking purposes (Fried, 1975; Power and Schepers, 1989; 
Burow et al., 2010).  

Globally, freshwater lakes cover about 91,000 km3. Interestingly, the volume of inland saline 
waters is quite similar to the volume of freshwaters, i.e. about 85,400 km3 (Babkin, 2003). Most 
of the highly productive lakes are associated with high salinity and alkalinity (Hammer, 1981). 
They therefore have a high potential to remove nitrogen compounds from agricultural runoff 
(Brinson et al., 1995). Some of the processes, e.g. denitrification, are linked with the 
freshwater-salt water interface (Gómez-Alday et al., 2014). In limnology, waters are 
frequently classified according to the total dissolved solids (TDS) concentration. Hypersaline 
waters show TDS above 50 ‰. Most of the waters in salt lakes around the world are classified 
as Na-Cl brines and Na-Mg-Cl to Mg-Cl-SO4 brines (Brisou et al., 1974; Aharon et al., 1977; 
Eugster and Hardie, 1978; Bryant et al., 1994; Javor, 2012; Wang et al., 2012; Darvishi-
Khatuoni et al., 2015). Examples of Na-Cl brines are Great Salt Lake (Utah, USA), Carson 
Sink (Nevada, USA), Saline Valley (California, USA), Death Valley (California, USA), Soda 
Lake (California, USA), Lake Eyre (South Australia, Australia), and Lake Assal (Tadjourah, 
Djibouti). Na-Mg-Cl-SO4 brines are represented by the Dead Sea, Lake Urmia (Iranian 
Azerbaijan, Iran), Solar Lake (Sinai, Egypt), Chott el Djerid (Kebili, Tunisia), and Chaerhan 
Lake (Qinghai, China). Na-Mg-Cl-SO4 brine also occurs in Pétrola Lake (Castilla-La Mancha, 
Spain), where notable problems related to NO3

− pollution have been described (Gómez-Alday 
et al., 2014). 

The accurate measurement of NO3
− concentrations is fundamental to assess the quality status 

of a waterbody. The determination of NO3
− in saline and hypersaline waters is particularly 

complex. Analytical methods have certain limitations under high ionic strength due to the 
massive ionic competition (Ghassemzadeh et al., 1997). Thus the accuracy of the methods 
used to determine NO3

− depends on the chemical interferences in the complex matrix (Šraj et 
al., 2014). Hypersaline waterbodies have become a focus of research in recent years (e.g. Jirsa 
et al., 2013; Schagerl, 2016), although no specific procedure for analyses in hypersaline water 
samples has been described yet. Therefore, methods for marine water have been widely used 
in those waters, including NO3

− analyses.  

The main advantages of spectrophotometric methods are their simplicity and inexpensive 
analytical feasibility (Wang et al., 2017). These methods for NO3

− determination are based on 
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determining NO2
−, after preceding reduction of NO3

−. The most frequently applied approach 
for NO2

− analyses is based on the ‘azo dye coupling reaction’ first described by Griess (1879) 
and therefore named after him as the Griess reaction. This assay is based on diazotization of 
an aromatic amine (e.g. sulfanilamide), which reacts with nitrosating species derived from 
NO2

− under acidic conditions, building a diazonium salt. The diazonium salt is then coupled 
with an aromatic amino compound to produce an azo dye at pH 5-9 (Rider and Mellon, 1946). 
This reaction follows first-order kinetics (Fox, 1979). The colorimetric determination of the 
azo dye compound is done at 543 nm.  The formation of this compound is influenced by 
possible reactions of NO2

− with ring substituents other than the amino group or reduction of 
the diazonium ion by residual reductants (Fox, 1979; Doane and Horwáth, 2003). During 
sample preparation, the main problems involve the stability of the complex, temperature, pH, 
and matrix effects. The samples should not contain oxidants, reductants, colored substances, 
urea, aliphatic amines, or suspended particulates. Moreover, interferences in absorbance 
occur in the same region due to the presence of species such as Sb3+, Au3+, Bi3+, Fe3+, Pb2+, 
Hg2+, and Ag+ (Pasquali et al., 2010; Aydin, 2013). Several modifications have made the 
method more reliable, for example the use of masking agents. They reduce the analytical 
interferences in NO3

− determination (West and Ramachandra, 1966). In the Griess reaction, 
the most commonly used masking agents are ethylenediaminetetraacetic acid disodium 
dihydrate (EDTA) (Abbas and Mostafa, 2000; Tovar et al., 2002; Narayana and Sunil, 2009) 
and trisodium citrate (Nelson et al., 1954; Mullin and Riley, 1955). 

As described above, determining NO3
− by Griess assay requires its reduction to NO2

−. The 
NO3

− concentration is estimated by subtracting the NO2
− concentration in the untreated 

sample from the total NO2
− concentration in the reduced sample (Marzinzig et al., 1997). The 

critical step for NO3
− measurement is the reduction from NO3

− to NO2
−, usually carried out 

by reducing agents using e.g. Cd powder in columns (Hydes and Hill, 1985), combining Cu-
Cd (Wood et al., 1967; Sastry et al., 2002), Ti (III) salts (Awad and Hassan, 1969; Foreman et 
al., 2016), or V(III) salts (Braman and Hendrix, 1989; Miranda et al., 2001; Wang et al., 2016). 
In contrast to Cd column methods, dissolved organic carbon (DOC) has no effect on the 
efficiency when V salts are used (Schnetger and Lehners, 2014). VCl3 has therefore been 
widely adopted as reducing agent. Many of these studies focused on marine waters (García-
Robledo et al., 2014; Schnetger and Lehners, 2014; McCaul et al., 2016), pore water (Metzger 
et al., 2016), and saline soil extracts (Doane and Horwáth, 2003; Hood-Nowotny et al., 2010). 
Such approaches suggest that the Griess assay with reduction by VCl3 may be appropriate for 
hypersaline waters. During a first attempt at NO3

− determination in hypersaline (TDS≈60 ‰) 
water samples from Pétrola Lake, we had used the sample preparation described by García-
Robledo et al. (2014) for marine water. Reproducibility, however, was limited due to a 
negligible formation of the azo-dye, probably due to ionic competition under high ionic 
strength. Such evidence pointed to the need of developing a method to determine NO3

− under 
hypersaline conditions. This paper presents a method of spectrophotometric NO3

− 
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determination tested and evaluated for use in hypersaline water samples. To achieve this goal, 
we investigated the effects of different factors using the Box-Behnken design (BBD), a 
multivariate optimization procedure based on surface response methodology (SRM). The 
optimized conditions were thereafter tested for their reliability in NO3

−
 spiked hypersaline 

samples from a lake. Our results describe a simple, fast, and cost-effective method for NO3
− 

measurement in hypersaline water samples.  

4.2 Material and methods 

4.2.1 Reagents and standards 

All the reagents used were purchased from Sigma-Aldrich and Panreac in analytical grade. 
Ultrapure water (18.2 MΩ/cm) was used for sample preparation. In the absence of certified 
reference material for NO3

− in the hypersaline range, the methods recommended by the 
IUPAC were adopted (Thompson et al., 1999; Noack et al., 2015). Thus, optimization was 
performed by producing synthetic brine with Na-Mg-Cl-SO4 composition to evaluate 
influences of the background salinity. Concentrations were chosen to match maximum values 
reported in Pétrola hypesaline lake (Gómez-Alday et al., 2014). Final concentrations of the 
matrix were: 945 mM Na+, 23 mM K+, 13 mM Ca2+, 904 mM Mg2+, 1,051 mM Cl−, 878 mM 
SO4

2−, and 58 mM total carbonates. Major ions were quantified using an ion chromatograph 
(Metrohm 930 Compact IC Flex), whereas total carbonates were measured with an automated 
titrator (Metrohm 855 Robotic Titrosampler) at the Institute for Regional Development 
(IDR) of the University of Castilla-La Mancha (UCLM). The electrical conductivity was 
determined to be 131 mS/cm and TDS=78.5 ‰. Stock NO3

− standard solution (806.5 µM) 
was prepared by diluting 1.25 mL of a 1,000 mg/L standard solution of NO3

− (Sigma-Aldrich) 
in 25 mL of ultrapure water. Three aliquots (50 mL) of artificial hypersaline water were spiked 
with NO3

− standard solution to reach a concentration of 25 µM. 

The reagent solutions used for the Griess assay were prepared as follows: 

i) N-naphthyl ethylenediamine dihydrochloride (NEDD) solution (0.2%) by dissolving 
100 mg of the substance in 100 mL of ultrapure water,  

ii) Sulfanilamide solution (2%) by dissolving 2 g of sulfanilamide in 100 mL of 10% 
hydrochloric acid (HCl). 

iii) Reductant solutions (VCl3): three different VCl3 solutions were prepared by 
dissolving 68.8 mg, 275.3 mg, and 481.7 mg of reagent, respectively, in 25 mL of 18.5% 
HCl, to reach concentrations of 17.5 mM, 70 mM, and 122.5 mM, respectively. 
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iv) EDTA solutions: two different solutions of ethylenediaminetetraacetic acid (EDTA) 
were prepared by dissolving 511.4 mg and 1,023 mg of reagent in 25 mL of ultrapure 
water, reaching concentrations of 70 mM and 140 mM, respectively. 

v) Na-citrate solutions: two solutions of trisodium citrate dyhidrate (Na-citrate) were 
made by dissolving 514.7 mg and 1,029 mg of Na-citrate in 25 mL of ultrapure water, 
achieving concentrations of 70 mM and 140 mM, respectively. 

Calculated concentrations of the major cations in the synthetic samples as well as major 
components of the natural samples were determined using an ion chromatograph (Metrohm 
930 Compact IC Flex) and automated titrator (Metrohm 855 Robotic Titrosampler), at the 
IDR of the UCLM. 

4.2.2 Nitrate determination 

All NO3
− determinations were based on the following procedure. From each sample, 500 µL 

were transferred into 2 mL Eppendorf tubes. Then, 25 µL of EDTA solution were transferred 
to the tube, followed by adding 25 µL of Na-citrate solution. The concentrations of the EDTA 
and Na-citrate solutions depended on the experiment performed in the optimization study, 
as described later. Subsequently, Griess reagent was prepared by mixing in equal shares of 
sulfanilamide and NEDD solutions. Then, 50 µL of Griess reagent were added to the tube and 
gently mixed. Finally, 100 µL of VCl3 were added into each tube. The concentration of VCl3 

varied according to the optimization design. The solution was mixed well and 250 µL from 
each sample were transferred to 96-well plates. Then, the microplates were incubated.  After 
incubations, the absorbance was measured at 543 nm using a Cytation 5 Multi-Mode reader 
(BioTek) at the IDR of the UCLM. 

4.2.3 Experimental design 

A Box-Behnken experimental design (BBD) for five factors at three levels was performed 
following the response surface method (RMS). This should allow evaluating the effects of the 
factors, finding the optimum condition for desirable response (Ferreira et al., 2007). As main 
advantages, the BBD requires only three levels for each factor, and does not contain 
combinations for which all factors are simultaneously at the highest or lowest levels. The BBD 
has been applied in many optimization studies of spectroanalytical methods (Otero-Rey et 
al., 2005; Brasil et al., 2006; de Oliveira and Korn, 2006; Niazi et al., 2015; Souza et al., 2017).  
To optimize sample preparation, hypersaline water of the Na-Mg-Cl-SO4 type, similar to 
some of the world’s large salt lakes, was synthesized. RMS was used to test the effect of the 
selected factors affecting the Griess assay, and to determine the optimum levels of each 
significant variable considering absorbance at 543 nm as response. Those factors, or 
independent variables, were: incubation temperature, incubation time, final EDTA 
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concentration, final Na-citrate concentration, and final concentration of VCl3. Each factor 
was coded at three levels between -1 and +1, where -1 corresponds to the minimum value, 0 
to the medium, and +1 to the maximum value of each factor (Table 4.1). The selected 
temperature range was between 40 and 60 ºC according to García-Robledo et al. (2014), who 
suggested this range using marine waters. Reaction times were also selected from those 
experiments because the authors found maximum responses after 40 and 15 min of 
incubation, using 50 and 60 ºC of incubation, respectively. VCl3 final concentrations were 
selected according to maximum final concentrations (app. 17 mM) used by Miranda et al. 
(2001) and Schnetger and Lehners (2014), medium final concentrations (app. 10 mM) 
employed by García-Robledo et al. (2014), and conservative minimum final concentrations 
(2.5 mM), in order to economize the reagent. 

Table 4.1 Experimental ranges and levels of factors used in the BBD. 

Factor Variable 
Range of levels 

-1 0 1 

Incubation temperature (ºC) X1 40 50 60 

Reaction time (min) X2 20 30 40 

EDTA final (mM) X3 0 2.5 5 

Na-citrate final (mM) X4 0 2.5 5 

VCl3 final (mM) X5 2.5 10 17.5 

 

Each experiment was performed in triplicate, one for each 25 µM NO3
− aliquot (n=138 runs). 

The total number of experiments was forty-six for each aliquot, defined by Equation 4.1: 

 N = 2k (k - 1) + C0 (4.1) 

where k is the factor number (n=5) and C0 is the number of replicates of the central point 
(n=6). Minitab 18 software was employed to calculate the second-order polynomial equation 
and evaluate the relation between response and independent variables. 

4.2.4 Calibration curves 

A set of samples was prepared with artificial hypersaline water at NO3
− concentrations of up 

to 200 μM, at 10 μM intervals by replicate (n=42). Absorbance at 543 nm was measured in 
each standard using the optimized variables defined by the BBD. These results were used to 
calculate a) the linear range of the method, b) the precision as the coefficient of variation 
(CV%), and c) the low concentration calibration by calculating the limit of detection (LOD) 
for the linear range. LOD was calculated as 3.3 times the residual standard deviation of the 
linear regression divided by the slope. For the linear range, standards were used in replicate 
(n=10). 
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4.2.5 Kinetic experiments 

Time evolution of absorbance at 543 nm was measured using five different NO3
− artificial 

hypersaline standards in the linear range. Each standard was prepared and evaluated in 
triplicate. Measurements were performed from time 0, during 90 min, at 1 min intervals. 
These results were used to refine the optimal reaction time selected using the BBD.  

4.2.6 Environmental samples 

Fifteen water samples were collected from five different locations from the surface of Pétrola 
Lake (Spain) during October 2017. Samples were immediately filtered through a 0.2 μm nylon 
filter and transported to the laboratory to determine NO2

− and NO3
− concentrations. For 

NO2
− determination, analyses were performed as described by Schnetger and Lehners (2014). 

Thus, the reduction step using VCl3 was omitted and NO2
− standards were prepared using a 

1,000 mg/L standard solution of NO2
− (Sigma-Aldrich). NO3

− was quantified using the 
standard additions method to minimize the matrix effect. Afterwards, three aliquots of each 
sample were spiked to a final concentration of 25 μM NO3

−. Absorbance at 543 nm of each 
aliquot was measured in order to test the recovery of NO3

− in real samples. 

4.3 Results and discussion 

4.3.1 Optimization of significant variables by RMS 

According to the method involving the Box-Behnken design, the effect of incubation 
temperature (X1), reaction time (X2), EDTA concentration (X3), Na-citrate concentration 
(X4), and VCl3 concentration (X5) using the Griess assay was studied. The experimental design 
results are shown in the Supporting Information. The analytical response (Y) was correlated 
with the five independent variables. Least squares regression was used to fit the results to a 
second-order polynomial equation, as shown in Equation 4.2: 

Y = 0.295 + 0.130X1 + 0.056X2 – 0.065X3 + 0.001X4 

+ 0.170X5 + 8·10-5 X1
2 – 0.014 X2

2 - 0.020 X3
2 – 0.011 X4

2 
– 0.038 X5

2 + 0.029X1·X2 – 0.041X1·X3 – 0.003X1·X4 
+ 0.092X1·X5 – 0.025X2·X3 – 0.003X2·X4 + 0.039X2·X5 
– 0.004X3·X4 + 0.001X3·X5 + 0.001X4·X5 

 

(4.2)

The critical values for the variables which maximized Y were: X1 = 1.00 (60 ºC), X2 = 1.00 (40 
min), X3 = -1.00 (EDTA 0 mM), X4 = -0.03 (Na-Citrate 2.5 mM), and X5 = 1.00 (VCl3 17.5 
mM). 
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4.3.2 Statistical analysis 

The Pareto chart of this design is shown in Figure 4.1 and indicated the contribution of each 
factor to the model. Values exceeding the reference line are significant at P < 0.05. The results 
showed that four factors (VCl3 concentration, incubation temperature, EDTA concentration, 
and reaction time) were the most significant variables in the model. The quadratic term of the 
Na-citrate concentration was also significant but showed a lesser contribution to the model. 

Analysis of variance (ANOVA) was performed to test the statistical significance of the model 
(Table 4.2). The model F-value was 228.88, with a P-value < 0.0001, proving that the model 
results were significant. The Pareto chart (Figure 4.1) shows that the P-values of linear 
coefficients (X1, X2, X3, and X5), interaction term coefficients (X1X2, X1X3, X1X5, X2X3, and 
X2X5) and quadratic term coefficients (X2

2, X3
2, X4

2, and X5
2) were < 0.05 and significant for 

the analytical response. The coefficient of determination (R2) was evaluated to test the fit of 
model.  

Figure 4.1   Pareto chart of the standardized effects at P < 0.05. Vertical dashed line: 95% confidence interval. 

The model showed an R2 of 0.9751. This means that only 2.49% of the total variations could 
not be explained by the model. Therefore, the model is considered significant. 
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Table 4.2  ANOVA for the response surface quadratic model of nitrate determination. 

Source Sum of squares df Mean square F-value P-value 
Model 27.445 20 0.1372 228.88 <0.0001a 

X1 0.8051 1 0.8051 1,342.86 <0.0001a 

X2 0.1518 1 0.1518 253.23 <0.0001a 

X3 0.2008 1 0.2008 334.91 <0.0001a 

X4 0.0000 1 0.0000 0.03 0.874 

X5 13.816 1 13.816 2,304.43 <0.0001a 

X1X2 0.0104 1 0.0104 17.37 <0.0001a 

X1X3 0.0205 1 0.0205 34.13 <0.0001a 

X1X4 0.0001 1 0.0001 0.13 0.724 

X1X5 0.1018 1 0.1018 169.87 <0.0001a 

X2X3 0.0074 1 0.0074 12.38 0.001a 

X2X4 0.0001 1 0.0001 0.20 0.655 

X2X5 0.0181 1 0.0181 30.12 <0.0001a 

X3X4 0.0002 1 0.0002 0.31 0.577 

X3X5 0.0000 1 0.0000 0.02 0.897 

X4X5 0.0000 1 0.0000 0.01 0.930 

X1
2 0.0049 1 0.0000 0.00 0.987 

X2
2 0.0001 1 0.0048 8.06 0.005a 

X3
2 0.0085 1 0.0107 17.91 <0.0001a 

X4
2 0.0030 1 0.0030 4.98 0.027a 

X5
2 0.0301 1 0.0388 64.65 <0.0001a 

Residual 0.0702 117 0.0006   

Lack of Fit 0.0470 20 0.0024 9.81 <0.0001a 

Pure Error 0.0232 97 0.0002   
Cor Total 28.146 137    
a Significant (P < 0.05). df: degrees of freedom. Cor Total: total correlation. 

 

4.3.3 Analytical features of the proposed method 

The optimized conditions were chosen to define the measuring range of the method as well 
as the detection limit and accuracy. Duplicate aliquots of NO3

− up to 200 μM were prepared 
at 10 μM intervals using artificial hypersaline water (Figure 4.2A). Absorption was linear 
between 0 and 50 μM NO3

−. These results agree with those of previous studies using VCl3 for 
the reduction step (García-Robledo et al., 2014) or using cadmium (Cd) reaction columns 
(Wood et al., 1967). 
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The calibration curve for the linear range of the method is shown in Figure 4.2B. Each 
standard measurement was replicated ten times.  The coefficient of determination (R2) of the 
calibration line was 0.9999. Precision was evaluated as the coefficient of variation (CV%). The 
maximum CV% value was 15.4% for the blank, the minimum 4.3% for the 10 μM NO3

− 
standards. Thus, the method showed a moderate precision. The calculated LOD was 0.55 μM 
NO3

−. 

Figure 4.2   A) Linear range of the proposed method (0 – 50 μM NO3
−). B) Absorbance (ABS) at 543 nm vs 

NO3
− concentration for the linear range.
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Kinetics of the Griess assay were studied in the linear range (0 - 50 μM NO3
−) using five NO3

− 
standards in triplicate (n=15). The time evolution is shown in Figure 4.3. These results 
indicate that 40 min of incubation is adequate to reduce NO3

− to NO2
− and develop the azo 

dye that absorbs at 543 nm. Maximum absorbance was reached at 40 min in aliquots with 10 
μM NO3

−. For higher NO3
− concentrations, maximum absorbance was reached later. Aliquots 

with 50 μM NO3
− showed maximum values at approximately 50 min. Nevertheless, the 

difference of absorbance between values measured at 40 min and the maximum was not 
significant. Thus, the selection of 40 min as the optimal parameter in the proposed method is 
acceptable in order to save time. 

Figure 4.3   Time evolution of absorbance (ABS) at 543 nm using different NO3
− concentrations (10, 20, 30, 

40, and 50 µM). Absorbance values are means of three aliquots for each N NO3
− concentration. Dashed line: 

optimum reaction time following the BBD. 
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4.3.4 Influence of incubation temperature 

Incubation temperature ranged between 40 and 60 ºC. ANOVA analysis demonstrated that 
60 ºC provided the greatest analytical response. The model showed that temperature (X1) had 
a linear correlation with absorbance, but other correlations were also significant: temperature 
and time (positive effect), temperature and EDTA concentration (negative effect), and 
temperature and VCl3 (positive effect). Previous studies evaluating temperature effects for the 
Griess assay observed the highest absorbance at 40 ºC, exceeding 2 h of incubation time 
(García-Robledo et al., 2014). We, however, did not test times longer than 40 min in our 
experiments because the difference in absorbance between 40 min and 2 h was minimal (data 
not shown). The increase in the temperature led to shorter incubations times. Nevertheless, 
Braman and Hendrix (1989) reported that reaction times exceeding 25 min at 60 ºC must be 
avoided because NO3

− is reduced to NO. Therefore, temperatures higher than 60 ºC were not 
tested. 

4.3.5 Influence of reaction time 

In the BBD, reaction time ranged from 20 to 40 min. The highest analytical response was 
obtained using 40 min of reaction time. The model showed the significance of the linear and 
the quadratic term coefficients of reaction time over absorbance (Table 4.2). The ANOVA 
results also demonstrated that reaction time was closely related to incubation temperature 
increasing the absorbance. Interaction between reaction time and VCl3 concentration also 
increased the analytical response, contrary to the interaction between reaction time and 
EDTA concentration. Kinetic experiments also supported the results of the BBD, determining 
40 min as the optimal reaction time. García-Robledo et al. (2014) showed that maximum 
responses at 60 ºC were obtained after 15 min of incubation. This differs from the findings 
presented here, which show that samples with 50 μM NO3

− may need up to 50 min to reach 
the maximum analytical response. Granger et al. (1995) noted that incubation times should 
not exceed 30 min in samples with low concentrations of NO3

− (<25 µM) due to potential 
artifacts. We, however, did not observe this effect using the artificial samples. 

4.3.6 Influence of adding EDTA and Na-Citrate 

Based on ANOVA analysis, EDTA had a negative effect on absorbance. The linear (X3) and 
quadratic (X3

2) terms of the model related to EDTA were significant (Table 4.2). Moreover, 
the interaction between EDTA and incubation conditions (temperature and reaction) was 
significant and negative related to analytical response. Using EDTA has been reported to 
mask many elements, not including V (Zhang et al., 2012).  One possible explanation for these 
results may be the masking effect of EDTA on VCl3, decreasing the reduction efficiency of 
NO3

− to NO2
−. Thus, the optimal parameter was no addition of EDTA. 
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In contrast, Na-citrate did not show a negative effect on the analytical response. A weak 
negative correlation was found between the quadratic term of Na-Citrate (X4

2) and 
absorbance, close to the medium value of the factor (concentration of 2.5 mM). Thus, adding 
Na-citrate to reach a concentration of 2.5 mM is optimal. Considering the high 
concentrations of SO4

2− in the studied samples, these results are of special interest because 
Na-Citrate masks sulfate salts (Seggiani et al., 2014). 

4.3.7 Influence of reductant concentration 

Final VCl3 ranged between 2.5 and 17.5 mM. ANOVA analysis showed that the greatest 
positive effect on the analytical response was 17.5 mM. This factor was significant, providing 
the highest contribution to the model. The linear coefficient and the interaction with 
incubation conditions (temperature and reaction time) were positively correlated. 
Concerning the linear correlation, these results agree with García-Robledo et al. (2014), who 
showed maximum absorbance at VCl3 concentrations over 12 mM. Nevertheless, those 
authors noted that excess VCl3 may favor the further reduction of NO2

− to NO, decreasing 
the measured absorbance. This may explain the weak significant negative effect of the 
quadratic term of reductant concentration (X5

2) on the analytical response. Nonetheless, the 
model showed that the optimal final concentration of reductant was 17.5 mM. 

4.3.8 Comparison with other studies 

To our knowledge no specific studies on NO3
− determination in hypersaline water samples 

have been published so far. The following methods were used to set a baseline to explore the 
factors that could be optimized during our work and are summarized in Table 4.3. Miranda 
et al. (2001) developed a spectrophotometric assay for use on human serum, where the main 
novelty was the use of VCl3 as reductant coupled to spectrophotometric determination. This 
approach has been used in natural water samples since then (Doane and Horwáth, 2003; Beda 
and Nedospasov, 2005). Miranda et al. (2001) used a final concentration of about 17 mM VCl3 
coupled with incubations at 37ºC for 30 min. The authors reached a LOD of 0.5 µM NO3

−, 
similar to our work. The potential interferences in natural water samples were also reported 
in that work:  e.g. organic N species are potentially reducible by VCl3, possibly overestimating 
NO3

− content. Therefore, very high concentrations of VCl3 should be avoided. 

Hood-Nowotny et al. (2010) used similar final concentrations as Miranda et al. (2001) (17 
mM VCl3) in saline soil extracts. Incubation was performed at 37 ºC during 60 min using 
microplates. The LOD achieved by those authors was lower than found in our study (0.26 µM 
NO3

−). 

Schnetger and Lehners (2014) provided a method to determine NO3
− in seawater by the Griess 

assay using the same final concentration of VCl3 as previously described (17 mM). The 
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incubation time was 60 min at 45ºC. Those authors showed that there was no influence of 
varying salt- and dissolved organic carbon contents on the efficiency of VCl3 as reductant, in 
contrast to the method using a Cd column for reduction. The LOD of the method was similar 
to that achieved in our work (0.4 µM NO3

−). Schnetger and Lehners (2014) did not analyze 
samples with salinities >35 ‰, thus the occurrence of chemical interferences in samples with 
higher salinities could not be predicted. 

Table 4.3 Spectrophotometric methods for nitrate determination using VCl3 as reductant. 

Sample type 
Incubation 
temperature 
(ºC) 

Reaction 
time 
(min) 

Final 
VCl3 
(mM) 

Amount 
of sample 
(µL) 

Detection 
limit (µM) Ref. 

Human serum 37 30 16.7 100 0.50 Miranda et al. 
(2001) 

Water and soil extracts 20 840 12.7 500 0.57 
Doane and 
Horwáth (2003) 

Nitrite-rich solutions 25 30 10.0 150 0.50 
Beda and 
Nedospasov (2005) 

Soil extracts 37 60 16.7 100 0.26 
Hood-Nowotny et 
al. (2010) 

Seawater 45 60 16.7 180 0.40 
Schnetger and 
Lehners (2014)  

Seawater 60 25 12.7 1 0.04 
García-Robledo et 
al. (2014) 

Hypersaline water 60 40 17.5 1 0.55 This study 

 

García-Robledo et al. (2014) provided a method for seawater and pore water. Their final 
concentration of reductant was lower compared to previous methods (app. 13 mM), 
achieving a LOD of 0.04 µM NO3

−. To avoid matrix effects the authors proposed using 
identical salinity in calibration standards and samples. 

NO3
− determination in hypersaline samples has not been studied, but Wang et al. (2016) 

reported a decrease of sensitivity for the Griess reaction with increasing salinity, confirming 
our observations. The relatively poor sensitivity values obtained in our treatments, compared 
to other studies in seawater, may reflect chemical interferences at high salinities. 

Finally, this is the first study to investigate the effect of EDTA and Na-citrate in the Griess 
assay when using VCl3 as reductant. These masking agents were applied, when Cd columns 
were used, because they inhibited the reduction of NO3

− to NO2
− by chelating the copper 

catalyst in Cd columns (Mullin and Riley, 1955). EDTA was employed to mask elements such 
as Mg2+, Ca2+, Ba2+, or Sr2+ because interactions with the catalyst were inhibited by those 
elements (Abbas and Mostafa, 2000). Our study discards the use of EDTA but recommends 
using Na-citrate in the proposed protocol. 
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4.3.9 Nitrate determination in real water samples 

To test the performance of the recommended protocol, 15 samples from Pétrola Lake were 
analyzed using the standard addition method for NO2

− and NO3
− determination (Table 4.4). 

All samples showed NO2
− concentrations below the LOD. Then, NO3

− was determined in all 
samples following the optimized method. Because of the high NO3

− concentrations in samples 
10, 11, and 12, they were diluted with artificial hypersaline water to adjust the NO3

− 
concentration to the linear range of the method (0-50 μM NO3

−). Subsequently, samples were 
spiked with NO3

− to a final concentration of 25 µM, and nitrate was determined using our 
proposed method. The salinity of each sample, determined NO3

− values and the recovery rates 
are shown in Table 4.4. The recovery rates ranged from 92.6% to 100.1%. These results 
corroborate the efficiency of the described protocol under hypersaline conditions. 

Table 4.4  Nitrate concentration in real samples tested by the proposed modified Griess assay 
protocol. RSD: Relative standard deviation. 

Sample TDS (‰) Found (µM) Added (µM) Total found (µM) Recovery (%) RSD (%) 

1 53.4 14.6 25 39.6 100.0 ± 16.8 16.8 
2 53.4 12.6 25 34.9 92.7 ± 2.6 2.79 
3 53.4 13.4 25 38.0 99.0 ± 1.0 1.03 
4 48.3 14.5 25 38.8 98.3 ± 0.7 0.73 
5 48.3 14.6 25 39.6 99.9 ± 1.4 1.44 
6 48.3 19.2 25 37.8 85.4 ± 6.4 7.50 
7 49.9 14.4 25 36.5 92.6 ± 1.2 1.30 
8 49.9 13.2 25 35.9 93.8 ± 3.1 3.36 
9 49.9 14.9 25 37.3 93.6 ± 1.5 1.65 
10 39.7 114 25 131 94.4 ± 7.5 7.97 
11 39.7 98.2 25 117 95.2 ± 7.1 7.48 
12 39.7 93.9 25 119 100.1 ± 4.6 4.55 
13 50.1 9.33 25 32.8 95.6 ± 2.0 2.06 
14 50.1 8.53 25 31.1 92.8 ± 2.1 2.24 
15 50.1 10.1 25 33.2 94.7 ± 1.4 1.53 

4.4 Conclusions 

We present an optimization of the Griess assay for spectrophotometric NO3
− determination 

in hypersaline waters based on the surface response methodology. While the use of VCl3 as a 
reductant in this assay is not new, its usage in hypersaline water samples (TDS > 50 ‰) is a 
novelty. To optimally convert NO3

− to the azo-dye under high ionic strength, the most 
relevant factors seemed to be the adjustment of incubation conditions (temperature and 
reaction time), as well as reductant concentration.  Moreover, using Na-citrate as a masking 
agent improved the analytical response.  
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The purposed protocol requires: 500 µL of sample + 25 µL of Na-citrate solution (70 mM) + 
50 µL of Griess reagent + 100 µL of VCl3 (122.5 mM) + 40 min at 60 ºC. The optimum 
conditions provided a linear range from 0 to 50 µM NO3

− with a detection limit of 0.55 µM 
NO3

−. The method showed a moderate precision (ranging from 4.3% to 15.4%). 

Our protocol is a simple, rapid, inexpensive, and selective approach for measuring NO3
−, and 

is the first method specifically described for hypersaline samples. Moreover, our results 
extend the knowledge about the factors affecting the Griess reaction under high ionic 
strength. Future research could focus on different ways of reducing NO3

− to NO2
−, including 

enzymatic approaches. 
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Abstract 

Sulfur (S) plays a significant role in saline environments, and sulfate (SO4
2−) is an important 

component of the biogeochemical S-cycle since it acts as the main electron acceptor in anoxic 
sediments. The purpose of this paper is to evaluate the fate of S, its origin, and processes 
affecting sulfate outcome in the hypersaline Pétrola Lake in the Castilla-La Mancha region 
(High Segura river basin, SE Spain). The lake is the terminal discharge zone of an endorheic 
basin with considerable anthropogenic pressures. Anthropogenic activities (mainly 
agricultural inputs and wastewater discharge), together with bedrock leaching of sulfate and 
sulfide-rich sediments, increase dissolved SO4

2− in surface and groundwater up to 123,000 
mg/L. The source and fate of sulfate in this environment was investigated coupling 
hydrochemistry, including hydrogen sulfide (H2S) microprofiles, isotopic analyses (δ34S, 
δ18OSO4, δ2HH2O, δ18OH2O, and tritium), mineralogical determinations, and molecular biology 
tools (16S rDNA amplification and sequencing). The origin of dissolved SO4

2− in water is 
related to pyrite oxidation from Lower Cretaceous sediments, and secondary gypsum 
dissolution. Under the lake, dissolved SO4

2− decreases with depth, controlled by three main 
processes: (1) seasonal evaporation cycles, (2) hydrodynamic instability caused by the 
different density-driven groundwater flow, and (3) sulfate-reduction processes, i.e. 
dissimilatory bacterial sulfate reduction (BSR). These processes control the continuous 
recycling of sulfur in the system. Lake water and groundwater are in hydraulic connection, 
and a density-driven flow (DDF) is able to transport reactive organic matter and dissolved 
SO4

2− towards the underlying aquifer. Hydrochemical evolution in depth, H2S production (up 
to 0.024 nmol/cm3·s) and the presence of sulfate-reducing bacteria suggest the existence of 
BSR processes. However, isotope techniques are insufficient to elucidate BSR processes since 
their isotopic effect is masked by low isotope fractionation and high SO4

2− concentrations. 
The pattern here described may be found in other saline basins worldwide. 

5.1 Introduction 

Sulfur (S) is the fourteenth most abundant element in the Earth’s crust, with an average 
abundance of 260 µg/g (Schlesinger, 2005). Sulfur exists in sediments as organic and inorganic 
forms such as metal sulfides (e.g. pyrite, marcasite), sulfate-bearing minerals (e.g. gypsum or 
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anhydrite), and dissolved sulfate. There is evidence that sulfur plays a crucial role in 
biogeochemical processes since it is a significant electron donor and acceptor in many 
bacterial metabolisms (Jørgensen, 1988; Holmer and Storkholm, 2001; Glombitza et al., 
2013). Sulfur transformations carried by microbes are closely linked with the carbon cycle, 
particularly sulfate (SO4

2−) reduction coupled to organic carbon oxidation in anoxic 
environments. Dissimilatory Bacterial Sulfate Reduction (BSR) is a significant mineralization 
pathway. Almost half of sedimentary organic matter in marine sediments is metabolized with 
sulfate, which is subsequently reduced to sulfide (Jørgensen, 1982). The main product of BSR 
processes is hydrogen sulfide (H2S). However, dissolved sulfide also exists as a bisulfide ion 
(HS−) and a sulfide ion (S2−), depending on pH conditions. Only 10% of H2S derived from 
sulfate reduction is buried in sediment as sulfides (e.g. pyrite), with most of the H2S re-
oxidized again to SO4

2−. Jørgensen (1982) estimated that up to half of the oxygen uptake in 
sediments could be consumed for sulfide re-oxidation. Sulfide may be oxidized to sulfate 
through several intermediates (sulfite, thiosulfate, elemental sulfur), which can be dismutated 
to produce sulfate and sulfide by microbial disproportionation (Bak and Cypionka, 1987; 
Canfield and Thamdrup, 1994). Large amounts of sulfate are released either from re-
oxidation of sulfides during the desiccation of wetlands or by chemolithotrophic 
denitrification in nitrate-polluted areas (Lamers et al., 2001; and references therein). Several 
risks can be linked to sulfide oxidation, such as the release of heavy metals and metalloids to 
the environment (Corkhill et al., 2008). 

Sulfur cycling is of major interest in the field of marine, estuarine, and lake ecosystems for 
various reasons: (1) gypsum dissolution is an important source of sulfate for microorganisms 
in evaporitic deposits (Machel, 2001); (2) SO4

2− concentrations can exceed 2,600 mg/L in 
marine waters and can be even higher in continental saline systems (70,000 mg/L, Kulp et al., 
2006); and (3) sulfur derives from human activities such as mining (sulfide ores), fossil fuel 
emissions, and agriculture (fertilizers) (Brimblecombe et al., 1989). Since sulfate is a common 
constituent of agricultural fertilizers (Vitòria et al., 2004; Oren et al., 2004), human practices 
in agricultural regions have increased the amount of SO4

2− in aquatic systems (Zak et al., 2009; 
Baldwin and Mitchell, 2012). 

Over the past century, stable sulfur isotopes have been used to determine the sources and 
processes affecting the speciation of sulfur compounds (Thode et al., 1949). There is a large 
variation of δ34S in nature: for instance, sulfides usually range from -5‰ to +10‰, terrestrial 
evaporites usually range from -15‰ to +10‰, and marine evaporites have higher values of 
+10‰ to +35‰ (Krouse and Grinenko, 1991; Clark and Fritz, 1997; Nordstrom et al., 2007). 
Due to that variation, the sulfur isotope composition (δ34S) of dissolved SO4

2− has been used 
as an environmental tracer in hydrological systems. More recently, coupling the isotope 
analyses of sulfur and oxygen of dissolved SO4

2− has allowed a better identification and 
quantification of sulfate sources (Krouse and Mayer, 2000; Tichomirowa et al., 2010; Li et al., 



 
Chapter 5: Tracing sulfate recycling 

143 
 

2011). Isotope techniques have also been applied to trace processes in the biogeochemical 
sulfur cycle. The natural distribution of sulfur isotopes is controlled mainly by the 
fractionation imparted by dissimilatory BSR (Chambers and Trudinger, 1979; Canfield, 
2001). BSR processes cause fractionation in both the S and O isotopes of dissolved SO4

2−, 
increasing the isotope composition of S and O in the remaining sulfate at known ε34S/ε18O 
ratios between about 0.6 and 4.3 (Böttcher et al., 1998; Brunner et al., 2005). Fractionation of 
sulfur isotopes can be also caused by microbial sulfur disproportionation: depletions down to 
37‰ for sulfide, and enrichments up to 35‰ for sulfate (Habicht et al., 1998; Böttcher et al., 
2005). Sulfur isotope fractionation is also observed during gypsum precipitation with 
enrichments up to 2.0‰ (Van Driessche et al., 2016). Conversely, sulfide oxidation causes 
insignificant isotope fractionation for δ34SSO4 (Habicht et al., 1998), as well as other abiotic 
processes such as the dissolution of sulfate minerals from evaporites (Claypool et al., 1980). 
These pathways can be observed in the sedimentary sulfur cycle (Jørgensen, 1990; Werne et 
al., 2004), as well as in the pelagial sulfur cycle in systems dominated by phototrophic bacteria 
(Overmann et al., 1996). The use of oxygen isotopes not only in dissolved SO4

2−, but also in 
water, helps to understand the biogeochemical processes affecting sulfate fate (Craig, 1961). 

This paper aims to provide insights on the sulfur cycle in a hypersaline lake-aquifer system 
affected by significant anthropogenic activities. Pétrola Lake is one of the most representative 
saline wetlands in the Castilla-La Mancha Region (High Segura river basin, SE Spain). 
However, the lake is disturbed by agricultural activities and urban wastewater discharges, 
which empty directly into the body of water. These practices are among the most frequently 
stated problems leading to the degradation of inland wetlands since they can alter the natural 
saline system by modifying the mass balance and the intensity of biogeochemical processes. 
Therefore, studying the processes controlling sulfur recycling can help to understand the 
saline lake-aquifer relationship and the biogeochemical processes involved, improving the 
characterization of water resources. Preliminary results using hydro-chemical and isotopic 
tools suggested that S cycling in Pétrola basin depended on the relationship between BSR 
kinetics and the hydrodynamic instability driven by a density-driven flow (DDF) (Valiente et 
al., 2017). This approach showed limited results in elucidating S recycling in this hypersaline 
system. Omoregie et al., (2013) showed the usefulness of combining geochemical, stable 
isotopes, and microbiological data in an acid mine drainage-derived lake. A similar approach 
was adopted in the present paper, including hydro-chemical and isotopic tools on surface and 
groundwater samples and on sediment samples as well as the addition of molecular biology 
tools, in order to identify sulfate sources and the processes taking place in the system. 
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5.2 Study area 

The hydrogeological boundary of the Pétrola Lake-aquifer system extends over 43 km2 

(Figure 5.1). The lake itself occupies the terminal discharge zone of an endorheic basin in a 
semiarid area, with various small streams discharging into the lake in a radial pattern. The 
region is characterized by irregular rainfall, long episodes of drought, and torrential 
precipitation. Pétrola Lake is located in the southeastern Castilla-La Mancha region, and is 
part of the Segura river basin. Farming (cultivation, raising livestock) is the main economic 
activity in the area. According to the European database Corine Land Cover 2000 (European 
Environment Agency, Copenhagen), irrigation and dry land occupy about 17 km2, which 
represents 40% of the total basin surface. Crops are fertilized mainly using inorganic 
fertilizers. Urban wastewater (from a population of 850 inhabitants) is discharged, untreated, 
directly to the lake. The lake occupies about 1.76 km2 and is shallow, its depth nowhere 
exceeding 2 metres (In Spanish: Confederación Hidrográfica del Segura, unpublished data). 
Water volume in the Pétrola Lake shows oscillations mainly depending on the climatic events. 
Seasonal fluctuations show a maximum water volume at early spring (reaching about 0.90 
hm3 in February), concurring with abundant precipitation and low evaporation rates, and a 
minimum volume (or completely dryness) at the end of summer, related to few precipitation 
events and maximum evaporation rates (López-Donate et al., 2004). The work of Vicente et 
al. (1998) has shown that chemical hydrofacies changes slightly between early spring (Mg-Cl-
SO4) and early fall (Mg-Na-Cl-SO4). The same chemical composition (Mg-Na-Cl-SO4) was 
found in summer by Ordóñez et al. (1973). 

The basin geology comprises mainly Mesozoic materials (Utrilla et al., 1992). The bottom of 
the sequence is formed of oolitic carbonate Jurassic rocks. The base of the Lower Cretaceous 
unit corresponds to the Weald Facies and consists of argillaceous sediments overlain by sands 
and sandy-conglomerate sediments with intergranular porosity, which reaches the 
Barremian. Albian deposits (Utrillas Facies) consist of siliciclastic sands, sandy-
conglomerates, and reddish to dark-grey clay to argillaceous sediments deposited over Aptian 
sediments. The Utrillas Facies comprises sandy-conglomerate sediments interstratified by 
grey-to-black argillaceous sediments with organic matter and sulfides (mainly pyrite). The 
main aquifer is formed of Lower Cretaceous sediments (Utrillas Facies) comprising 
siliciclastic sands, conglomerates, and siltstones with a thickness that can exceed 60 metres. 
Groundwater flow in this aquifer is radial and centripetal from the recharge areas (basin 
margins) to the lake (Gómez-Alday et al., 2014). In a saline lake–aquifer interface, the 
difference in density between the brine from the lake and fresh groundwater can produce a 
density-driven flow (DDF) from saline lake water towards the underlying aquifer 
(Zimmermann et al., 2006). In previous studies using electrical resistivity tomography in 
Pétrola Lake, Gómez-Alday et al. (2014) observed the existence of a dense brine perched on 
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less dense fresh groundwater as a result of DDF, caused by the instability of the saline 
boundary layer.  

Figure 5.1   A) Location of Castilla-La Mancha region. B) Pétrola endorheic basin and Pétrola Lake. C) 

Geological map of Pétrola basin and location of sample points: 1. SW-0; 2. Transect of PE MIN solid samples; 

3. Piezometers; 4. PE ARMO 2; 5. PE ARMO 3; 6. PE ARMO 4a and PE ARMO 4b; 7. PE ARMO 5; 8. PE ARMO 6; 9.

PE ARMO 7.
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5.3 Material and methods 

5.3.1 Sampling 

Four PVC piezometers were installed in the lake in September 2008 following a radial pattern 
from the eastern lake margin (SE, GW-34) towards the lake center (NW, GW-26) (Figure 
5.2). The depth profiles and screened intervals of each piezometer are detailed in Figure 5.2. 
The piezometers are 5 cm in inner diameter and were installed at different depths: 12.1 m 
(GW-12), 25.8 m (GW-26), 34.1 m (GW-34), and 37.9 m (GW-38). Screen lengths are 4 m 
(GW-12), 9 m (GW-26), 5 m (GW-34), and 3 m (GW-38). Screening zones were isolated by 
internal bentonite seals. A total of 37 water samples were collected between September 2008 
and October 2011 from five control points: four piezometers and surface water (SW-0). 
Simultaneous measurements of groundwater level were performed for piezometers GW-12, 
GW-26, and GW-34 using a ceramic CTD-Diver stand-alone sensor (piezometer GW-38 is 
an artesian well, so it was not measured). Data were collected from February 2010 to October 
2011 at 24-hour intervals (n=609 daily measurements). Precipitation data for the study period 
were acquired from meteorological station AB07 (Ministry of Agriculture and Fisheries, Food 
and Environment of Spain) in Pozo Cañada, about 16 km from Pétrola Lake. 

Sediment samples (n=13) were taken from the cores recovered during piezometer 
construction (Figure 5.2, samples ANNA-1 to ANNA-22). The sediment cores were collected 
at eight different depths from 3.4 to 37.3 metres below ground surface (mbgs). All the samples 
were preserved in frozen polypropylene tubes with dry ice at -80°C, stored in polyethylene 
bags, closed, and shipped to the laboratory. Simultaneously, another 12 samples from an 
evaporitic crust were collected following a linear transect from the depocenter (sample PE 
MIN 1, next to a breakwater) to the eastern margin of the lake (sample PE MIN 12) at intervals 
of 15 metres (Figure 5.1C). Furthermore, seven samples of secondary gypsum were collected 
from several silt deposits belonging to Lower Cretaceous sediments, cropping out in the study 
area (Figure 5.1C). Three cores from the upper 20 cm of recent organic-rich sediments 
deposited on the lake bottom were collected for DNA extraction and microprofiling using 
Plexiglass coring tubes (5 cm inner diameter and 20 cm long) in January 2016. Each coring 
tube was capped at top and bottom with silicone rubber, cooled, and immediately taken to 
the laboratory following the methodology of Kondo et al. (2004). 
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Figure 5.2   Map with the location of SW-0 and piezometers in Pétrola Lake. Piezometers follow a radial 

pattern from the lake margin (SE, GW-34, x: 624943.5, y: 4299678.2) towards the lake center (NW, GW-26, x: 

624921.9, y: 4299674.6), separated at 6 metres’ equidistance. The simplified hydrogeological cross-section I–

I′ shows the geology below the lake and the location of the piezometers. Mineral samples (ANNA-1 to ANNA-

22) from the cores are indicated in the piezometers map. AB: anoxic brine. masl: metres above sea level.

mbgs: metres below ground surface.

5.3.2 Chemical analyses 

Physical-chemical parameters were measured in situ with portable electrodes (n=32). The 
control parameters were water temperature (T), pH, electrical conductivity (EC), redox 
potential (Eh), and dissolved oxygen (DO). In surface water, measurements were performed 
directly, whereas in the four piezometers measurements were made using a flow-through 
chamber to minimize the effect of air exchange. Water samples were stored at 4°C in darkness 
prior to further analysis following official standard methods (APHA-AWWA-WEF, 1998). 
Water samples for major ions were filtered with a 0.45 μm nylon Millipore® filter. For the 
determination of dissolved organic carbon (DOC), Fe, and Mn, samples were filtered with a 
0.20 μm nylon Millipore® filter. Alkalinity determinations were carried out in the laboratory 



 
Chapter 5: Tracing sulfate recycling 

148 
 

by acid–base titration. HCO3
-, SO4

2 −, and Cl− contents were measured by ion chromatography 
(DX120, Vertex). Na+, K+, Ca2 +, Mg2 +, total Fe, and Mn concentrations were measured in an 
atomic absorption spectrophotometer equipped with an air-acetylene burner. DOC 
concentrations were determined using a Shimadzu Analyzer in the research services at the 
University of A Coruña.  

5.3.3 Isotope analyses 

Isotope analyses were performed for 34 water samples. Isotope ratios of sulfur (34S/32S) and 
oxygen (18O/16O) from dissolved SO4

2 − were measured on BaSO4 precipitated by the addition 
of 5% BaCl2·2H2O and HCl, boiling it to prevent BaCO3 precipitation (Dogramaci et al., 2001). 
The δ34SSO4 was analysed in a Carlo Erba Elemental Analyzer (EA) coupled in continuous flow 
to a Finnigan Delta C IRMS at the ‘Centres Científics i Tecnològics’ at the Universitat de 
Barcelona (CCiT-UB). The δ18OSO4 values were analysed in duplicate with a ThermoQuest 
high-temperature conversion analyzer (TC/EA) unit with a Finnigan MAT Delta C IRMS at 
the CCiT-UB. 18O/16O ratios from H2O were measured by the CO2 equilibration method using 
a Multiflow device coupled in line to a continuous flow Isoprime Mass Spectrometer. The 
δ2HH2O values were obtained by measuring H2 in the reduction of Cr with an elemental 
analyzer (EuroVector) with a continuous flow mass spectrometer (Isoprime Mass 
Spectrometer) at the LIE-US. δ18OH2O and δ2HH2O determinations were carried out at the 
Stable Isotopes Laboratory at the University of Salamanca (LIE-US). Radioactive isotopes of 
H3 (tritium) in groundwater were determined by liquid scintillation (n=5) counting in 14C 
and the Tritium Dating Service at the Autonomous University of Barcelona. 

Furthermore, isotopes were analysed in 37 solid samples. The δ34S values from gypsum and 
sulfide were determined on Ag2S as described by Canfield et al. (1986) and Hall et al. (1988). 
These analyses were performed in a SIRA-II dual inlet spectrometer at the LIE-US. The δ18O 
values from gypsum samples were also analysed in duplicate with a ThermoQuest high-
temperature conversion analyzer (TC/EA). Results are reported in δ values relative to 
international standards: Vienna Canyon Diablo Troilite (V-CDT) for δ34S and Vienna 
Standard Mean Ocean Water (V-SMOW) for δ18O and δ2H. Analytical reproducibility by 
repeated analyses of both international and internal reference samples of known isotopic 
composition is determined to be about ± 0.2‰ for δ34S, ± 0.5‰ for δ18O of SO4

2 −, ± 0.3‰ for 
δ18O in water, ± 1‰ for δ2H in water, and ± 0.4 for Tritium Units (TU). 

5.3.4 Mineral identification 

Sediment samples from piezometer cores (n=8) and recent evaporitic crusts from the lake 
bottom (n=12) were analysed using electronic microscopy (ZEISS DSM 940) and X-ray 
diffraction (Bruker-AXS D5005). For this purpose, thin films were obtained from the solid 
samples. The microscopy analyses were performed at the Rock Preparation Service of the 
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University of Salamanca. The X-ray diffraction analyses were performed at the Jaume Almera 
Earth Sciences Institute at the Spanish National Research Council (ICTJA-CSIC). Saturation 
indices (SI) of minerals were calculated using the PHREEQC thermodynamic software 
(Parkhurst and Appelo, 1999). The SI was calculated for halite (NaCl), gypsum (CaSO4 ∙ 
2H2O), hexahydrite (CaSO4 ∙ 6H2O), and epsomite (CaSO4 ∙ 7H2O) using the Pitzer database 
(recommended for saline environments; Wolery et al., 2004).    

5.3.5 Hydrogen sulfide microprofiles 

Hydrogen sulfide activity in recent organic matter-rich sediments was evaluated by means of 
H2S microprofiles. Microprofiles were measured using an H2S amperometric microelectrode 
(Unisense A/S, Denmark) with a tip diameter of 100 μm. Measurements were taken on 
individual fresh sediment cores (n=3) collected during January 2016 as described above. 
Cores were stabilized using lake water for a period not longer than 24 hours. All profiles were 
carried out at 50 μm intervals to reach a depth of 1 centimeter.  Microprofile measurements 
and H2S activity calculations were performed using dedicated software (SensorTrace Pro 
v.2.8.2, Unisense A/S, Denmark). To calculate H2S consumption and production, the method 
published by Berg et al. (1998) was used assuming steady-state conditions where transport of 
solutes occurs by diffusion. 

5.3.6 DNA extraction, 16S rDNA amplification, sequencing, and phylogenetic analysis 

Molecular techniques were used for bacterial identification. Aliquots of 50 g (n=3) of recent 
organic sediment were collected from the top 2 cm of the cores when microprofiling was 
finished. Then, aliquots of sediment were homogenized. For enrichment, a sulfate-reducing 
bacteria culture medium was prepared (Pfennig et al., 1981) and supplemented with 7% NaCI 
and 1% MgCl2·6H2O (Caumette et al., 1991). Bacteria enrichments (n=3) were inoculated 
with 1 g of each aliquot of homogenized sediment and incubated at 30ºC for 14 days. DNA 
extraction from enriched cultures was performed using a Bacterial Genomic DNA Isolation 
Kit (Canvax). Nucleic acid purity was determined by scanning spectrophotometry (Sambrook 
et al., 1989).  

DNA extracts were mixed into a single sample and used to amplify fragments of 16S rRNA 
gene (16S rDNA) by polymerase chain reaction (PCR). In a first step, 16S rDNA fragments 
were amplified via PCR using a set of specific oligonucleotide primers DSV435F and 
DSV1430R for sulfate-reducing bacteria from the Desulfovibrionaceae family, following 
Tanaka et al. (2002). Amplifications were performed in 30 µL volumes with 1.75–2.50 µg of 
purified DNA template, 1 X PCR buffer (Canvax), 2.5 mM MgCl2, 0.8 mM concentrations of 
each deoxynucleoside triphosphate, 0.75 mM concentrations of each primer (IDT), and 1 U 
of Horse-Power Taq DNA polymerase (Canvax). In addition, 10% of polyvinylpyrrolidone 
was added to the PCR mixture to enhance PCR performance (Koonjul et al., 1999). Reactions 
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were carried out using a GenePro (Bioer) cycler in order to control the following PCR 
conditions: one cycle at 95ºC for 15 min, denaturation at 94°C for 1 min, annealing at 55°C 
for 1 min, extension at 72°C for 1 min for 35 cycles, and a final extension step at 72ºC for 10 
min. The resulting PCR product was sequenced (seq1). 

A second PCR was performed using DNA extracts and a primer set designed by the authors. 
The second set of primers (DHF and DHR) was designed based on an alignment of 16S rDNA 
from various strains belonging to Desulfovibrio genus from saline environments. Forward 
primer DHF (5’-TTATGGGGGAAAGGTGGCCT-3’; Escherichia coli positions 158-177) 
was used in combination with reverse primer DHR (5’-CCTGTTTGCTACCCACGCTT-3’; 
E. coli positions 761-742). The specificity of DHF and DHR primers was tested before use 
using the BLAST software (Altschul et al., 1997) at GenBank to ensure no matches were found 
with other bacterial 16S rDNA. PCR contained composition described above. Second PCR 
was performed as follows: a first step at 90ºC for 5 min, denaturation at 95°C for 30 s, 
annealing at 54°C for 40 s, extension at 72°C for 1 min for 35 cycles, and a final extension step 
at 72ºC for 10 min. Finally, aliquots (1, 2, and 3 µL) of the second PCR product were analysed 
on a 1% (w/v) denaturing agarose gel electrophoresis, visualized with 1X RedSafeTM (iNtRON 
Biotechnology) and compared to a 2 µL sub sample of 1 Kb molecular DNA ladder 
(Invitrogen, USA). The remaining volume of second PCR product was used for sequencing 
(seq2). The sampling preparation and analytical procedure was performed at the Institute for 
Regional Development (University of Castilla-La Mancha). Sequencing was carried out using 
an Applied Biosystems 3730xl DNA Analyzer with 3730xl DNA Analyzer 96-Capillary Array 
(50 cm) by Macrogen Inc. 

Each 16S rDNA sequence was compared using Blast from NCBI (Camacho et al., 2009). The 
closest 16S rDNA sequences were aligned using Clustal Omega (Sievers et al., 2011). 
Phylogenetic trees were constructed using the Maximum Likelihood method based on the 
Tamura-Nei distance with the program MEGA7 (Kumar et al., 2016). 
Robustness of the phylogenetic results was checked by bootstrap (1000 replicates). Sequences 
have been submitted to GenBank under accession numbers MF682361 and MF682362. 

5.4 Results 

5.4.1 Hydrogeology 

Groundwater level in the piezometers is affected by precipitation events and regional 
groundwater potential. In GW-12, the level is generally influenced by variations in the lake, 
mainly related to local precipitation patterns (Figure 5.3). The levels also reflect variations in 
the regional groundwater flow (RGF) potential for February 2010 to October 2011. In 
piezometer GW-12, groundwater levels noticeably decreased from end of June 2010 to mid-
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November 2010, coinciding with the end of the dry months. Then, levels dramatically 
increased from November 2010 to June 2011, coinciding with a period of regular 
precipitation. Levels fell again during the last months of 2011. The evolution of water levels 
in GW-26 shows an increasing trend from the end of June 2010 to mid-November 2010. In 
contrast to shallow piezometers, the groundwater evolution in GW-34 largely reflects 
variations in the regional groundwater potential. 

Tritium levels (Table 5.1) in water samples range from 0.2 ±0.4 TU to 4.6 ±0.3 TU (n=5), with 
the highest values in surface lake water (SW-0), reaching 4.6 ±0.3 TU. The shallowest 
piezometer (GW-12) shows the highest tritium levels in groundwater (1.5 ±0.3 TU), whereas 
GW-34 yields the lowest (0.2 ±0.4 TU). 

Table 5.1 Tritium activity (TU) in water samples. GW: groundwater. 
SW: surface water. 

Sample Point Date UT 

GW-38 30/04/2010 0.8 ± 0.4 

GW-34 30/04/2010 0.2 ± 0.4 

GW-26 30/04/2010 0.9 ± 0.4 

GW-12 18/06/2010 1.5 ± 0.3 

SW-0 18/06/2010 4.6 ± 0.3 

 

5.4.2 Hydrochemistry 

Table 5.2 shows the mean values of the chemical analyses for each control point. The detailed 
results of the chemical analyses for each sample (n=36) are presented as Supplementary 
Information (Appendix 5A, Table 5.A). Average pH values range from 7.0 (in piezometer 
GW-34) to 8.1 (in surface water samples, SW-0). The average EC ranges from 2,743 μS/cm 
(in the deepest piezometer, GW-38), to 83,300 μS/cm (SW-0). Average Eh values are between 
+3 mV (in the shallowest piezometer, GW-12) and +148 mV (SW-0). The average DO ranges 
from 0.2 mg/L (in piezometer GW-34) to 3.6 mg/L (SW-0). The average DOC concentration 
ranges from 3.2 mg/L (in the deepest piezometer, GW-38) to 305 mg/L (SW-0).  
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Figure 5.3   Groundwater depth profiles in GW-12, GW-26, and GW-34 piezometer (lines). Precipitation (P) 

between February-2010 and October-2011 (bars). Electrical conductivity (EC) profiles in the piezometers in 

mS/cm are shown for the studied period. 
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Table 5.2 

Mean values for sample point of the chemical analyses in water samples (mg/L, except 
Fe and Mn in μg/L). EC: electric conductivity (μS/cm). Eh: redox potential (mV). DO: 
dissolved oxygen (mg/L). T: temperature (ºC). DOC: dissolved organic carbon (mg/L). 
BLD: below limit of detection. GW: groundwater. SW: surface water. 

Sample Point pH EC Eh DO T SO4 HCO3 Cl 

GW-38 7.6 2,743.8 131.0 0.6 17.4 1,141.0 411.3 241.4 

GW-34 7.0 11,068.3 95.7 0.4 18.9 3,538.2 465.4 3,283.6 

GW-26 7.2 38,700.0 110.7 0.2 18.1 18,347.5 434.3 21,200.9 

GW-12 7.1 90,983.3 3.0 1.3 18.4 38,115.8 475.8 39,618.7 

SW-0 8.1 83,300.0 148.8 3.6 21.0 69,331.3 1,074.0 50,810.1 

                 
Sample Point Na K Ca Mg Fe Mn DOC  

GW-38 122.9 12.9 182.9 267.4 263.6 11.8 3.2  

GW-34 1,438.7 134.3 287.3 1,186.4 BLD 0.2 3.2  

GW-26 9,585.0 1,063.0 637.3 6,289.2 2.8 0.2 7.9  

GW-12 15,483.3 2,685.0 444.9 14,200.4 3.1 0.2 21.1  

SW-0 34,798.3 5,128.3 466.3 15,052.1 BLD BLD 304.9  

 

All major ions except Ca2+ show minimum average concentrations in the deepest piezometer 
(GW-38), with maximum concentrations found in surface water (SW-0). Surface water also 
shows the highest standard deviations in all the major ions. The average SO4

2− concentration 
ranges from 1,140 mg/L to 69,300 mg/L, whereas average Cl− is between 240 mg/L and 50,800 
mg/L. The HCO3

− contents show a minimum average value of 411 mg/L and a maximum 
average value of 1,074 mg/L. The average Na+ contents range from 122 mg/L to 34,800 mg/L, 
whereas K+ contents range from 12.9 mg/L to 5,130 mg/L. Mg2+ ranges between 165 mg/L and 
38,500 mg/L, both in SW-0 samples. Ca2+ shows a different depth pattern from Mg2+, with 
minimum average values of 183 mg/L in the deepest piezometer (GW-38), but maximum 
values (637 mg/L) at depth (GW-26) instead of at the surface. Mn concentrations do not 
follow the same trend as the major ions; samples are below the detection limit in surface water 
and the highest average contents (Mn up to 11.8 µg/L and Fe up to 263 µg/L) are in the deepest 
piezometer (GW-38). These data were used to determine sample water types. As shown in 
Figure 5.4, water type varies between Mg-Ca-SO4-HCO3 water (GW-38) and Mg-Na-SO4-Cl 
water (SW-0).  



Chapter 5: Tracing sulfate recycling 

154 

Figure 5.4   Piper diagram showing the chemical composition of the water samples during the studied 

period (2008 – 2011). 

5.4.3 Isotope data 

The isotope analyses of water samples are presented in Table 5.3. δ34SSO4 in the water samples 
ranges from −25.9‰ (in the deepest piezometer, GW-38) to −16.2‰ (in piezometer GW-
34), with an average value of −21.7‰ (n=15). The average δ34SSO4 shows little variation with 
depth, with only the deepest piezometer having significantly lower values. δ18OSO4 in water 
samples ranges between +6.2‰ and +17.5‰, with an average of +12.5‰ (n=15). A decrease 
in δ18OSO4 is observed with depth. δ18OH2O in water samples ranges from −8.8‰ to +4.2‰, 
with an average of −4.5‰ (n=33), and δ2HH2O ranges from -52.4‰ to +15.1‰, with an 
average of −35.2‰ (n=29). 
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Table 5.3 Isotope values (‰) in water samples. GW: groundwater. SW: surface water. 
nd: no determined. 

Sample Point Date δ34SSO4 δ18OSO4 δ2HH2O δ18OH2O 

GW-38 10/09/2008 -24.9 +7.8 -50.2 -6.9 
GW-38 09/12/2008 -25.9 +7.8 nd nd 
GW-38 15/05/2009 -25.9 +8.2 -48.5 -7.2 
GW-38 12/02/2010 -22.9 +7.9 nd -7.1 
GW-38 30/04/2010 -25.0 +6.2 -50.5 -5.7 
GW-38 09/07/2010 nd nd -46.6 -7.2 
GW-38 25/10/2010 nd nd -52.4 -6.8 
GW-38 03/11/2010 nd nd -48.7 -7.4 
GW-38 15/10/2011 nd nd -49.5 -8.8 
GW-34 12/02/2010 -22.1 +13.9 nd -6.1 
GW-34 30/04/2010 -16.2 +10.7 -49.9 -5.3 
GW-34 09/07/2010 nd nd -45.0 -6.4 
GW-34 25/10/2010 nd nd -44.8 -6.1 
GW-34 03/11/2010 nd nd -39.6 -6.8 
GW-34 15/10/2011 nd nd -47.7 -7.6 
GW-26 15/05/2009 -19.9 +14.2 -38.7 -5.0 
GW-26 12/02/2010 -21.3 +15.1 nd -4.2 
GW-26 30/04/2010 -20.5 +14.2 -35.9 -3.3 
GW-26 09/07/2010 nd nd -36.9 -4.6 
GW-26 25/10/2010 nd nd -41.2 -4.2 
GW-26 03/11/2010 nd nd -38.3 -5.9 
GW-26 15/10/2011 nd nd -37.8 -5.9 
GW-12 15/05/2009 -20.9 +15.7 -22.3 -1.6 
GW-12 12/02/2010 -21.5 +15.9 nd -1.7 
GW-12 30/04/2010 -19.3 +16.3 -23.5 -1.4 
GW-12 09/07/2010 nd nd -25.1 -3.9 
GW-12 25/10/2010 nd nd -24.9 -2.4 
GW-12 03/11/2010 nd nd -14.5 -3.3 
SW-0 26/02/2010 -20.0 +17.5 -45.1 -5.3 
SW-0 30/04/2010 -18.9 +16.2 -15.5 -0.6 
SW-0 09/07/2010 nd nd +15.1 +4.2 
SW-0 25/10/2010 nd nd -30.2 -1.8 
SW-0 03/11/2010 nd nd -39.1 -3.3 
SW-0 15/10/2011 nd nd +6.8 +1.8 

 

Both δ18OH2O and δ2HH2O show the same pattern with depth as δ18OSO4, with decreasing values 
from SW-0 to GW-38. These values are shown in Figure 5.5, which also includes the Global 
Meteoric Water Line (GMWL; Craig, 1961) and the weighted average precipitation from 
Madrid. Madrid was selected as the reference station because most of the precipitation at 
Pétrola Lake is influenced by European Atlantic fronts. The weighted average precipitation 
was calculated with data from the International Atomic Energy Agency (IAEA) for the period 
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of 1970 to 2006, using the values corresponding to dates with precipitation of over 20 mm 
(n=79) (Schotterer et al., 1996). 

Figure 5.5   Regression line for δ18OH2O and δ2HH2O values in water samples (n=29) collected from piezometers 

and surface water. GMWL: Global Meteoric Water Line (Craig, 1961). WP: weighted precipitation from Madrid. 

Isotope data from sulfate-bearing minerals and sulfides are shown in Table 5.4. The δ34Sgypsum 
ranges from −30.3‰ (at 27 mbgs) to -9.9‰ (at 3.4 mbgs), with a mean of −21.2‰ (n=20). 
The δ18Ogypsum varies from -2.8‰, in secondary gypsum samples, collected from Lower 
Cretaceous sediments, to +18.2‰ in sulfate-bearing minerals from the evaporitic crust, with 
a mean of +10.6‰ (n=25). The δ34Ssulfide values from piezometers range from −40.5‰ (at 37.3 
mbgs) to −11.7‰ (at 11 mbgs), with a mean of −30.4‰ (n=12). 
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Table 5.4 Isotope values (‰) of δ34S and δ18O in S-bearing mineral samples. Depth 
in meters below ground surface (mbgs). nd: no determined. 

Sample Point Description Mineral Depth δ34Si δ18OSO4 

ANNA-1 Core (GW-12) Gypsum and hexahydrite 10.8 -20.3 +11.5
ANNA-17 Core (GW-34) Gypsum and hexahydrite 33.6 -20.5 +6.7
ANNA-18 Core (GW-34) Gypsum and hexahydrite 32.4 -27.4 +5.5
ANNA-20 Core (GW-38) Gypsum and hexahydrite 27 -30.3 +5.1
ANNA-21 Core (GW-38) Gypsum and hexahydrite 8.4 -20.8 +12.1
ANNA-22 Core (GW-38) Gypsum and hexahydrite 3.4 -9.9 +16.4
PE MIN 1 Lake (SW-0) Gypsum and hexahydrite 0 nd +18.1
PE MIN 2 Lake (SW-0) Gypsum and hexahydrite 0 nd +18.2
PE MIN 3 Lake (SW-0) Gypsum and hexahydrite 0 nd +17.8
PE MIN 4 Lake (SW-0) Gypsum and hexahydrite 0 nd +17.5
PE MIN 5 Lake (SW-0) Gypsum and hexahydrite 0 -20.5 +16.8
PE MIN 6 Lake (SW-0) Gypsum and hexahydrite 0 -20.2 +16.3
PE MIN 7 Lake (SW-0) Gypsum and hexahydrite 0 -20.5 +14.6
PE MIN 8 Lake (SW-0) Gypsum and hexahydrite 0 -20.5 +14.3
PE MIN 9 Lake (SW-0) Gypsum and hexahydrite 0 -20.5 +14.9
PE MIN 10 Lake (SW-0) Gypsum and hexahydrite 0 -20.4 +14.3
PE MIN 11 Lake (SW-0) Gypsum and hexahydrite 0 -18.3 +15.3
PE MIN 12 Lake (SW-0) Gypsum and hexahydrite 0 nd +17.1
PE ARMO 2 Utrillas Facies Gypsum 0 -15.7 -1.8
PE ARMO 3 Utrillas Facies Gypsum 0 -23.1 -2.8
PE ARMO 4 a Utrillas Facies Gypsum 0 -23.5 +5.1
PE ARMO 4 b Utrillas Facies Gypsum 0 -21.7 +1.1
PE ARMO 5 Utrillas Facies Gypsum 0 -28.1 +9.0
PE ARMO 6 Utrillas Facies Gypsum 0 -21.4 -1.1
PE ARMO 7 Utrillas Facies Gypsum 0 -20.9 +2.3
ANNA-5 Core (GW-38) Sulfide 27 -34.0 -
ANNA-7 Core (GW-12) Sulfide 10.8 -35.8 -
ANNA-8 Core (GW-12) Sulfide 10.8 -33.9 -
ANNA-10 b Core (GW-12) Sulfide 10.8 -34.6 -
ANNA-11 b Core (GW-38) Sulfide 10.8 -12.2 -
ANNA-12 b Core (GW-38) Sulfide 11 -11.7 -
ANNA-17 c Core (GW-34) Sulfide 33.6 -35.5 -
ANNA-18 c Core (GW-34) Sulfide 32.4 -38.1 -
ANNA-19 c Core (GW-38) Sulfide 37.3 -40.5 -
ANNA-20 c Core (GW-38) Sulfide 27 -35.0 -
ANNA-21 c Core (GW-38) Sulfide 8.4 -19.2 -
ANNA-22 c Core (GW-38) Sulfide 3.4 -34.2 -
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5.4.4 Mineral identification 

Mineral identification analyses corresponding to recent evaporitic crusts from the lake 
bottom show sulfate minerals of calcium (gypsum, CaSO4·2H2O) and/or magnesium 
(hexahydrite, MgSO4·6H2O) in all samples. Moreover, epsomite (MgSO4 · 7H2O) is present in 
four of the twelve samples; halite occurs in all samples, and quartz is observed in most of the 
surface sediment samples. No sulfides are found in these sediments. Core sediments from the 
piezometers are characterized by high organic matter contents. All the organic sediments are 
rich in sulfides, mostly pyrite, but sphalerite can also appear, at around 11 mbgs (ANNA-8 
and ANNA-12b). Most of the cores have sulfate-bearing minerals such as gypsum, 
hexahydrite, and starkeyite (MgSO4 · 4H2O), as well as iron oxides (except sample ANNA-8, 
at 11 mbgs, where sulfur is only present as a sulfide). 

Mean SI values for each sample point are shown in Table 5.5, which evidences that only 
gypsum precipitates. The SIGypsum values calculated from water samples range between -1.03 
and 0.67 (both in SW-0). SIEpsomite values range between -3.08 (GW-38) and -0.10 (SW-0). 
SIHalite values vary between -6.62 (GW-38) and -0.01 (SW-0), and SIHexahydrite values range 
between -3.42 (GW-38) and -0.29 (SW-0). 

Table 5.5 Mean saturation indices for gypsum, epsomite, halite, and 
hexahydrite. GW: groundwater. SW: surface water. 

Sample Point SIGypsum SIEpsomite SIHalite SIHexahydrite 

GW-38 -0.60 -2.88 -6.21 -3.23 
GW-34 -0.38 -2.27 -4.23 -2.62 
GW-26 0.03 -1.43 -2.52 -1.78 
GW-12 -0.04 -0.97 -1.95 -1.30 
SW-0 -0.03 -1.10 -1.60 -1.38 

 

5.4.5 Hydrogen sulfide rates 

Complete H2S microprofiles and detailed zones of production and consumption at the water-
sediment interface are shown in Supplementary Information (Appendix 5B). Concentration 
of H2S reaches values up to 3.8 mmol/L at 8 mm depth (Profile 3). Production of H2S is 
observed from the first 3 mm, 5 mm, and 1 mm for profiles 1, 2, and 3, respectively. Maximum 
H2S production reaches values up to 0.024 nmol/cm3·s (Profile 2), similar to maximum 
production measured in the rest of sediment cores (0.022 nmol/cm3·s). Nevertheless, H2S 
production is not observed through the whole profile in the studied sediment cores. 
Consumption of H2S is noticed at narrow zones interspersed with sulfide production areas.  
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5.4.6 16S rDNA amplification and phylogenetic affiliation 

The products of the PCR performed with the second primer set (DHF and DHR) were 
analysed by denaturing agarose gel electrophoresis. Patterns are shown in the Supplementary 
Information (Appendix 5C). 16S rDNA amplification using the designed primers for 
Desulfovibrio sp. resulted in products of predicted size (604 bp). Phylogenetic trees are 
included in Supplementary Information (Appendix 5C). The determined sequences seq1 and 
seq2 are closely related to Desulfovibrio senezii (accession no. NR_024887.1), a gram-
negative bacterium isolated from a solar saltern in California (Tsu et al., 1998). The results 
reveal that sulfate-reducing bacteria from the Desulfovibrionaceae family are present in 
hypersaline sediments from Pétrola Lake. 

5.5 Discussion 

5.5.1 Hydrochemical changes across the salt water-fresh water interface 

The variability in surface water and groundwater chemistry can be influenced by climate, 
anthropogenic factors, biogeochemical (water-rock interaction) processes, as well as 
fluctuations in water level. Commonly, during wet periods, precipitation can dilute surface 
water, whereas in dry periods, surface water salinity can increase by evaporation. Seasonality 
causes chemical variations, which are observed in surface water (SW-0) samples. Those 
samples from hydrological year 2010 show minimum concentrations of SO4

2– (43,227 mg/L), 
Cl− (21,768 mg/L) and DOC (140 mg/L) during high water-level season (February 2010). 
Maximum concentrations in SW-0 are found during low water-level stage (October 2010): 
SO4

2 – (122,957 mg/L), Cl− (102,814 mg/L) and DOC (646 mg/L). Regarding groundwater 
samples, SO4

2 –, Cl−, and DOC concentrations decrease from GW-12 to GW-38, but seasonal 
variations are not observed.  

Seasonality is also reflected in the δ18OH2O and δ2HH2O. Kinetic fractionation processes affect 
oxygen and hydrogen isotopes differently during evaporation. In arid regions with low 
relative humidity, the evaporation rate is faster, and the deuterium excess of the meteoric 
water line is higher (Clark and Fritz, 1997). The δ18OH2O and δ2HH2O results in the study area 
show a slope (5.2) consistent with evaporation processes (Figure 5.5). Samples from Pétrola 
basin intercept the GMWL close to the local weighted average precipitation value. Water 
samples close to the local weighted precipitation value belong to regional fresh groundwater 
samples (GW-38). Samples from SW-0, GW-12, and GW-26 show a positive shift from the 
GMWL (Figure 5.5). These results indicate that the δ18OH2O and δ2HH2O observed in surface 
water are due to the evaporation of rainwater with a similar isotopic composition as the local 
weighted average precipitation. Groundwater isotopes (δ18OH2O and δ2HH2O) from GW-12 and 
GW-26 show a mixture between evaporated lake saltwater and regional freshwater (GW-38). 
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Hydrochemical evolution across the saltwater-freshwater interface has been studied. Cl− 
evolution has been employed as conservative tracer (Figure 5.6).  

The Cl− concentrations were higher in GW-12 than in surface water for samples taken in 
February 2010, April 2010, and October 2011. These samples were collected during wet 
periods due to precipitation events that increase freshwater input into the lake and thereby 
dilute surface waters. Other processes influencing the trend in Cl− concentration is the 
precipitation of Cl-bearing minerals, supported by the identification of halite in lake 
sediments. On the other hand, samples taken in July, October, and November 2010 show 
higher EC and Cl− contents in surface water than in groundwater (GW-12). These results are 
in agreement with the absence of significant precipitation events in the summer of 2010, in 
which evaporation processes determined high salt concentrations in the surface water. The 
intense evaporation processes were also evidenced in July 2010 by means of δ18OH2O and 
δ2HH2O. Then, despite precipitation in autumn 2010 (Figure 5.3), Cl− concentrations 
measured in October and November 2010 increased up to 103,000 mg/L (Figure 5.6). This 
increase is most likely related to the dissolution of the surficial salts previously precipitated in 
the lake during previous dry seasons. 

The decrease in Cl− with depth can be explained by a mixing process between lake saltwater 
(due to DDF) and regional freshwater (RGF represented by GW-38). These Cl− variations 
measured in piezometers are also consistent with the isotope composition of δ18OH2O and 
δ2HH2O, where the highest Cl− concentrations match up with the heaviest isotope values. 
Despite the significant variations in surface water salinity, and the observed differences in 
water density (SW-0 has values up to 1.29 g/cm3, and GW-38 has values around 1.01 g/cm3), 
groundwater chemistry remains almost constant suggesting quasi-equilibrium between DDF 
and RGF during the studied period. The buoyancy of the RGF upwards limits the impact of 
DDF in solute transport. 

Sulfate and DOC concentrations are also represented in depth (Figure 5.6). The trend of SO4
2− 

concentrations is similar to that observed for Cl−. In surface water, SO4
2− concentration can 

be affected by evaporation, external inputs (streams), precipitation, and dissolution of S-
bearing minerals, as well as sulfate-reduction processes. In groundwater, the decrease in SO4

2− 
concentration with depth could be the result of a mixing process between lake saltwater and 
freshwater from RGF (GW-38), as inferred for Cl−. However, decrease in SO4

2− is slightly 
higher than Cl− decrease in depth in samples from July 2010, October 2010, and November 
2010. A possible explanation may be a combined effect of mixing and other processes that 
decrease the amount of dissolved SO4

2−, such as mineral precipitation or BSR processes. 
Sulfate reduction can occur in environments with low oxygen and nitrate concentrations, low 
Eh, and the presence of reactive organic matter (Hem, 1985; Miao et al., 2012). Concerning 
to organic matter, the highest DOC levels are found in surface water samples. Moreover, the 
sediment from the bottom of the lake has shown itself to be an important source of organic 
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C (Carrey et al., 2014). DOC concentrations dramatically decrease from surface water to GW-
12, mainly related to organic carbon consumption and the availability of organic substrate. 
DOC contents in GW-12 are still significant and can be derived from the organic matter not 
consumed at the sediment-water interface from the lake. In the deepest piezometers (GW-34 
and GW-38), DOC seems to be related to the organic matter present in the Lower Cretaceous 
sediments from the Utrillas Facies (Carrey et al., 2013). 

Figure 5.6   Hydrochemical profiles: sulfate (SO4
2−-), chloride (Cl−), and dissolved organic carbon (DOC), from 

samples collected in the piezometers and surface water: a) February 2010; b) April 2010; c) July 2010; d) 

October 2010; e) November 2010; f) October 2011. 
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5.5.2 Source of sulfate 

Potential sources of sulfate in Pétrola Lake are mainly related with sulfides and sulfates 
(Figure 5.7). In general, δ34S in all S-bearing species (dissolved SO4

2−, sulfide and sulfate-
bearing minerals) show negative values (-40‰ to -9.9‰). This range, and the absence of 
relevant sedimentary evaporite formations in the study area, imply that the main source of 
sulfur in Pétrola basin is disseminated pyrite in the organic-rich sediments interbedded in the 
Utrillas Facies (Gómez-Alday et al., 2014). Disseminated secondary gypsum derives from 
disseminated pyrite oxidation showing δ34S values (-22.1‰ to -15.7‰) consistent with those 
observed in the sulfate-bearing minerals from the lake evaporitic crusts (-20.5‰ to -18.3‰).  

Sulfide oxidation should theoretically impart negligible isotope fractionation for δ34SSO4 
(Habicht et al., 1998), and δ18OSO4 should be derived from oxygen in water and/or air. The 
sulfide oxidation box in Figure 5.7 was drawn using maximum and minimum values of 
δ34SSulfide, whereas δ18OSO4 was calculated following the equations defined by Van Stempvoort 
and Krouse (1994) for the theoretical value of dissolved SO4

2− derived from sulfide oxidation. 
The authors defined a lower value in which all the oxygen in dissolved SO4

2− is derived from 
water oxygen (δ18OSO4 = δ18OH2O), and an upper limit where part of the sulfate oxygen is 
derived from water and part from air, and where fractionation in the incorporation of oxygen 
and water has been considered: 

 δ18OSO4 = 0.62 · δ18OH2O + 9 (5.1) 

The δ18OH2O used in Equation 5.1 is the average value measured at the corresponding depth 
throughout the sampling period (2008-2011). The lowest δ34SSulfide value (-40.5‰) is found in 
the deepest sample at 37.3 mbgs. Most of the sulfide samples range from -40‰ to -33‰, 
except three samples collected between 8 mbgs and 11 mbgs (samples ANNA-11b, ANNA-
12b, and ANNA-22c) that show higher δ34SSulfide values, from -19‰ to -11‰. 

Sulfate-bearing minerals (gypsum) present as secondary mineral in lower Cretaceous 
sediments and in evaporitic crust (gypsum, hexahydrite, and epsomite) deposited seasonally 
in the lake are another potential source of dissolved sulfate in the system. Isotopically, samples 
corresponding to sulfate-bearing minerals show significant variability in δ34SSO4 and δ18OSO4 
values. Samples collected from the lake evaporitic crust show a low variance in δ34SSO4 (mean 
value of -20.1‰ ± 0.8‰), whereas δ18OSO4 ranges from +14.3‰ to +18.2‰. The high values 
of δ18OSO4 in the lake evaporites compared to sulfates derived from sulfide oxidation can be 
explained by sulfate recycling. Dissolved SO4

2− can undergo sulfate reduction processes, 
generating H2S, which can be re-oxidized. Then, dissolved SO4

2− may precipitate during 
evaporation producing enrichments up to +2.0‰ and +3.6‰ for δ34SSO4 and δ18OSO4, 
respectively (Lloyd, 1968; Van Driessche et al., 2016). δ18O values found in the sulfate-bearing 
minerals deposited in lake evaporites are higher than the expected due to precipitation. These 
higher values of δ18OSO4 may be explained by variations in the degree of evaporation of surface 
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water and the incorporation of δ18OH2O signal of evaporated water in SO4
2− during H2S re-

oxidization. This is supported by the δ18OSO4 values of the evaporites sampled in the linear 
transect (PE MIN-1 to PE MIN-12) of the lake, which show slightly lower oxygen values in 
samples from the lake margin, indicating less evaporated water (PE MIN-10, PE MIN-11) and 
slightly higher values in evaporites collected closer to the depocenter (PE MIN-1, PE MIN-
2), indicating more evaporated water.  

Figure 5.7   δ34SSO4 versus δ18OSO4 plot. The evaporite lake area is defined by the maximum and minimum 

analysed values for δ34S and δ18O in sulfate-bearing mineral samples from the lake. The sulfate oxidation area 

is defined by the maximum and minimum analysed values for δ34S, as well as the maximum and minimum 

calculated values for δ18O derived from sulfide oxidation (Van Stempvoort and Krouse, 1994). The fertilizer 

area is adapted from Vitòria et al. (2004). Atmospheric δ18O value is defined in the literature (Kroopnick and 

Craig, 1972). Sulfate-bearing minerals from: e.c.: evaporite crust; p.c.: piezometer cores; s.c.: secondary 

gypsum. 

The isotope composition of sulfate-bearing minerals sampled in the piezometer cores shows 
more variability. Samples of sulfate-bearing minerals ANNA-17, ANNA-18, and ANNA-20, 
collected from 27 mbgs to 34 mbgs, show δ34SSO4 values between -30‰ and to -20‰, similar 
to the sulfides sampled at the same depth (Figure 5.7). Furthermore, their δ18OSO4 values are 
in agreement with the precipitation of sulfate derived from sulfide oxidation. Samples 
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ANNA-1 (10.8 mbgs) and ANNA-21 (8.4 mbgs) show similar δ34SSO4 values, but their higher 
δ18OSO4 values cannot be explained from sulfide oxidation in equilibrium with the 
groundwater. These samples of secondary gypsum were collected at intermediate depths and 
δ18OSO4 should be interpreted as a mixture between sulfate derived from sulfide oxidation and 
from sulfate from the dissolved evaporitic crust minerals from the lake, which have a higher 
δ18OSO4 values. Finally, sample ANNA-22, obtained at 3.4 mbgs, has a δ34SSO4 of -9.9‰ and a 
δ18OSO4 of +16‰. Since gypsum dissolution has little or negligible isotope fractionation for 
sulfur and oxygen isotopes (Claypool et al., 1980), the values for sample ANNA-22 cannot be 
explained by precipitation or dissolution processes. An alternative explanation could be 
pyrite oxidation with an isotope composition similar to those found at 10 mbgs (δ34SSulfide of -
11‰, Figure 5.7) and a highly water evaporated oxygen signature (δ18OSO4 of +16.4‰). 

Secondary gypsum sampled from Lower Cretaceous outcrops (PE ARMO samples) show 
δ18OSO4 values much lower than sulfate-bearing minerals from the evaporitic crust from the 
lake, but similar to mineral samples collected from deep points in the piezometers (ANNA-
17, ANNA-18, and ANNA-20). These δ18OSO4 values from PE ARMO samples (between -
2.8‰ and +9.0‰) are close to those calculated for sulfate derived from sulfide oxidation in 
equilibrium with groundwater according to equation 5.1 (Van Stempvoort and Krouse, 1994). 
Moreover, samples PE ARMO-4a and PE ARMO-5 show the highest δ34SSO4 and δ18OSO4 of 
the group. These samples fall close to groundwater samples collected in GW-38, in the area 
of sulfate derived from sulfide oxidation (Figure 5.7). Surface water (SW-0) and groundwater 
samples GW-12 and GW-26 show δ34SSO4 and δ18OSO4 values inside the area defined by the 
lake evaporites analysed. No significant differences are observed in the isotope composition 
of dissolved SO4

2− between sampling dates, suggesting seasonal stability on both sulfate 
sources and recycling processes.  

5.5.3 Sulfate recycling 

For a better understanding of the processes involved in sulfate fate, the isotope composition 
of S and O from dissolved SO4

2− was compared to sulfate-bearing minerals, and sulfides at 
different depths (Figure 5.8). Additionally, values of δ18OSO4 which would be derived from 
sulfide oxidation following Equation 5.1 are also compared. For this purpose, the average 
δ18OH2O values of water for each sampling depth are used for the calculation. Surface water 
samples (SW-0), show the same δ34SSO4 and δ18OSO4 as the sulfate-bearing minerals from the 
lake’s evaporitic crust, and similar δ34SSO4 values to secondary gypsum from Lower Cretaceous 
sediments (Figure 5.8). Despite the changes in depth of the dissolved SO4

2− concentration, no 
noticeable variation is observed in the isotope composition at SW-0, GW-12, GW-26, and 
GW-34 (although isotope data is limited). The high SO4

2− concentration buffers the isotope 
composition and may mask sulfate-reduction processes. In the lake surface, precipitation and 
dissolution of S-bearing minerals must be also considered. During dry periods, evaporite 
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mineral precipitation occurs, but also the high SO4
2− concentration would mask the slight 

isotope fractionation of gypsum precipitation. Sulfur evolution in the lake is dominated by 
the seasonal cycles of mineral precipitation and dissolution, which are common in 
hypersaline lakes (Cartwright et al., 2009). Then, in wet periods, evaporites are redissolved, 
increasing SO4

2− concentrations with no significant changes in the isotope values because 
dissolution produces insignificant isotope fractionation for both δ34SSO4 and δ18OSO4. 

Figure 5.8   A) δ34S vs depth of dissolved sulfate, sulfides, and sulfate-bearing minerals from lake, 

piezometers, and basin outcrops. B) δ18O vs depth of dissolved sulfate, sulfate-bearing minerals from lake, 

piezometers, and basin outcrops, and δ18O values calculated following the upper limit equations (5.1) of Van 

Stempvoort and Krouse (1994) using the higher δ18OH2O measured at the corresponding depth throughout 

the sampling period. 

In GW-12, both the SO4
2− concentrations as well as the S and O isotope composition of 

dissolved SO4
2− become stable. The δ34SSO4 is similar to the isotope composition of the sulfate-

bearing minerals from piezometer cores, which are also within the range of sulfide minerals 
collected at this depth (Figure 5.8). However, δ18OSO4 is clearly higher than the value of sulfate-
bearing minerals from the piezometer cores and the theoretical value of sulfate calculated for 
sulfides at this depth. Sulfate reduction processes cannot explain this high δ18OSO4 values since 
the δ34SSO4 did not show to be affected by this reaction. S-recycling incorporating higher 
δ18OH2O from evaporated water during mixing processes between lake water and fresh water, 
as suggested by hydrochemical and tritium data (Table 5.1) could explain this high δ18OSO4 
values. The huge SO4

2− concentration at this depth (12.1 mbgs) supports this idea. Thus, the 
more likely hypothesis is that its origin is related to lake water recharge by DDF. The δ34SSO4 
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and δ18OSO4 in GW-12 is similar to dissolved SO4
2− in the lake (Figure 5.8), supporting this 

hypothesis. Currently, the system seems to have reached a hydrodynamic equilibrium 
between surface water, with the associated DDF, and the hydraulic potential of RGF. This 
assumption is also in agreement with water isotopic data (δ18OH2O and δ2HH2O) measured in 
the piezometers (Table 5.3). 

Groundwater samples obtained from GW-26 and GW-34 show δ34SSO4 and δ18OSO4 values 
indicating a mixing trend between GW-12 and GW-38. These results further support the idea 
of a mixing process between DDF and RGF. In the deepest well (GW-38), δ34SSO4 and δ18OSO4 
values are slightly higher than the expected values from sulfide oxidation and close to the ones 
from secondary gypsum from Lower Cretaceous outcrops. The dissolved SO4

2− found in GW-
38 could be derived mainly from secondary gypsum dissolution, which is mixed with the 
recharge water from the lake. This mixing process is in agreement with the water isotopic 
values of the samples.  Hence, it could conceivably be hypothesized that sulfate derived from 
sulfide oxidation and secondary gypsum dissolution constantly accumulates in the lake. 
Seasonal variations affect precipitation and dissolution of S-bearing minerals in lake surface. 
Dissolved SO4

2− can be also transported to the underlying aquifer by means of DDF.  

5.5.4 Sulfate reduction processes 

Evidence of BSR processes is provided by the microprofiling data, which show that H2S is 
produced in the first cm of recent organic-rich sediments. Calculated rates of H2S production 
(mean of 0.023 nmol/cm3·s) are similar to those described previously in Pétrola Lake (up to 
0.025 nmol/cm3·s; Menchen et al., 2016), and are also in the range of other lake sediments 
(about 0.017 nmol/cm3·s; Smith and Klug, 1981), and slightly below saltmarsh sediments (up 
to 0.033 nmol/cm3·s; Roychoudhury et al., 2003) and estuarine sediments (up to 0.047 
nmol/cm3·s in closed state system, Richards and Pallud, 2016). Microprofiles of H2S show 
well-defined zones for sulfate reduction processes. The limiting factor for these processes are 
neither the organic matter nor the dissolved SO4

2−. Thus, the shape of the H2S production 
curve suggests the re-oxidation of H2S to SO4

2− in the suboxic zone below the water-sediment 
interface. Furthermore, as BSR processes take place at the water-sediment interface, a 
significant part of the produced H2S is feasible to be re-oxidized again to dissolved SO4

2−. 
Besides the processes cited above, the formation of sulfur intermediates and further microbial 
disproportionation must be considered. Microbes responsible for BSR, such as Desulfobulbus 
spp. and Desulfovibrio spp, are able to perform disproportionation reactions (Widdel and 
Pfennig, 1982; Krekeler et al., 1997). Disproportionation of sulfur intermediates would lead 
to larger isotope fractionations in dissolved SO4

2− with δ34SSO4 enrichment up to +35‰ 
(Böttcher et al., 2005). Moreover, a depletion in δ34S from H2S should be expected (up to -
37‰; Habicht et al., 1998). Nevertheless, measurements of H2S and sulfur intermediates were 
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not performed. Thus, data is insufficient to make any assumption about the presence of 
microbial disproportionation in recent organic-rich sediments from Pétrola Lake. 

Assuming the existence of sulfate-reducing processes, values of δ34S and δ18OSO4 from water 
samples (SW-0, GW-12, and GW-26) and mineral samples (lake evaporites) can be explained. 
In dissimilatory BSR, DOC acts as an electron donor, reducing sulfate under anaerobic 
conditions (Nordstrom et al., 2007), and the rate of sulfate reduction is typically C-limited 
(Madigan, 1997). Anaerobic conditions and high DOC concentrations are found in surface 
and piezometer water samples (Appendix 5A). Dissolved oxygen values show anoxic 
conditions, with minimum values of 0.26 mg/L in surface water, 0.03 mg/L in the shallowest 
piezometer (GW-12), and 0.08 mg/L in the one immediately below (GW-26). The main 
sources of DOC in lake water, with values up to 646 mg/L in surface water (October 2010), 
are the degradation of autochthonous (primary productivity of the lake) and allochthonous 
(wastewater) sources (Gómez-Alday et al., 2014). Organic matter deposition has shown a high 
capacity to promote reducing conditions in batch and column experiments (Carrey et al., 
2014). In fact, the amount of organic C present in the sediment can be as high as 23% (Valiente 
et al., 2016). Previous laboratory experiments have also shown the high capacity of organic-
rich sediments to promote reducing conditions (Carrey et al., 2013). In the sampled surface 
water and groundwater, NO3

− concentrations are negligible and oxygen is limited, so the main 
electron acceptor is dissolved SO4

2−. These conditions are favourable for sulfate reduction 
(Champ et al., 1979). 

Isotopically, BSR results in an increase in both the δ34SSO4 and δ18OSO4. Assuming that this 
reaction follows a Rayleigh distillation in a closed system, a negative relationship between 
Ln[SO4

2−] and δ34SSO4 and δ18OSO4 would be expected (Spence et al., 2001). However, the 
samples show the opposite trend: an increase in δ34SSO4 and δ18OSO4 as Ln[SO4

2−] increases. 
One feasible hypothesis to explain the lack of correlation, even when chemical data indicate 
favourable conditions for sulfate reduction, is that the large amount of SO4

2− in surface and 
groundwater could mask the isotope shift associated to BSR. Furthermore, traces of sulfide 
and a faint odour of H2S were occasionally noted during surface water sampling, suggesting 
sulfate reduction, that was confirmed by microprofiling. 

Biologically, 16S rDNA amplification was successful using two set of 16S rDNA-targeted 
primers of sulfate-reducing bacteria. Sequencing confirms the presence of sulfate-reducing 
bacteria belonging to Desulfovibrionaceae family (seq-1) and to Desulfovibrio genus (seq-2). 
However, the results do not discard the presence of other bacterial communities able to 
reduce sulfate in lake sediments. These results complement the hypothesis of BSR processes 
in the hypersaline sediments of Pétrola Lake. Prior studies that have noted the low isotope 
fractionation for δ34S (ε=-2.0‰) produced by bacteria from genus Desulfovibrio in 
hypersaline mats (D. halophilus; Detmers et al., 2001). Therefore, the low variability in the 
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isotope composition observed in the samples can also be attributed to the low isotope 
fractionation (Figure 5.9). 

Figure 5.9   δ34SSO4 vs SO4
2− concentration for SW-0, GW-12, and GW-26 sampling points. The graph shows 

simplified models of the evolution of sulfate concentration and δ34S values during BSR using isotope 

fractionation of -2‰.

Based on the surface water and groundwater samples (SW-0, GW-12, and GW-26) with the 
highest δ34SSO4 and δ18OSO4 values, a simplified model has been calculated for the evolution of 
SO4

2− concentrations and δ34S isotope composition during BSR (Figure 5.9). No data was 
found in the literature about isotope fractionation for δ34S produced by the closest 
microorganism reported by phylogenetic analyses (D. senezii). Thus, the reported isotope 
fractionation for D. halophilus was used for calculation: a 40% complete sulfate reduction is 
needed to produce a 1‰ shift in δ34SSO4. Consequently, taking into account the high SO4

2− 
concentration of the samples, the isotope effect of BSR is masked. The evolution of δ18OSO4 
does not agree with a BSR model, and a negative correlation between δ18OSO4 and 1/[SO4

2−] is 
observed (R2=0.94), suggesting that mixing rather than other processes is controlling δ18OSO4. 
This may be influenced by the constant cycles of evaporation and dissolution in surface water 
that also mask the relationship between isotope composition and SO4

2− concentration. 



 
Chapter 5: Tracing sulfate recycling 

169 
 

5.6 Conclusions 

In the Pétrola Lake-aquifer system, the continuous recycling of sulfur is controlled by three 
main processes: (1) seasonal evaporation cycles, (2) hydrodynamic instability driven by the 
different density-driven groundwater flow, and (3) sulfate-reduction processes (BSR). Sulfate 
distribution is controlled by evaporation (due to seasonal drought) and mixing processes 
(from a DDF towards the underlying aquifer). Hydrochemical and isotopic evolution in depth 
indicate that lake water and groundwater are in hydraulic connection, and DDF is able to 
transport reactive organic matter and other solutes (e.g. SO4

2−) from the lake to the underlying 
aquifer. Despite seasonal variations found in surface water, SO4

2− concentrations and δ34SSO4 
become almost constant during the study period in the piezometers, suggesting quasi-
equilibrium between DDF and RGF. Sulfate in Pétrola Lake is originally derived from: (1) 
oxidation of disseminated pyrite present in the Lower Cretaceous sediments, and (2) 
dissolution of secondary gypsum derived from sulfide oxidation in Lower Cretaceous 
sediments. The presence of sulfate-reducing bacteria belonging to Desulfovibrionaceae family 
and the detected production of H2S in the first cm of sediment, confirm the occurrence of 
BSR processes. Nevertheless, the isotope effect of BSR is masked due to low isotope 
fractionation and the large amount of dissolved SO4

2− in surface water and groundwater. The 
analysis of sulfur dynamics undertaken here has extended our knowledge of the sulfur cycle 
in a hypersaline system. Further work could focus on the interaction between S-cycle and 
pollutants attenuation (e.g. nitrate), as well as other potential biotic processes (e.g. microbial 
disproportionation) in Pétrola hypersaline lake-aquifer system. 
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Table 5.A

Sample Point Date pH EC Eh DO T SO4 HCO3 Cl Na K Ca Mg Fe Mn DOC

GW-38 10/09/2008 7.9 2,75 nd nd nd 1,077.9 278.2 254.6 108.3 11.5 157.4 239.8 212.7 15.5 nd

GW-38 09/12/2008 7.7 2,72 nd 1.75 14.9 1,200.7 332.7 221.9 94.2 11.2 157.5 256.5 314.5 8.0 nd

GW-38 12/02/2010 7.3 2,66 192 0.33 16.7 1,056.7 449.0 219.8 97.0 10.1 160.3 284.5 BLD BLD 2.0

GW-38 30/04/2010 7.5 2,65 170 0.07 18.1 1,123.9 449.0 216.3 120.5 12.1 156.3 287.0 BLD BLD 4.1

GW-38 09/07/2010 7.5 2,67 191 1.18 17.5 1,143.1 453.8 219.8 131.0 13.8 168.3 282.1 BLD BLD 2.0

GW-38 25/10/2010 7.8 3,38 141 0.17 17.4 1,421.7 458.7 390.0 231.0 24.7 184.4 345.3 BLD BLD 7.8

GW-38 03/11/2010 8.2 2,54 108 0.42 17.6 999.0 414.8 212.7 79.5 7.9 160.3 267.5 BLD BLD 2.3

GW-38 15/10/2011 7.5 2,58 -16 0.24 19.4 1,104.7 453.8 195.7 122.0 12.2 319.0 176.1 nd nd 1.2

GW-34 12/02/2010 7.1 13,6 215 0.14 12.2 6,090.2 488.0 6,523.4 2,710.0 292.0 304.6 2,198.5 BLD 0.2 3.9

GW-34 30/04/2010 7.1 7 146 0.75 18.3 2,439.9 449.0 1,967.6 824.0 67.5 280.6 766.1 BLD 0.2 2.5

GW-34 09/07/2010 6.9 4,1 119 0.33 21.7 1,940.4 499.0 1,162.9 620.0 43.5 256.5 488.8 BLD BLD 2.0

GW-34 25/10/2010 6.9 3,17 120 0.44 19.7 2,190.2 434.3 1,432.3 648.0 49.6 280.6 608.0 BLD BLD 4.1

GW-34 03/11/2010 6.9 17,34 -46 0.59 20.3 4,380.3 463.6 4,077.1 1,950.0 189.0 312.6 1,566.2 BLD BLD 3.5

GW-34 15/10/2011 7.1 21,2 20 0.11 21.0 4,188.2 458.7 4,538.0 1,880.0 164.0 288.6 1,490.8 nd nd 3.2

GW-26 12/02/2010 7.1 30,4 159 0.33 13.3 17,867.2 439.2 23,257.2 8,720.0 980.0 761.5 7,296.0 9.3 0.1 8.0

GW-26 30/04/2010 7.0 45,7 318 0.22 19.3 21,037.1 453.8 26,731.6 10,450.0 1,145.0 581.2 8,499.8 2.5 0.1 10.8

GW-26 09/07/2010 7.0 38,9 126 0.55 19.9 23,342.6 444.1 22,548.1 11,800.0 1,310.0 601.2 6,785.3 BLD BLD 7.2

GW-26 25/10/2010 7.4 12,4 136 0.08 17.0 17,098.7 419.7 15,953.9 9,600.0 1,075.0 641.3 4,134.4 0.1 BLD 7.7

GW-26 03/11/2010 7.7 44,9 169 0.13 18.2 13,448.4 409.9 14,890.3 7,640.0 828.0 621.2 3,952.0 0.7 0.1 7.1

GW-26 15/10/2011 7.1 59,9 -244 0.18 20.8 17,290.8 439.2 23,824.4 9,300.0 1,040.0 617.2 7,067.4 1.3 0.6 6.4

GW-12 12/02/2010 7.2 93,9 125 0.03 16.2 38,424.0 478.2 41,834.5 16,800.0 3,060.0 481.0 14,251.5 4.6 0.2 23.5

GW-12 30/04/2010 7.0 92,7 112 0.05 17.8 38,616.1 473.4 42,011.8 15,800.0 2,560.0 432.9 15,107.6 4.2 0.2 22.3

GW-12 09/07/2010 7.0 86,7 77 0.12 18.3 34,581.6 468.5 39,352.8 13,800.0 2,410.0 408.8 14,198.0 BLD BLD 22.5

GW-12 25/10/2010 7.2 87,1 52 4.00 17.6 38,808.2 473.4 37,367.5 14,800.0 2,680.0 400.8 13,959.7 BLD BLD 22.2

GW-12 03/11/2010 7.1 86,9 -100 0.17 18.9 38,039.8 478.2 39,423.7 15,600.0 2,680.0 464.9 14,018.0 BLD BLD 18.1

GW-12 15/10/2011 7.0 98,6 -248.0 3.4 21.4 40,225.1 483.1 37,722.0 16,100.0 2,720.0 481.0 13,667.8 0.4 0.1 18.2

SW-0 26/02/2010 8.5 69,9 110 7.04 12.6 43,227.0 327.0 21,768.1 11,150.0 1,680.0 497.0 11,809.8 BLD BLD 140.0

SW-0 30/04/2010 8.3 72,1 292 1.06 26.2 45,724.6 473.4 25,809.8 12,600.0 1,470.0 481.0 13,181.4 BLD BLD 163.0

SW-0 09/07/2010 8.4 96,1 63 1.81 26.5 75,887.4 927.2 45,663.5 25,000.0 3,980.0 521.0 20,501.8 BLD BLD 304.0

SW-0 25/10/2010 7.5 109,4 180 3.87 16.9 122,956.8 2,135.0 102,813.7 116,000.0 17,900.0 20.0 165.4 BLD BLD 646.0

SW-0 03/11/2010 7.7 108,2 180 3.51 22.6 108,067.5 2,049.6 94,836.8 37,800.0 5,040.0 701.4 38,486.4 BLD BLD 500.0

SW-0 15/10/2011 8.4 44,1 68 4.14 21.3 201,24.6 531.9 13,968.5 6,240.0 700.0 577.2 6,167.6 nd nd 76.2

Supplementary Information: Appendix 5A

Results of the chemical analyses in water samples (mg/L, except Fe and Mn in μg/L). EC: electric conductivity (uS/cm). Eh: redox potential (mV). DO: dissolved oxygen (mg/l). T: temperature (ºC). DOC: dissolved organic carbon (mg/l). Concentrations of chemical species are given in mg/L. 
nd: not determined. BLD: below limit of detection. GW: groundwater. SW: surface water.
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Supplementary Information: Appendix 5B 

Figure 5.B1  H2S production and consumption rates calculated in the sediment for Profile 1. Water-sediment 

interface is located at 0 µm depth. Two zones of sulfide consumption are observed: the first 3 mm, and 

between 8 and 9 mm (up to 0.031 nmol/cm3·s). H2S production is detected from 3 to about 6 mm depth, 

and increases noticeably up to 8 mm depth (0.022 nmol/cm3·s). A final zone of H2S production is observed 

from 9 mm depth to the end of the profile. H2S concentration reaches values up to 2.3 mmol/L at 7.5 mm 

depth. 
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Figure 5.B2  H2S production and consumption rates calculated in the sediment for Profile 2. Water-sediment 

interface is located at 0 µm depth. Three zones of sulfide consumption are observed: the first 5 mm 

(approximately), between 6 and 7 mm, and from 8 mm depth to the end of the profile (up to 0.018 

nmol/cm3·s). H2S production is observed 5 to 6 mm depth, and mainly in the zone from 7 to 8 mm depth 

(0.024 nmol/cm3·s). H2S concentration reaches values up to 1.9 mmol/L at 7.6 mm depth. 
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Figure 5.B3  H2S production and consumption rates calculated in the sediment for Profile 3. Water-sediment 

interface is located at 0 µm depth. Three zones of sulfide consumption are shown: the first mm (up to 0.018 

nmol/cm3·s), between 6 and 7 mm, and from 8.3 mm depth to the end of the profile. H2S production is 

observed slightly from 1 to 6 mm depth, and largely in the zone from 7 to 8.3 mm depth (0.022 nmol/cm3·s). 

H2S concentration reaches values up to 3.8 mmol/L at 8 mm depth.  
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Supplementary Information: Appendix 5C 

Figure 5.C1  Denaturing agarose gel electrophoresis of reaction products from PCR using primer set DHF 

and DHR. This set of primers was designed from strains belonging to Desulfovibrio genus from saline 

environments. Forward primer DHF belongs to E. coli positions 158-177. Reverse primer DHR belongs to E. 

coli positions 761-742. Thus, the expected size of the amplified 16S rDNA is 604 bp. In order to visualize PCR 

products, DAGE analysis was carried out with a UV transilluminator. Products were analysed by 1% agarose 

(w/v) in 1X RedSafeTM 1%. Lane M contains 1 Kb molecular DNA ladder (Invitrogen, USA) and the products 

with sizes 2036 bp, 1636 bp, 1018 bp, and 506 bp are shown above. Lane nk contains the negative control. 

Since there was no product visualized in this lane, DNA contamination is discarded. Lanes 1, 2, and 3 

correspond to PCR products using volumes of 1, 2, and 3 µL, respectively. PCR products show the predicted 

size (604 bp) for all the lanes, confirming the presence of bacteria from genus Desulfovibrio. 
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Figure 5.C2  Bacterial phylogenetic tree construction based on nearly complete 16S rDNA sequences and 

on partial sequences available at NCBI (accession no. included together with organism name). The analysis 

involved 19 nucleotide sequences, including seq-1 obtained from PCR products using primer set DSV435F 

and DSV1430R. Phylogenetic analysis was calculated using the Maximum Likelihood method based on the 

Tamura-Nei model. The percentage of trees in which the associated taxa clustered together is shown next 

to the branches when it is more than 50%. The tree is drawn to scale, with branch lengths measured in the 

number of substitutions per site. All positions containing gaps and missing data were eliminated.  
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Figure 5.C3   Bacterial phylogenetic tree construction based on nearly complete 16S rDNA sequences and 

on partial sequences available at NCBI (accession no. included together with organism name). The analysis 

involved 13 nucleotide sequences, including seq-2 obtained from PCR products using primer set DHF and 

DHR. Phylogenetic analysis was calculated using the Maximum Likelihood method based on the Tamura-

Nei model. The percentage of trees in which the associated taxa clustered together is shown next to the 

branches when it is more than 50%. The tree is drawn to scale, with branch lengths measured in the number 

of substitutions per site. All positions containing gaps and missing data were eliminated. 
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This chapter is a manuscript in preparation for submission to Chemosphere. 

Valiente, N., Gómez-Alday, J. J., Mader, D., and Jirsa, F. Heavy metal pollution assessment in 
lacustrine sediments of Pétrola Lake. 

Abstract 

Heavy metal pollution in sediments may lead to serious ecological consequences in aquatic 
ecosystems, including the disruption of microbe-mediated biogeochemical cycles. Several 
indexes haven been developed to assess the environmental risk of heavy metals in sediments, 
including the geoaccumulation index (Igeo), the potential ecological risk index (PERI), and the 
exchangeable fraction based risk assessment code (RAC). This study assesses heavy metal 
pollution in the Pétrola Lake protected area (central Spain). The lake was classified as a heavily 
modified waterbody because of the inputs of pollutants from agricultural sources and urban 
wastewater. A total of 102 sediment samples from 14 different control points (including 
wastewater and agricultural areas) were used to analyze Cd, Cu, Hg, Pb, Zn, organic matter, 
and rare earth elements (REE). Moreover, a sequential extraction procedure was performed 
to fractionate Cu, Pb, and Zn in sediments. The results showed moderate Pb pollution in 
sediments from Pétrola Lake derived from urban wastewater. The other studied heavy metals 
(Cd, Cu, Hg, Zn) showed values close to background levels slightly influenced by agricultural 
activities. REE concentrations in lake sediments were influenced by complexation processes 
in the water phase, with no REE alterations derived from human activities. 

6.1 Introduction 

Heavy metals are naturally present in water bodies in dissolved, colloidal, and particulate 
phases. Some of them, for example copper (Cu) and zinc (Zn), are essential for living 
organisms when occurring at trace levels. However, overexposure to heavy metals negatively 
affects human health and the environment (Tchounwou et al., 2012). These harmful effects 
include the formation of metal complexes with proteins, inactivating enzymatic systems, 
which compromises the normal course of biogeochemical cycles (Babich and Stotzky, 1985). 
Human activities from ancient times to the present have multiplied environmental 
concentrations of Cu, lead (Pb), and Zn in all regions of the world (Nriagu, 1996). 
Importantly, biosphere pollution by heavy metals has increased drastically since the 
beginning of the industrial revolution (Nriagu, 1979). Hence, heavy metal pollution in aquatic 
ecosystems has been an object of research over the last few decades due to their persistence 
and toxicity (Bryan, 1976; Förstner and Müller, 1973; Tomlinson et al., 1980; Gümgüm et al., 
1994; Tang et al., 2014).  
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In aquatic environments, the main anthropogenic sources are urban and industrial effluents, 
agricultural fertilizers, and mining (Nriagu and Pacyna, 1988). Moreover, heavy metals can 
enter waterbodies after atmospheric transport and subsequent deposition (Järup, 2003). 
Fertilizers provide macronutrients, micronutrients (e.g. Cu and Zn), but also other heavy 
metals such as cadmium (Cd) and Pb (Otero et al., 2005). The European Union has listed Cd 
and Pb, together with other divalent metals such as mercury (Hg), as priority substances in 
the field of water policy by the Directive 2008/105/CE (EC, 2008). Divalent metals can 
partially substitute calcium (Ca) when phosphate fertilizers are applied on calcareous soils 
(De Groot, 1983). Therefore, sediments from locations under agricultural influence can 
present high heavy metal contents. 

Sediments are the main reservoir of heavy metals in aquatic environments (Castillo et al., 
2013). Sediments can therefore be employed as indicators for monitoring heavy metal 
pollution levels and sources (Ye et al., 2012). Accordingly, previous studies have linked 
pollution sources to total contents of heavy metals in sediments around the world (Yu et al., 
2011; Ke et al., 2017; Islam et al., 2018; Zheng et al., 2018). Heavy metal mobility depends on 
several factors including pH, redox potential, organic matter content, and ion exchange 
processes (Filgueiras et al., 2004). In contaminated anoxic sediments, the reoxidation of metal 
sulfide species can lead to significant heavy metal release (Calmano et al., 1993). 

Risk assessment indices are frequently employed to assess heavy metal contamination of 
sediments. Among these environmental factors, the geoaccumulation index (Igeo), the 
potential ecological risk index (PERI), and the risk assessment code (RAC) were selected in 
the present study. The Igeo was developed by Müller (1979) and has been widely used to 
quantify the degree of heavy metal pollution in sediments. The PERI was introduced by 
Hakanson (1980) and is used to evaluate the potential ecological risk of heavy meals in 
sediments. The RAC was suggested by Perin et al. (1985) and is utilized to investigate the 
mobility of the non-stable chemical fraction of heavy metals. 

A better understanding of heavy metal bioavailability requires considering chemical 
interactions (Xiao et al., 2015). Many studies have therefore focused on mobility in different 
geochemical phases in sediments by applying a sequential extraction procedure (Tack and 
Verloo, 1995; Morillo et al., 2004; Zhang et al, 2017). This procedure releases heavy metals in 
different fractions, including exchangeable carbonates, occluded with iron (Fe) or manganese 
(Mn) oxides, organic fractions, and residual fractions (Tessier et al., 1979; Belzile et al., 1989). 
In general, heavy metals derived from anthropogenic sources are present in the extractable 
fractions, contrary to those derived from lithogenic sources and mainly associated with the 
residual fraction (Najamuddin et al., 2016; Zhang et al., 2017). Thus, sequential extraction 
approaches are valuable to supplement heavy metal source identification studies. 

Rare earth elements (REE) are suitable for studying geochemical and sedimentary processes 
(Playà et al., 2007), but also for tracing agricultural pollution because they are also present in 
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fertilizers (Martin and McCulloch, 1999). Recently, there has been an increased interest in 
studying REE in aquatic sediments (Haley et al., 2004; Tanaka et al., 2007; Stojanovic et al., 
2009). REE in trivalent state act as a coherent group of elements in geochemical processes; the 
exceptions are cerium (Ce) and europium (Eu), which can change their oxidation states into 
tetra- and di-valence depending on the redox conditions. REE abundances, which are often 
normalized using chondrite REE values (Taylor and McLennan, 1985), are therefore used to 
study geochemical processes. 

Among aquatic ecosystems, saline lakes are highly vulnerable to heavy metal pollution. These 
ecosystems usually function as sinks for agricultural, industrial, and urban wastes. Moreover, 
they are mainly located in closed hydrological systems from arid and semi-arid regions. This 
type of environment, combined with the low precipitation and high evaporation rates typical 
of arid climates, accumulates and biomagnifies pollutants (Williams, 2002). Few, if any, 
studies have examined the distribution of heavy metals and REE in hypersaline lakes. In this 
study, we compare heavy metal and REE patterns in sediments from the Pétrola Lake 
protected area, a heavily modified waterbody due to the inputs of pollutants from agricultural 
sources and urban wastewater. The studied heavy metals were Cd, Cu, Hg, Pb, and Zn. This 
study assesses the heavy metal pollution in sediments from the Pétrola endorheic basin and 
identifies the natural and anthropogenic sources of these metals. For this purpose, sediments 
from Pétrola Lake and surrounding springs and streams were used. 

6.2 Material and methods 

6.2.1 Study area 

Pétrola Lake is one of the most representative saline wetlands in the Castilla-La Mancha 
region, in the High Segura river basin (SE Spain, Figure 6.1). Pétrola Lake was classified as a 
heavily modified waterbody because of the inputs of pollutants from agricultural sources 
(inorganic synthetic fertilizers) and urban wastewater. The lake is shallow (not exceeding 2 
m) and occupies the terminal discharge zone of an endorheic basin in a semiarid area. Various 
small streams discharge into the lake in a radial pattern. The catchment area of the Pétrola 
lake-aquifer system extends over 43 km2, where cultivation and livestock are the main 
activities. Farming involves approximately 75% of the total area, whereas the remaining area 
is occupied by semi-natural land cover types (Valiente et al., 2018). In addition, urban 
wastewaters are discharged directly into the lake without proper treatment. The basin is 
mainly composed of Mesozoic materials. The main aquifer is formed of Lower Cretaceous 
sediments (Utrillas Facies) comprising siliciclastic sands, conglomerates, and siltstones with 
a thickness that can exceed 60 m (for a detailed description, see Gómez-Alday et al., 2014). 
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Figure 6.1   A) Location of the Segura river basin in Europe. B) Location of Pétrola basin in Segura river basin. 

C) Land use map of Pétrola basin and location of control points from the studied areas: Pétrola Lake (green

squares), urban wastewaters (black circles), dryland cultivation (blue rhombus), and irrigated croplands (red

triangles).

6.2.2 Sample collection 

Between September 2014 and January 2016, a total of 41 sediment cores were collected from 
14 control points located in the Pétrola endorheic basin. These control points were positioned 
in Pétrola Lake as well as in streams and springs near the discharge area (Figure 6.1). The 
sampling points were distributed in 4 areas according to the main anthropogenic pressures 
and their location: lake bottom sediment samples (sites 2635, 2643, 2648, 2649, 2650, 2651, 
2652), wastewater area from Pétrola village (sites 2575, 2641), dryland farming area (sites 
2554, 2640, 2642) and irrigation area (sites 2571, 2602). Cores were taken from the upper part 
of the sediment, with depths ranging from 5 cm and 30 cm, using acrylic coring tubes (5 cm 
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inner diameter). Coring tubes were capped at top and bottom with silicone rubber stoppers, 
cooled, and transported to the laboratory. Once there, cores were sliced into 5-cm-thick 
sections (n=102) and then frozen at -20 ºC. Afterwards, these slices were lyophilized for 48 h 
(10−2 mbar vacuum) in a liophylizator (Telstar-Cryodos-80, Spain) at the Institute for 
Regional Development (University of Castilla-La Mancha). Dry sediment samples were 
homogenized in a porcelain mortar, sieved through a 1 mm steel sieve, and stored until 
further analysis. 

6.2.3 Chemical analyses 

Subsequently, samples were transferred to the lab of the Institute of Inorganic Chemistry at 
the University of Vienna. There, the organic matter (OM) content in dried sediment samples 
was determined as loss of ignition (LOI) by combustion of dried sediments for 2 h at 550 °C, 
as described by Nelson and Sommers (1996). Approximately 0.5 g of the homogenized dry 
sample were digested. Acid leaching was conducted in a block digester for 120 min at 130°C 
by adding 9 mL of 34% HNO3 (TraceSELECT® Fluka) and 1 mL H2O2 30% (TraceSELECT® 
Fluka). Digested samples were transferred into 20 mL flasks and brought to volume with 
Millipore water. Afterwards, samples were filtered through 0.2 µM PTFE syringe filters 
(VWR). Reference samples comprising 0.3 g dry weight (dw) of certified reference material 
(PACS-2, Natural Research Council Canada) were digested as described above for sediments.  

Cu, Pb, and Zn were detected using an Inductively Coupled Plasma - Optical Emission 
Spectrometer (ICP-OES, Optima 5300DV, Perkin Elmer), and by Total Reflection X-Ray 
Fluorescence spectrometry (TXRF, S2 PicoFox TXRF, Bruker Nano GmbH). Mercury was 
measured in the samples immediately after digestion by Cold Vapor Atomic Absorption 
Spectrometry (CV-AAS, FIMS 400, Perkin Elmer Inc.). For the detection of Cd, a Graphite 
Furnace Atomic Absorption Spectrometer was used (GF-AAS, PinAAcle 900Z, Perkin Elmer 
Inc.). For TXRF analysis, platinum (Pt) was used as internal standard. For each sample, 450 
µL of sediment leaching were transferred into an Eppendorf tube, followed by 500 µL of a Pt 
10 mg/L solution, 100 µL of polyvinyl alcohol (PVA) 0.3 w/v, and 5 μL of Triton X-100. PVA 
and Triton X-100 were used to enhance the homogeneity of samples (Towett et al., 2013). A 
volume of 5 μL of the sample mixture was transferred into microplates, and then measured. 

For ICP-OES, CV-AAS, and GF-AAS, the accuracy and the detection limits (LOD) are given 
elsewhere (Jirsa et al., 2014; Otachi et al., 2014) (Table 6.1). For TXRF, LOD were determined 
by preparing analytical blanks without insertion of a sample. The limits of detection (all given 
in mg/kg dw) were 0.007 for Cd; 0.5 and 0.25 for Cu in ICP-OES and TXRF, respectively; 
0.008 for Hg; 1.0 and 0.2 for Pb in ICP-OES and TXRF, respectively; and 1.0 and 0.35 for Zn 
in ICP-OES and TXRF, respectively. Recovery rates ranged from 96 to 112%, demonstrating 
the suitability of the methods used. 
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Table 6.1 
Element concentrations in PACS-2, certified by NRCC, and as detected with the 
techniques employed in this study. All values given in mg/kg dry weight. 

Element 
Detection 
method PACS-2 Measurement Accuracy (%) Reference 

Cd GF-AAS 0.290 ± 0.020 0.292 ± 0.013 101 Otachi et al., 2014 

Cu 
ICP-OES 

310 ± 12 
307 ± 25 99 Otachi et al., 2014 

TXRF 298 ± 1 96 This study 

Hg CV-AAS 3.04 ± 0.20 3.12 ± 0.07 103 Jirsa et al., 2014 

Pb 
ICP-OES 

183 ± 8 
175 ± 4 96 Otachi et al., 2014 

TXRF 206 ± 1 112 This study 

Zn 
ICP-OES 

364 ± 23 
379 ± 12 104 Otachi et al., 2014 

TXRF 353 ± 12 97 This study 

 

Dry samples from cores AJ, AK, AL, AM, AN, AX, AY, and AZ (n=33) were also analyzed 
using Instrumental Neutron Activation Analysis (INAA) at the Department of Lithospheric 
Research at the University of Vienna following published methods (Koeberl, 1993; Mader and 
Koeberl, 2009). Approximately 150 mg of the individual samples were weighed and sealed in 
small polyethylene vials, as were about 80-100 mg of three international rock standards: the 
carbonaceous chondrite Allende (Smithsonian Institution, Washington, DC, USA; 
Jarosewich et al., 1987), the granite AC-E (Centre de Recherche Pétrographique et 
Géochimique, Nancy, France; Govindaraju, 1989), and the Devonian Ohio shale SDO-1 
(United States Geological Survey; Govindaraju, 1989). For the irradiation, a 250 kW TRIGA 
Mark II reactor was used. The samples were irradiated for about 8 h at a neutron flux of 1.7 x 
1012 n cm-2 s-1 at the Institute of Atomic and Subatomic Physics of the Vienna University of 
Technology. After a cooling period of 5 days, the decontaminated samples were measured in 
three counting cycles according to the half-lives of the nuclides, using high-resolution 
Canberra HpGe (high-purity germanium) detectors with relative efficiencies of 12-54 % and 
energy resolutions of 1.76-1.87 keV at 1332 keV of the 60Co peak. The REE values were 
normalized to chondrite composition, and the Eu-anomalies were calculated following Taylor 
and McLennan (1985), as described in Equation 6.1:  

 Eu / Eu* = EuN / (SmN ∙ GdN)0.5 (6.1) 

Anomalies in the REE plots were considered if the REE ratio exceeded the range 1.0 ± 0.05 
(Taylor and McLennan, 1985). 
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6.2.4 Sequential extraction 

A six-step sequential extraction procedure, based on the proposed by Tessier et al. (1979), was 
applied to fractionate the heavy metals into six fractions: Exchangeable (F1), Bound to 
Carbonates (F2), Bound to Mn oxides (reducible) (F3), Bound to Organic Matter (F4), Bound 
to Fe oxides (reducible) (F5), and Residual (F6). Extractions were performed at the Institute 
for Regional Development (University of Castilla-La Mancha) immediately after sampling. 
For the initial extraction step, approximately 1 g of the individual samples from cores BA – 
BN (n=14) were weighed and sealed in 50 mL polyethylene vials. After each step, samples 
were centrifuged at 7000 rpm for 15 min to separate the extract (supernatant) from the 
sediment. Extracts were then filtered through a 0.45 μm nylon Millipore® filter, transferred 
into 15 mL polyethylene vials, and acidified by adding 0.5 mL of ultrapure HNO3 
(TraceSELECT® Fluka). Then, the pellet was washed with 10 mL Millipore water and 
centrifuged at 7000 rpm for 5 min, discarding the supernatant. 

The exchangeable fraction (F1) was extracted with 40 mL of 1M KNO3 (pH = 7) for 14 h 
under constant shaking (adapted from Gupta et al., 1990). The fraction bounded to 
carbonates (F2) was extracted by adding 35 mL of NaOAC to the residue from step 1 and 
adjusting to pH 5.0 with glacial CH3COOH and continuously agitating for 5 h (adapted from 
Berti and Cunningham, 1997). The residue was treated with 35 mL of 0.1M NH2OH·HCl in 
0.1M HNO3 (pH = 2) for 2 h (Berti and Cunningham, 1997) to obtain the fraction bounded 
to Mn oxides (F3). The fraction bounded to organic matter (F4) was obtained from the 
residue from the previous step by adding 35 mL of 0.1M Na4P2O7 (pH = 10) for 36 h (Berti 
and Cunningham, 1997). Then, the residue was used to extract the fraction bounded to Fe 
oxides (F5) by adding 35 mL of 0.04M NH2OH·HCl in 25% (v/v) CH3COOH at 96 ºC with 
occasional agitation for 5 h (Belzile et al., 1989). Finally, the residual fraction (F6) was 
extracted from the residue from F5 with 30 mL of ultrapure 4M HNO3 at 85 ºC with 
occasional agitation for 12 h (Ribeiro and Mexia, 1997). All the extracts were shipped to the 
lab of the Institute of Inorganic Chemistry at the University of Vienna for trace element 
analysis. 

6.2.5 Assessment of pollution 

Three indices were calculated for the environmental risk assessment: the geoaccumulation 
index (Igeo), the potential ecological risk index (PERI), and the exchangeable fraction based 
risk assessment code (RAC). 

The Igeo quantifies the degree of heavy metal pollution in sediments as follows: 

 Igeo = log2 (CN / 1.5BN) (6.2) 

where CN is the content of the measured metal in the samples, BN is the crustal shale 
background content of that metal. The background values for Cd, Cu, Hg, Pb, and Zn were 
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0.2, 55, 0.08, 12.5, and 70 mg/kg, respectively (Taylor, 1964). The constant term 1.5 is used 
for possible lithological variations in the background value. The Igeo values can be classified 
into seven grades: unpolluted (<0), unpolluted to moderately polluted (0-1), moderately 
polluted (1-2), moderately to strongly polluted (2-3), strongly polluted (3-4), strongly to 
extremely polluted (4-5), and extremely polluted (>5) (Müller, 1979). 

The PERI is used to evaluate the potential ecological risk. The potential ecological risk factor 
of a single metal (Er

i) is defined as: 

 Er
i = Tr

i ∙ (Ci / C0) (6.3) 

In contrast, the comprehensive potential ecological risk index for each sample (RI) is 
calculated as the sum of the individual Er

i values: 

 RI = ∑Tr
i ∙ (Ci / C0) = ∑Er

i (6.4) 

where Ci is the concentration of the measured metal in sediment, C0 is the concentration of 
the same element in background sediment (from Taylor, 1964), and Tr

i is the biological 
toxicity factor of an individual element. The biological toxicity factors for Cd, Cu, Hg, Pb, and 
Zn were 30, 5, 40, 5, and 1, respectively (Hakanson, 1980). The Er

i values can be categorized 
as: low potential ecological risk (<40), moderate potential ecological risk (40-80), considerable 
potential ecological risk (81-160), high potential ecological risk (161-320), and very high 
potential ecological risk (>320). In analogy with Er

i, the values of RI for each control point 
can be classified as: low ecological risk (<150), moderate ecological risk (151-300), 
considerable ecological risk (301-600), and very high ecological risk (>600) (Hakanson, 1980). 

Finally, the RAC index is calculated as the percentage of the content of the exchangeable (F1) 
and carbonate (F2) fractions to the sum of all fractions. RAC indices were calculated for Cu, 
Pb, and Zn. A five-level classification of RAC is defined as: no risk (<1%), light risk (1-10%), 
medium risk (11-30%), high risk (31-50%), and very high risk (>50%) (Perin et al., 1985). 

6.2.6 Radiocarbon dating 

The sedimentation rate in the lake was calculated from sediment samples AK-5 and AK-20 
by means of radiocarbon dating (Fowler et al., 1986). For this purpose, accelerator mass 
spectrometry (AMS) carbon-14 (14C) was performed on bulk samples at the ‘Centro Nacional 
de Aceleradores’ (CNA, CSIC) in Sevilla, Spain. The calibration (2σ range) was performed 
using IntCal13 and MARINE13 radiocarbon age calibration curves (Reimer et al., 2013). The 
probability density for the calibrated age of each radiocarbon-dated sample was obtained 
using CALIB 7.0 (Stuiver and Reimer, 1993).  
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6.2.7 Statistical analysis 

One-way ANOVA was used to test differences of heavy metal concentrations among depths 
and control points, followed by the Tukey’s post hoc test (homogeneous variances) or by the 
Games-Howell post hoc test (heterogeneous variances). To assess differences between 
background soil values and measured values, one-sample two-tailed t-tests were used. 
Spearman correlation was conducted to check for significant relationships in the sediment 
samples. Factor analysis based on principal component analysis (PCA) was used to determine 
sources of contamination. Results of statistical tests were considered to be significant at the 
confidence level 95% (p < 0.05). All tests were performed using SPSS-IBM Statistics software. 

6.3 Results and Discussion 

6.3.1 Cadmium 

Cadmium was above the LOD (0.007 mg/kg dw) in nearly all sediment samples, as shown in 
Supplementary Information (Appendix 6A, Table 6.A). Measured Cd levels were rather low 
in all measured samples compared to other studies (Table 6.2). The highest mean 
concentration was found in sediments from the irrigation area (0.142 ± 0.053 mg/kg dw), 
which is significantly lower than the background soil value for Cd (0.265 mg/kg dw) described 
by Ford and Beyer (2014). In lake samples, the highest Cd concentrations were recorded in 
the sediment layers 5-10 cm (0.063 ± 0.060 mg/kg dw) and 10-15 cm (0.066 ± 0.046 mg/kg 
dw) (Figure 6.2). 

Figure 6.2   Depth profiles of the measured heavy metals (mean values) in sediments from Pétrola Lake 

(n=90). 
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Compared with other lake studies, our results were significantly lower (0.185 mg/kg dw; 
Budakoglu et al., 2015). In lake samples, there were no significant differences in Cd 
concentrations at different depths (F(5,85) = 1.36). Nevertheless, comparison of sediments from 
different areas at 5 cm revealed significant differences (F(3,36) = 14.45). Tukey’s post hoc tests 
separated the samples into two homogeneous subsets consisting of lake samples on the one 
hand, and the remaining areas (wastewaters, dryland cultivation, and irrigation croplands) 
on the other hand. Lake concentrations of Cd at this depth were significantly lower (0.035 ± 
0.032 mg/kg dw), and the sequence of decreasing Cd concentration per group was 
Irrigation>Dryland>Wastewaters>Lake. 

6.3.2 Mercury 

Mercury was above the LOD (0.008 mg/kg dw) in 74.5% of the sediment samples (Table 6.A). 
Measured Hg concentrations were lower than the background soil values (0.13 mg/kg dw; 
Ford and Beyer, 2014) with the exception of core AL (control point 2650, lake), which reached 
values up to 0.251 mg/kg dw between 5 and 10 cm depth. Nevertheless, these concentrations 
were below the effects range-median (ERM) quality guideline value from NOAA (0.71 mg/kg 
dw; Long et al., 1995) (Table 6.2). There were no statistically significant differences detected 
in lake sediment samples among depths (F(5,85) = 0.85) or among land use areas (F(3,36) = 1.03). 

6.3.3 Copper 

Copper levels in sediments were well detectable in all samples (Table 6.A). Our results yielded 
maximum values in the irrigation croplands area (9.01 ± 4.51 mg/kg dw), but lower than 
agricultural soils from the Castilla-La Mancha region (17.4 mg/kg dw; Bravo et al., 2017). No 
statistically significant differences in Cu concentrations were found among areas at 5 cm 
depth (F(3,36) = 2.63). Concerning lake samples, the highest Cu concentrations were found in 
the sediment layer 10-15 cm (8.37 ± 4.41 mg/kg dw) (Figure 6.2). Nevertheless, our results in 
lake samples were lower than those reported in other study areas such as Lake Acigöl (17.4 
mg/kg dw; Budakoglu et al., 2015), Maharlu Saline Lake (13.8 mg/kg dw; Forghani et al., 
2009), or Caspian Sea (21.8 mg/kg dw; Bastami et al., 2015) (Table 6.2). There were no 
statistically significant differences were detected in lake sediment samples among depths 
(F(5,85) = 1.30). Concerning speciation, detailed results are included in the Supplementary 
Information (Appendix 6B, Table 6.B). Copper was mainly accumulated in the residual 
fraction (F6), ranging from 56.5% of the total Cu (lake samples) to 69.2% of the total Cu 
(irrigation cropland samples) (Figure 6.3). An important fraction of Cu (16.1-21.7%) was 
bound to Mn oxides (F3 fraction). In lake samples, the fraction bound to carbonates (F2) was 
significantly higher (19.1%) than those fractions in the remaining areas (5.5-8.6%). 
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Table 6.2  
Mean (± SD) concentrations of heavy metals (mg/kg dry weight) and organic matter content (LOI550, %), 
and comparison with other locations and sediment quality guidelines. ERM: Effects Range-Median. na: 
not available. 

Sediments 
location 

Sediment 
layer 
(cm) 

Cd Hg Cu Pb Zn LOI550 Reference 

Pétrola Lake 
(n=28) 0-5 0.035 ± 0.032 0.014 ± 0.034 4.28 ± 4.83 16.2 ± 25.4 18.7 ± 17.9 9.5 ± 6.1 This study 

Pétrola Lake 
(n=17) 5-10 0.063 ± 0.060 0.031 ± 0.058 6.92 ± 6.55 34.0 ± 27.7 29.0 ± 25.6 10.8 ± 5.6 This study 

Pétrola Lake 
(n=17) 10-15 0.066 ± 0.046 0.038 ± 0.039 8.37 ± 4.41 51.6 ± 48.7 37.4 ± 35.5 14.6 ± 5.6 This study 

Pétrola Lake 
(n=28) >15 0.047 ± 0.020 0.029 ± 0.044 5.77 ± 3.12 32.4 ± 22.8 24.8 ± 9.73 10.6 ± 4.8 This study 

Wastewaters 
(n=4) 0-5 0.053 ± 0.042 0.030 ± 0.043 6.39 ± 4.79 32.3 ± 31.6 27.5 ± 23.3 11.4 ± 5.6 This study 

Dryland 
(n=4) 0-5 0.099 ± 0.039 0.016 ± 0.012 7.30 ± 5.23 12.2 ± 6.27 26.3 ± 15.6 10.5 ± 5.0 This study 

Irrigation 
(n=4) 0-5 0.142 ± 0.053 0.022 ± 0.010 9.01 ± 4.51 14.0 ± 4.08 30.2 ± 13.9 8.2 ± 1.9 This study 

Lake Acigöl 0-5 0.185 na 17.4 8.05 52.9 26.0 
Budakoglu et 
al. (2015) 

Yangzonghai 
Lake 

0-10 0.68 0.13 na 38.7 114.3 na 
Zhu et al. 
(2016) 

Maharlu 
Saline Lake 

0-5 4.4 na 13.8 29.0 37.0 0.3 
Forghani et 
al. (2009) 

Caspian Sea 0-5 na na 21.8 15.9 73.2 3.24 
Bastami et al. 
(2015) 

Persian Gulf 0-10 0.8 na 32.1 48.3 62.5 na 
Pejman et al. 
(2017) 

Moknine 
Continental 
Sebkha 

0-20 na na 10.3 7.66 52.4 1.5 Wali et al. 
(2015) 

Quality 
guidelines 
NOAA (ERM) 

- 9.6 0.71 270 218 410 na 
Long et al. 
(1995) 

Background 
soil 

- 0.265 0.13 29.6 12.3 56.5 na 
Ford and 
Beyer (2014) 

Castilla-La 
Mancha 
agricultural 
soils 

0-2 na na 17.4 25.8 43.5 na 
Bravo et al. 
(2017) 

6.3.4 Lead 

Lead concentrations were above the LOD in all samples (Table 6.A). As shown in Table 6.2, 
mean Pb concentrations for all sediment locations were slightly higher than the background 
soil value (12.3 mg/kg dw; Ford and Beyer, 2014). A maximum value of 202.4 mg/kg dw was 
measured in core AN (control point 2652, lake) in the sediment layer 10-15 cm, which was 
close to the ERM quality guideline value of NOAA (270 mg/kg dw; Long et al., 1995) (Table 
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6.2). The highest mean Pb concentration was found in that 10-15 cm sediment layer (51.6 ± 
48.7 mg/kg dw) (Figure 6.2). Pb concentrations differed significantly among lake sediment 
depths (F(5,85) = 2.83). In the surface sediments (0-5 cm), the mean concentration was close to 
values observed in the Caspian Sea (15.9 mg/kg dw; Bastami et al., 2015). Concerning 
sediment locations, no statistically significant differences in Pb concentrations at 5 cm depth 
were found (F(3,36) = 0.09). Nonetheless, differences between the background soil value (12.3 
mg/kg dw) and mean values per sediment location were determined. The results showed that 
Pb at 5 cm depth increased significantly in wastewater sediments (t(3) = 5.37), but not in lake 
sediments (t(27) = 0.81), in dryland cultivation sediments (t(3) = 0.04), or in irrigation cropland 
sediments (t(3) = 0.82). In the samples analyzed by sequential extraction, Pb was mostly found 
associated with the residual fraction, ranging from 37.4% (lake) to 67.4% (irrigation 
croplands) (Figure 6.3). In samples from lake and wastewaters, the fraction of Pb bound to 
organic matter (F4; 34.6% and 28.1%, respectively) and to Fe oxides (F5; 11.9% and 8.7%) was 
significantly higher than in agricultural sediments. 

Figure 6.3   Distribution of Cu, Pb, and Zn in the different fractions for the studied sediment samples (n=14). 

F1: exchangeable fraction. F2: bound to carbonates. F3: bound to Mn oxides. F4: bound to organic matter. 

F5: bound to Fe oxides. F6: residual fraction.

6.3.5 Zinc 

Zinc was detectable in all studied samples (Table 6.A). Mean Zn concentrations were lower 
than the background soil value (56.5 mg/kg dw; Ford and Beyer, 2014) (Table 6.2). A 
maximum value of 161.5 mg/kg dw was measured in core AF (control point 2648, lake) in the 
sediment layer 10-15 cm (Figure 6.2). This value is far from the ERM quality guideline value 
of NOAA (410 mg/kg dw; Long et al., 1995). In lake samples, no significant differences were 
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found in Zn concentrations among lake sediment depths (F(5,85) = 1.12). In the surface 
sediments (0-5 cm), the mean concentration was lower than values reported in other 
lacustrine sediments (Table 6.2). The comparison among surface sediments from different 
areas also revealed no significant differences in Zn concentration (F(3,36) = 2.43).The sequential 
extraction indicated that Zn was predominantly present in the residual fraction (F6) in 
wastewater sediments (30.5%), dryland cultivation sediments (42.9%), and irrigation 
cropland sediments (47.2%). In lake sediments, however, the most Zn-rich fraction was the 
one bound to Fe oxides (26.8%). Moreover, lake and wastewater sediments showed a 
significant contribution of the fraction bound to carbonates (18.1% and 19.4%, respectively) 
(Figure 6.3). 

6.3.6 REE patterns 

Mean REE concentrations of the studied samples are shown in Table 6.3, and the complete 
description of REE data is presented in the Supplementary Information (Appendix 6C, Table 
6.C). The REE contents were similar to those reported by Budakoglu et al. (2015) in Lake 
Acigöl, and significantly lower than those described in Lake Nakuru and Lake Bogoria (Jirsa 
et al., 2013), which mainly derived from volcanic activity. The obtained REE distribution 
patterns were normalized to chondrite composition. These patterns showed light rare earth 
element (LREE)/heavy rare earth element (HREE) fractionation, as well as a characteristic Eu 
Anomaly (Figure 6.4). Our patterns showed a similar progression to those of the Post-
Archean Australian Shale (PAAS) and North American Shale Composite (NASC) described 
by Taylor and McLennan (1985) and Condie (1993), respectively. Based on these results, the 
anthropogenic impact (in terms of REE pollution) on Pétrola Lake sediments is virtually non-
existent. The fractionation between LREE and HREE was evaluated using the LaN/YbN ratio, 
with mean values ranging between 12.0 and 13.2. These values, slightly lower than those from 
PAAS and NASC, indicated LREE-enriched patterns with relatively flat HREE (Gschneidner 
et al., 2002). The Eu depletion (Eu/Eu*) ranged between 0.58 and 0.66, falling close to PAAS 
and NASC values (0.62 and 0.70, respectively), and also comparable with Lake Neusiedlersee 
(0.75; Stojanovic et al., 2009) and the cited Lake Acigöl (0.8; Budakoglu et al., 2015). 
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Table 6.3 Mean (± SD) REE concentrations and selected ratios of analyzed sediment samples. Values are 
given in mg/kg dry weight. N: Chondrite normalized. Lake Nakuru and Lake Bogoria data 
obtained from Jirsa et al. (2013). Neu: Lake Neusiedlersee data obtained from Stojanovic et al. 
(2009). Lake Acigöl data obtained from Budakoglu et al. (2015). PAAS: average 23 post-Archean 
shales from Australia (adapted from Taylor and McLennan (1985)). NASC: composite 40 shales, 
mainly N. American, obtained from Condie (1993). 

Element 
Pétrola 
Lake (0-5 
cm) 

Pétrola 
Lake (5-
10 cm) 

Pétrola 
Lake (10-
15 cm) 

Pétrola 
Lake (> 
15 cm) 

Lake 
Nakuru 

Lake 
Bogoria Neu. 

Lake 
Acigöl PAAS NASC 

La 14.3 ± 
9.71 

18.1 ± 
9.91 

20.3 ± 
11.5 

15.5 ± 
8.67 

159 161 9.1 17.0 38.2 32.0 

Ce 30.4 ± 
19.2 

37.1 ± 
19.7 

42.3 ± 
24.2 

31.9 ± 
17.0 

295 243 17.0 30.5 79.6 73.0 

Nd 13.9 ± 
8.28 

15.9 ± 
8.61 

17.8 ± 
9.95 

13.9 ± 
7.28 

105 101 6.76 16.5 33.9 33.0 

Sm 3.49 ± 
1.86 

3.89 ± 
2.01 

4.32 ± 
2.16 

3.33 ± 
1.57 

21.8 18.3 1.31 2.6 5.55 5.70 

Eu 0.50 ± 
0.33 

0.65 ± 
0.30 

0.74 ± 
0.37 

0.56 ± 
0.22 

2.26 2.5 0.31 0.6 1.08 1.24 

Gd 2.03 ± 
1.32 

2.63 ± 
1.47 

2.99 ± 
1.81 

2.28 ± 
1.31 

20.2 15.7 1.22 2.3 4.66 5.20 

Tb 0.32 ± 
0.25 

0.41 ± 
0.24 

0.45 ± 
0.27 

0.33 ± 
0.18 

3.34 2.55 0.17 0.3 0.77 0.85 

Tm 0.17 ± 
0.08 

0.21 ± 
0.12 

0.23 ± 
0.13 

0.18 ± 
0.08 

1.87 1.34 0.25 0.1 0.41 0.50 

Yb 0.87 ± 
0.74 

1.09 ± 
0.61 

1.16 ± 
0.73 

0.84 ± 
0.47 

10.8 9.07 0.54 0.7 2.82 3.10 

Lu 0.13 ± 
0.12 

0.17 ± 
0.09 

0.19 ± 
0.11 

0.14 ± 
0.07 

1.65 1.38 0.07 0.1 0.43 0.48 

Eu/Eu* 0.58 ± 
0.12 

0.65 ± 
0.10 

0.65 ± 
0.08 

0.66 ± 
0.12 

0.33 0.45 0.75 0.8 0.62 0.70 

LaN/YbN 13.2 ± 
3.41 

12.0 ± 
2.82 

12.3 ± 
1.61 

12.4 ± 
1.61 

9.9 12.0 11.3 15.7 9.15 6.98 

 

Among the Pétrola Lake samples, surface sediments (0-5 cm depth) showed lower REE 
concentrations compared to deeper sediment layers. However, surface sediments were 
relatively HREE-enriched (LaN/YbN = 13.2). This enrichment can be explained by 
complexation processes in the water phase. The sedimentation rate in Pétrola Lake is low (0.2 
mm/year), as obtained from radiocarbon dating using samples AK5 (260 ± 30 BP) and AK20 
(800 ± 30 BP). This low sedimentation rate indicates that REE in surface sediments strongly 
depend on the water composition. The significantly lower REE concentration in surface 
sediments from Pétrola Lake can be explained by the ability of REE to form complexes with 
organic matter and Fe-Mn oxyhydroxides (Elderfield et al., 1990; Haley et al., 2004; Deng et 
al., 2017). This is a feasible explanation because dissolved organic carbon can reach values up 
to 646 mg/L in Pétrola Lake (Gómez-Alday et al., 2014). Furthermore, REE can form strongly 
dissolved complexes with inorganic ligands under high ionic strength (Wood, 1990; Millero, 
1992), conditions that are found in Pétrola Lake. 
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Figure 6.4   Chondrite normalized REE patterns of sediments from Pétrola Lake at different depths. 

6.3.7 Pollution level of heavy metals 

The Igeo values for the five heavy metals considered are illustrated in Figure 6.5. Mean Igeo 
values were below 0 for Cd, Hg, Cu, and Zn in all the studied areas. Thus, Pétrola basin can 
be categorized into ‘unpolluted’ for such contamination. Concerning Pb, lake sediments 
showed the highest accumulation, especially in the layers deeper than 5 cm. Wastewater 
sediments also showed a Pb accumulation. Both land use areas can be categorized as 
‘unpolluted to moderately polluted’ (0 < Igeo < 1). The maximum Igeo value of Pb was found in 
core AN, in the sediment layer 10-15 cm (Igeo = 3.4, ‘strongly polluted’). Note, however, that 
some surface lake sediment samples (0-5 cm) showed relatively high Igeo values (core AL; Igeo 
= 2.6, ‘moderately to strongly polluted’). 

The results of the potential ecological risk index (PERI) indicated that Pétrola basin has a low 
potential ecological risk (<40). In lake sediments, the degree of pollution decreased in the 
following sequence: Hg (13.9) > Pb (13.4) > Cd (7.82) > Cu (0.58) > Zn (0.39). Wastewater 
sediments also showed the same sequence: Hg (15.1) > Pb (12.9) > Cd (7.94) > Cu (0.58) > Zn 
(0.35). In contrast, in the dryland cultivation sediments, the observed sequence was: Cd (14.9) 
> Hg (7.98) > Pb (4.86) > Cu (0.66) > Zn (0.38). Irrigation cropland sediments showed the
same sequence: Cd (21.3) > Hg (11.1) > Pb (5.59) > Cu (0.82) > Zn (0.43). The RI values also
showed low ecological risk (<150) (see Figure 6.6). Highest ecological risk was determined fo
sediments from Pétrola Lake in the layer 10-15 cm (50.6).
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Figure 6.5   Igeo mean values calculated for sediments from the different areas, including different depths in 

Pétrola Lake. 

According to the RAC classification, Zn exhibited the highest mobility and potential 
bioavailable risk in lake sediments (26.5%), with the values in wastewater sediments being 
only slightly lower (25.6%), which means a ‘medium risk’ state (Figure 6.7). In dryland 
cultivation sediments, Zn also exhibited ‘medium risk’ (13.3%), slightly higher than in 
irrigation croplands area (9.0%). Medium risk was also concluded for Cu in lake sediments 
(24.1%), wastewater sediments (17.8%), and dryland cultivation sediments (14.9%). The risk 
of Pb pollution can be considered as ‘medium’ and ‘light’. Levels of Pb were slightly higher in 
agricultural areas (12.4% in dryland area, 12.1% in irrigation area) than in lake sediments 
(7.0%) and the wastewater area (6.2%).
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Figure 6.6   Mean Potential Ecological Risk Index (RI) for each sediment area, including different depths in 

Pétrola Lake.  This index was calculated as the sum of the individual potential ecological risk factors of each 

single metal (Er
i). 

Figure 6.7   Mean Risk assessment code (RAC) for Cu, Pb, and Zn in each sediment area at 5 cm depth. 
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6.3.8 Identification of pollution sources 

Correlation among heavy metal concentrations may reveal the source and migration of those 
elements (Suresh et al., 2011; Ke et al., 2017). Since the dataset in Pétrola Lake samples was 
larger than in the rest of the basin, those data were used for correlation and further PCA 
analysis. The results of the Spearman correlation analysis are shown in Table 6.4. All 
correlations were positive and significant at p < 0.01. Particularly noticeable were Cd-Hg 
(0.86), Cu-Hg (0.82), and Hg-Zn (0.82). Moreover, a positive correlation between Pb and 
organic matter (LOI550) was found (0.52), suggesting that the distribution of Pb was controlled 
by the organic matter content in the basin. 

Table 6.4 Spearman correlation analysis among total concentrations of heavy metals and 
organic matter content (n=91). All correlations were significant at p < 0.01. 

  Cd Cu Hg Pb Zn LOI550 

Cd 1.000      

Cu 0.665 1.000     

Hg 0.684 0.854 1.000    

Pb 0.695 0.708 0.747 1.000   

Zn 0.611 0.727 0.875 0.678 1.000  

LOI550 0.409 0.725 0.707 0.409 0.503 1.000 

 

Principal component analysis (PCA) was used to analyze the similarity of distribution and 
the relationships among the studied metals (Loska and Wiechula, 2003). Two rotated 
principal components (PCs) were extracted with eigenvalues > 0.5, accounting for 86.8% of 
the total variance. PC1 was heavily loaded with Cd, Hg, Cu, and Zn, which explained 76.1% 
of the total variance and exhibited and eigenvalue of 3.81. PC2 explained 10.6% of the total 
variance and was strongly correlated with Pb (0.59) and Zn (-0.42) (Figure 6.8). 

One group of elements included Cd, Hg, Cu, and Zn. The concentrations of these elements 
were close to background values. The pollution indices showed no contamination, a low 
ecological risk, and a certain mobility risk (Cu and Zn). These findings suggest that this group 
of metals may be derived from natural sources such as atmospheric deposition and mineral 
weathering (Wang et al., 2015). Despite the low concentrations of those elements found in 
the study area, the influence of agricultural sources, which involve the use of fertilizers with 
considerable contents of trace elements (i.e. Cd, Cu, and Zn) (Otero et al., 2005), should not 
be neglected. This is also supported by the high portions of Fe and Mn oxides-bound fractions 
of Cu and Zn, which indicate anthropogenic origins (Filgueiras et al., 2004; Yu et al., 2011). 

 

 



Chapter 6: Heavy metal pollution assessment 

203 

Figure 6.8   PCA plot showing the loading of two components (PC1 and PC2) influencing the variation of 

heavy metals in the sediments from Pétrola basin. 

A second group was formed by Pb and opposed to Zn. A positive correlation existed between 
Pb and organic matter (LOI550) (0.52). Accordingly, Pb and organic matter sources must be 
somehow related. Sequential extraction results were in accordance with this assumption 
because high portions of organic matter-bound fractions of Pb were found in lake sediments 
and wastewaters. Moreover, Pb contents in agricultural areas were lower than in lake and 
wastewater areas (Table 6.2). Therefore, Pb may have originated from anthropogenic sources, 
being accumulated in the wastewater area. Lead accumulation in Pétrola Lake is derived from 
wastewater spills. 

6.4 Conclusions 

The findings of this research provide the first information on the characteristics of heavy 
metal pollution in of the Pétrola basin protected area. The results showed that the Pb 
concentrations in the sediment samples from Pétrola Lake as well as from the wastewater area 
from Pétrola village were considerably higher than background values. Therefore, these 
sediments can be considered as ‘moderately polluted’. Lead pollution in the basin is 
apparently related to anthropogenic sources, showing a significant correlation with organic 
matter. In contrast, principal component analysis showed that Cd, Cu, Hg, and Zn originated 
from a common source. Despite their low concentrations, close to background values, the 
influence of agricultural sources was evident. Finally, REE concentrations in Pétrola Lake 
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showed a clear dependence on salinity and ionic strength. Due to the low sedimentation rate, 
the upper sediment layer of the lake is predominantly influenced by complexation processes 
in the water phase, whereas no influence of human activities on REE concentrations was 
observed. Further research in such unique ecosystems should explore the role of other 
elements (i.e. Ag), which have been increasingly used in consumer and agricultural products 
and may impact the microbial communities responsible for major biogeochemical cycles. 
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Table 6.A

Sample Core Depth Control Point Zone Date Cd Hg Cu Pb Zn M(Cu, Pb, Zn) LOI550

AA-5 AA 0-5 2648 Lake 25/09/2014 0.018 BLD 2.24 8.0 19.2 ICP-OES 3.76

AA-10 AA 5-10 2648 Lake 25/09/2014 0.062 0.031 4.15 10.2 24.9 ICP-OES 4.76

AA-15 AA 10-15 2648 Lake 25/09/2014 0.087 0.043 8.07 56.0 32.4 ICP-OES 20.32

AA-20 AA 15-20 2648 Lake 25/09/2014 0.030 BLD 2.99 15.0 19.7 ICP-OES 6.55

AA-25 AA 20-25 2648 Lake 25/09/2014 0.033 0.013 2.74 10.7 33.4 ICP-OES 5.39

AB-5 AB 0-5 2648 Lake 25/09/2014 0.021 BLD 6.69 9.1 26.8 ICP-OES 6.50

AB-10 AB 5-10 2648 Lake 25/09/2014 0.076 0.030 7.48 53.5 44.5 ICP-OES 11.78

AB-15 AB 10-15 2648 Lake 25/09/2014 0.039 0.047 9.59 50.2 43.6 ICP-OES 21.44

AB-20 AB 15-20 2648 Lake 25/09/2014 0.033 0.011 2.98 10.7 26.6 ICP-OES 5.39

AB-25 AB 20-25 2648 Lake 25/09/2014 nd 0.040 10.46 69.8 39.6 ICP-OES 15.02

AC-5 AC 0-5 2648 Lake 25/09/2014 0.025 BLD 1.77 4.9 11.6 ICP-OES 3.05

AC-10 AC 5-10 2648 Lake 25/09/2014 0.028 BLD 2.50 10.5 11.3 ICP-OES 4.10

AC-15 AC 10-15 2648 Lake 25/09/2014 0.087 0.026 9.62 79.4 45.4 ICP-OES 13.76

AC-20 AC 15-20 2648 Lake 25/09/2014 0.064 0.039 11.98 86.0 45.3 ICP-OES 17.61

AC-25 AC 20-25 2648 Lake 25/09/2014 0.044 0.054 9.54 58.2 33.4 ICP-OES 20.37

AD-5 AD 0-5 2648 Lake 25/09/2014 0.032 0.008 4.59 8.8 28.7 ICP-OES 3.19

AD-10 AD 5-10 2648 Lake 25/09/2014 0.023 0.030 7.97 48.5 33.0 ICP-OES 12.78

AD-15 AD 10-15 2648 Lake 25/09/2014 0.034 0.041 9.35 74.3 28.5 ICP-OES 16.34

AD-20 AD 15-20 2648 Lake 25/09/2014 0.027 0.028 6.68 44.8 24.9 ICP-OES 12.74

AD-25 AD 20-25 2648 Lake 25/09/2014 0.033 0.018 6.21 38.2 30.9 ICP-OES 6.56

AE-5 AE 0-5 2648 Lake 25/09/2014 0.056 0.045 13.97 85.9 38.3 ICP-OES 18.98

AE-10 AE 5-10 2648 Lake 25/09/2014 0.046 0.017 6.84 27.2 24.4 ICP-OES 7.71

AE-15 AE 10-15 2648 Lake 25/09/2014 0.025 0.031 6.37 34.0 21.1 ICP-OES 12.09

AE-20 AE 15-20 2648 Lake 25/09/2014 0.061 0.028 7.30 71.0 29.1 ICP-OES 12.34

AE-25 AE 20-25 2648 Lake 25/09/2014 0.022 0.009 2.36 15.1 17.8 ICP-OES 4.48

AF-5 AF 0-5 2648 Lake 18/12/2014 0.063 0.018 6.01 26.3 25.7 ICP-OES 13.95

AF-10 AF 5-10 2648 Lake 18/12/2014 0.068 0.022 8.00 35.1 30.1 ICP-OES 12.03

AF-15 AF 10-15 2648 Lake 18/12/2014 0.068 0.017 12.78 22.6 161.5 ICP-OES 7.86

AF-20 AF 15-20 2648 Lake 18/12/2014 0.029 0.011 4.49 23.7 28.0 ICP-OES 7.11

AF-25 AF 20-25 2648 Lake 18/12/2014 0.072 0.026 8.41 40.7 28.6 ICP-OES 10.24

AF-30 AF 25-30 2648 Lake 18/12/2014 0.043 0.017 6.68 33.2 27.2 ICP-OES 9.47

AG-5 AG 0-5 2648 Lake 18/12/2014 0.026 BLD 2.01 9.2 17.3 ICP-OES 3.92

AG-10 AG 5-10 2648 Lake 18/12/2014 0.029 BLD 2.73 14.6 16.6 ICP-OES 5.34

AG-15 AG 10-15 2648 Lake 18/12/2014 0.064 0.015 6.75 30.0 23.7 ICP-OES 10.15

AG-20 AG 15-20 2648 Lake 18/12/2014 0.067 0.018 7.29 53.7 27.5 ICP-OES 15.93

AG-25 AG 20-25 2648 Lake 18/12/2014 0.032 BLD 5.26 14.0 22.6 ICP-OES 6.88

AG-30 AG 25-30 2648 Lake 18/12/2014 0.050 0.015 5.90 30.4 33.0 ICP-OES 8.79

AH-5 AH 0-5 2648 Lake 18/12/2014 0.047 BLD 2.79 19.3 18.1 ICP-OES 5.33

AH-10 AH 5-10 2648 Lake 18/12/2014 0.039 0.014 5.12 40.7 26.6 ICP-OES 10.35

AH-15 AH 10-15 2648 Lake 18/12/2014 0.032 0.050 7.80 43.2 29.3 ICP-OES 19.95

AH-20 AH 15-20 2648 Lake 18/12/2014 0.053 0.032 6.54 26.6 29.7 ICP-OES 15.96

AH-25 AH 20-25 2648 Lake 18/12/2014 0.041 0.015 4.16 28.5 18.8 ICP-OES 10.10

AI-5 AI 0-5 2648 Lake 18/12/2014 0.045 BLD 3.00 16.9 18.2 ICP-OES 5.91

AI-10 AI 5-10 2648 Lake 18/12/2014 0.079 0.031 11.74 91.4 40.8 ICP-OES 18.18

AI-15 AI 10-15 2648 Lake 18/12/2014 0.089 0.038 11.18 97.8 49.6 ICP-OES 15.04

AI-20 AI 15-20 2648 Lake 18/12/2014 0.055 0.088 4.45 19.9 15.1 ICP-OES 5.05

AJ-5 AJ 0-5 2648 Lake 07/04/2015 0.021 BLD 0.64 6.8 6.2 ICP-OES 5.00

AJ-10 AJ 5-10 2648 Lake 07/04/2015 0.043 0.008 1.95 19.2 7.4 ICP-OES 5.51

AJ-15 AJ 10-15 2648 Lake 07/04/2015 0.056 0.015 4.13 28.7 12.5 ICP-OES 11.36

AJ-20 AJ 15-20 2648 Lake 07/04/2015 0.072 0.021 5.49 45.0 17.7 ICP-OES 14.63

AJ-25 AJ 20-25 2648 Lake 07/04/2015 0.070 0.025 4.68 37.2 16.1 ICP-OES 11.88

AK-5 AK 0-5 2649 Lake 07/04/2015 0.014 BLD 1.20 17.2 7.4 ICP-OES 4.68

AK-10 AK 5-10 2649 Lake 07/04/2015 0.038 0.010 2.96 30.6 9.7 ICP-OES 7.26

AK-15 AK 10-15 2649 Lake 07/04/2015 0.031 0.009 2.30 24.9 8.7 ICP-OES 8.77

Supplementary Information: Appendix 6A

Results of the chemical analyses in sediment samples (concentrations in mg/kg dry weight). Content of organic matter (LOI550) in %. M(Cu, Pb, Zn): method used for Cu, Pb and Zn 
determination. nd: not determined. BLD: below limit of detection.



AK-20 AK 15-20 2649 Lake 07/04/2015 0.036 0.012 3.46 31.6 11.2 ICP-OES 9.16

AL-5 AL 0-5 2650 Lake 07/04/2015 0.174 0.177 24.78 110.9 97.9 ICP-OES 17.30

AL-10 AL 5-10 2650 Lake 07/04/2015 0.283 0.251 29.63 84.2 118.0 ICP-OES 18.30

AL-15 AL 10-15 2650 Lake 07/04/2015 0.151 0.179 17.90 94.4 60.7 ICP-OES 10.37

AL-20 AL 15-20 2650 Lake 07/04/2015 0.118 0.232 14.57 68.4 41.0 ICP-OES 7.24

AM-5 AM 0-5 2651 Lake 07/04/2015 0.030 0.008 1.06 12.1 4.6 ICP-OES 9.10

AM-10 AM 5-10 2651 Lake 07/04/2015 0.032 BLD 0.64 10.2 4.5 ICP-OES 5.01

AM-15 AM 10-15 2651 Lake 07/04/2015 0.026 BLD 1.17 6.7 7.2 ICP-OES 4.32

AM-20 AM 15-20 2651 Lake 07/04/2015 0.036 BLD 0.89 5.7 7.5 ICP-OES 4.00

AM-25 AM 20-25 2651 Lake 07/04/2015 0.041 BLD 1.58 6.4 9.6 ICP-OES 4.96

AN-5 AN 0-5 2652 Lake 07/04/2015 0.057 0.029 5.01 49.2 14.7 ICP-OES 10.00

AN-10 AN 5-10 2652 Lake 07/04/2015 0.089 0.022 7.41 74.3 21.8 ICP-OES 11.23

AN-15 AN 10-15 2652 Lake 07/04/2015 0.189 0.047 16.15 202.4 49.3 ICP-OES 11.90

AO-5 AO 0-5 2554 Dryland 24/07/2015 0.086 0.012 3.49 16.3 17.9 TXRF 17.23

AP-5 AP 0-5 2602 Irrigation 24/07/2015 0.084 0.030 8.80 15.2 22.8 TXRF 10.58

AQ-5 AQ 0-5 2571 Irrigation 24/07/2015 0.141 0.012 5.17 11.0 21.1 TXRF 6.02

AR-5 AR 0-5 2641 Wastewaters 24/07/2015 0.047 0.032 4.95 16.3 31.7 TXRF 8.01

AS-5 AS 0-5 2635 Lake 27/07/2015 0.022 BLD 2.87 3.1 9.4 TXRF 14.62

AT-5 AT 0-5 2643 Lake 27/07/2015 0.022 BLD 2.77 8.0 16.6 TXRF 8.20

AU-5 AU 0-5 2648 Lake 27/07/2015 0.019 0.012 3.09 4.1 5.5 TXRF 13.72

AV-5 AV 0-5 2649 Lake 27/07/2015 0.026 0.030 5.04 5.0 25.3 TXRF 30.44

AW-5 AW 0-5 2652 Lake 27/07/2015 0.075 0.033 8.03 16.7 32.0 TXRF 14.26

AX-5 AX 0-5 2651 Lake 27/07/2015 0.022 BLD 2.74 4.9 14.0 TXRF 6.67

AX-10 AX 5-10 2651 Lake 27/07/2015 0.054 0.025 8.08 9.8 31.0 TXRF 20.55

AX-15 AX 10-15 2651 Lake 27/07/2015 0.037 0.025 5.45 9.5 17.6 TXRF 19.70

AX-20 AX 15-20 2651 Lake 27/07/2015 0.037 0.016 3.66 5.0 11.9 TXRF 13.09

AY-5 AY 0-5 2651 Lake 27/07/2015 BLD BLD 4.01 4.1 3.9 TXRF 10.73

AY-10 AY 5-10 2651 Lake 27/07/2015 0.024 BLD 2.89 6.7 17.6 TXRF 8.07

AY-15 AY 10-15 2651 Lake 27/07/2015 0.069 0.032 7.91 18.0 27.5 TXRF 23.21

AY-20 AY 15-20 2651 Lake 27/07/2015 0.043 0.020 6.09 11.1 31.6 TXRF 19.45

AZ-5 AZ 0-5 2651 Lake 27/07/2015 0.018 BLD 2.83 1.9 21.8 TXRF 8.09

AZ-10 AZ 5-10 2651 Lake 27/07/2015 0.055 0.029 7.49 10.8 30.4 TXRF 20.31

AZ-15 AZ 10-15 2651 Lake 27/07/2015 0.028 0.026 5.86 5.2 16.9 TXRF 21.06

AZ-20 AZ 15-20 2651 Lake 27/07/2015 0.035 0.023 4.73 6.7 17.2 TXRF 15.38

BA-5 BA 0-5 2554 Dryland 14/01/2016 0.051 BLD 2.10 3.3 8.8 TXRF 5.30

BB-5 BB 0-5 2571 Irrigation 14/01/2016 0.130 0.016 6.69 10.5 26.0 TXRF 8.39

BC-5 BC 0-5 2575 Wastewaters 14/01/2016 0.097 0.025 8.46 22.9 24.1 TXRF 4.50

BD-5 BD 0-5 2602 Irrigation 14/01/2016 0.213 0.030 15.40 19.2 50.7 TXRF 7.67

BE-5 BE 0-5 2640 Dryland 14/01/2016 0.134 0.026 12.03 12.1 36.6 TXRF 10.48

BF-5 BF 0-5 2641 Wastewaters 14/01/2016 0.084 0.054 9.57 19.1 32.0 TXRF 15.24

BG-5 BG 0-5 2642 Dryland 14/01/2016 0.127 0.026 11.57 16.9 42.0 TXRF 8.81

BH-5 BH 0-5 2635 Lake 14/01/2016 0.023 BLD 2.06 5.7 11.1 TXRF 7.69

BI-5 BI 0-5 2643 Lake 14/01/2016 0.021 0.010 2.47 2.7 8.2 TXRF 12.43

BJ-5 BJ 0-5 2648 Lake 14/01/2016 0.029 0.011 3.02 5.1 11.0 TXRF 8.81

BK-5 BK 0-5 2649 Lake 14/01/2016 0.018 0.011 2.28 2.9 16.5 TXRF 10.98

BL-5 BL 0-5 2650 Lake 14/01/2016 0.160 0.058 17.48 21.1 89.5 TXRF 21.90

BM-5 BM 0-5 2651 Lake 14/01/2016 0.020 BLD 0.95 0.9 4.2 TXRF 3.38

BN-5 BN 0-5 2652 Lake 14/01/2016 0.025 BLD 2.05 4.2 10.0 TXRF 4.05



Table 6.B

2554 2571 2575 2602 2640 2641 2642 2635 2643 2648 2649 2650 2651 2652

BA-5 BB-5 BC-5 BD-5 BE-5 BF-5 BG-5 BH-5 BI-5 BJ-5 BK-5 BL-5 BM-5 BN-5

Cu BLD BLD BLD BLD BLD 2.50 BLD BLD BLD BLD 3.81 BLD BLD BLD

Pb BLD BLD BLD BLD BLD BLD BLD BLD BLD BLD BLD BLD BLD BLD

Zn BLD 1.01 1.19 1.29 1.86 3.62 1.48 2.64 BLD 2.20 4.83 3.07 BLD 3.58

Cu BLD BLD 2.08 1.37 BLD BLD 1.13 1.83 1.45 0.64 1.06 BLD BLD BLD

Pb BLD BLD 2.00 1.53 2.44 BLD 3.32 BLD BLD 1.20 BLD BLD BLD BLD

Zn 1.12 2.09 7.53 3.31 3.09 2.92 3.08 4.38 1.77 1.36 3.09 22.7 16.9 2.49

Cu 0.40 1.61 2.32 2.18 BLD 0.89 0.57 BLD 0.48 0.48 5.44 0.78 BLD 0.80

Pb BLD 1.77 2.72 4.03 BLD 2.68 2.19 BLD 0.97 BLD 0.49 1.91 BLD BLD

Zn 4.30 3.62 2.48 6.29 17.1 6.74 9.56 1.99 18.2 2.48 8.69 11.8 1.39 1.69

Cu BLD 0.89 0.80 1.37 1.30 BLD BLD BLD BLD BLD BLD 0.50 BLD BLD

Pb BLD BLD BLD BLD 0.57 3.33 BLD 1.03 1.21 BLD 0.89 4.03 BLD 1.04

Zn 1.04 2.25 12.5 2.26 1.63 1.70 2.67 0.80 0.64 1.12 2.52 12.7 BLD 1.61

Cu BLD BLD BLD 1.29 BLD BLD BLD BLD BLD BLD BLD BLD BLD BLD

Pb BLD BLD BLD 0.24 0.33 0.81 BLD 0.48 0.40 BLD 0.57 2.41 BLD BLD

Zn 5.42 6.52 7.13 11.45 5.29 6.33 6.24 9.79 6.52 6.65 7.88 19.9 6.45 6.02

Cu 0.75 6.42 4.80 7.81 7.82 5.50 7.02 1.30 1.45 1.72 0.63 10.4 0.56 1.03

Pb 0.82 9.25 5.77 5.39 6.77 189 7.99 0.61 1.93 1.65 BLD 14.3 BLD 0.48

Zn 2.87 25.0 22.4 25.0 34.4 31.7 57.9 6.62 4.76 5.70 3.27 37.4 6.65 4.33

F3

F4

F5

F6

Supplementary Information: Appendix 6B

Concentrations of Cu, Pb, and Zn found in the chemical speciation fractions F1-F6 for the sediment samples. All concentrations are given in mg/kg dry weight. F1: exchangeable fraction. F2: fraction bound to 
carbonates. F3: fraction bound to Mn oxides. F4: fraction bound to organic matter. F5: fraction bound to Fe oxides. F6: residual fraction. BLD: below limit of detection.

Control Point

Sample

F1

F2



Table 6.C

Sample Depth Control Point La Ce Nd Sm Eu Gd Tb Tm Yb Lu Eu/Eu* LaN/YbN

AJ-5 0-5 2648 6.42 13.0 5.32 1.33 0.30 1.01 0.14 0.14 0.40 0.06 0.80 10.9

AJ-10 5-10 2648 11.0 22.8 10.7 2.47 0.38 1.39 0.21 0.17 0.43 0.08 0.63 17.3

AJ-15 10-15 2648 13.3 28.8 13.0 3.45 0.55 2.10 0.31 0.19 0.82 0.14 0.63 11.0

AJ-20 15-20 2648 12.5 27.1 12.6 2.90 0.50 1.76 0.28 0.22 0.66 0.12 0.68 12.8

AJ-25 20-25 2648 15.0 32.6 14.7 3.87 0.49 2.00 0.29 0.16 0.67 0.11 0.54 15.1

AK-5 0-5 2649 17.9 35.7 14.9 3.40 0.44 2.19 0.37 0.21 1.19 0.19 0.49 10.1

AK-10 5-10 2649 14.5 29.7 11.8 3.05 0.55 2.25 0.39 0.18 1.26 0.20 0.65 7.79

AK-15 10-15 2649 16.7 32.6 12.9 3.06 0.51 2.03 0.33 0.19 0.81 0.11 0.63 13.9

AK-20 15-20 2649 17.0 34.3 13.4 3.36 0.60 2.46 0.36 0.17 0.98 0.16 0.64 11.7

AL-5 0-5 2650 33.1 67.9 30.0 7.12 1.25 4.50 0.80 0.29 2.00 0.31 0.68 11.2

AL-10 5-10 2650 28.1 57.3 24.3 5.92 1.00 3.91 0.66 0.36 1.81 0.29 0.63 10.5

AL-15 10-15 2650 30.7 64.0 25.1 5.83 1.07 4.34 0.66 0.36 1.71 0.29 0.65 12.1

AL-20 15-20 2650 35.8 70.0 30.1 6.48 1.05 5.40 0.74 0.34 1.98 0.31 0.54 12.2

AM-5 0-5 2651 7.23 18.5 9.86 3.19 0.31 1.23 0.16 0.16 0.31 0.05 0.48 15.9

AM-10 5-10 2651 5.72 12.3 5.58 1.50 0.28 0.63 0.11 0.04 0.28 0.04 0.89 13.8

AM-15 10-15 2651 7.59 14.4 5.35 1.27 0.32 1.11 0.13 0.06 0.33 0.05 0.83 15.4

AM-20 15-20 2651 6.84 12.6 5.70 1.36 0.27 0.99 0.15 0.07 0.42 0.06 0.70 11.0

AM-25 20-25 2651 5.92 11.5 4.95 1.24 0.31 0.92 0.15 0.16 0.40 0.07 0.90 10.0

AN-5 0-5 2652 23.4 48.9 22.3 5.33 0.67 3.61 0.60 0.26 1.94 0.31 0.46 8.18

AN-10 5-10 2652 35.9 72.2 32.4 7.65 1.13 5.25 0.82 0.39 1.97 0.30 0.54 12.3

AN-15 10-15 2652 43.4 90.3 38.0 8.55 1.46 6.75 1.00 0.42 2.65 0.41 0.59 11.0

AX-5 0-5 2651 10.9 22.4 9.79 2.45 0.38 1.34 0.21 0.08 0.47 0.07 0.63 15.7

AX-10 5-10 2651 17.0 34.3 13.9 3.72 0.63 2.66 0.39 0.27 1.15 0.16 0.61 10.0

AX-15 10-15 2651 13.5 28.4 13.5 3.58 0.53 1.96 0.31 0.14 0.72 0.13 0.61 12.6

AX-20 15-20 2651 13.1 28.3 12.1 2.87 0.61 2.10 0.30 0.12 0.78 0.16 0.76 11.3

AY-5 0-5 2651 6.61 16.8 8.92 2.67 0.26 0.99 0.13 0.04 0.26 0.04 0.48 17.1

AY-10 5-10 2651 11.4 25.0 11.4 2.65 0.46 1.79 0.24 0.12 0.66 0.11 0.64 11.8

AY-15 10-15 2651 21.3 45.4 19.9 4.84 0.86 3.41 0.51 0.32 1.27 0.22 0.65 11.3

AY-20 15-20 2651 17.4 37.8 17.0 4.26 0.58 2.62 0.39 0.15 0.91 0.14 0.53 12.9

AZ-5 0-5 2651 9.15 19.8 10.0 2.39 0.38 1.39 0.18 0.17 0.38 0.07 0.64 16.15

AZ-10 5-10 2651 21.1 43.5 17.0 4.20 0.76 3.13 0.44 0.17 1.15 0.16 0.64 12.37

AZ-15 10-15 2651 15.8 34.7 14.9 3.96 0.57 2.22 0.33 0.12 0.96 0.15 0.59 11.14

AZ-20 15-20 2651 16.0 32.9 14.2 3.63 0.58 2.30 0.34 0.24 0.75 0.12 0.62 14.38

Supplementary Information: Appendix 6C

REE concentrations and selected ratios of analyzed sediment samples. Values are given in mg/kg dry weight.
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7.1 General conclusions 

The primary objective of this thesis was to assess the natural attenuation of pollutants (mainly 
nitrate) in Pétrola lake-aquifer system, with particular emphasis on nitrogen and sulfur 
recycling. For this purpose, microbially mediated redox reactions were studied at both 
sediment-water interface (SWI) and freshwater-saltwater interface (FSI). Since Pétrola Lake 
is a typical hypersaline aquatic ecosystem, the findings of this study can provide a better 
understanding of how these ecosystems can act as reactive zones for urban and agricultural 
pollution. The study was undertaken by combining hydrochemical, multi-isotopic, 
geophysical, and molecular techniques.  

At the SWI, this study provided the first evidence for the coexistence of denitrification, 
DNRA, and anammox using 15N-IPT in a hypersaline lake. Incomplete denitrification is the 
predominant N removal pathway, showing unexpected N2O emission rates. However, 
anammox, which is fueled by DNRA, is promoted when oxygen and light are absent from the 
water column. Furthermore, such conditions reduce N2O emissions to the atmosphere. 

The results also showed that the underlying aquifer is influenced by the anthropogenic 
activities at the basin scale, but also by the biogeochemical processes occurring in the lake. 
The origin of NO3

− in the lake aquifer-system is mainly related to both synthetic ammonium 
fertilizers applied in the agricultural areas of the basin and to the urban wastewater inputs 
into the lake. Heterotrophic denitrification was identified at the FSI with similar rates in 
dryland farming areas (up to 72%) and irrigation areas (up to 66%), and is promoted by the 
transport of solutes from Pétrola Lake to the underlying aquifer by the density-driven flow 
(DDF). 

Because reliable NO3
− measurements are essential to study removal processes, a specific 

method for NO3
− determination in hypersaline waters was also investigated. For this purpose, 

a multivariate optimization procedure (Box-Behnken design) was used to investigate the 
effects of different factors involved in the Griess reaction. Under high ionic strength, the most 
important factors affecting the Griess assay were incubation conditions (40 min at 60 ºC) and 
reductant concentration.  The purposed protocol requires low volumes of sample (500 µL) 
and reactives: 25 µL of 70 mM Na-citrate, 50 µL of Griess reagent, and 100 µL of 122.5 mM 
VCl3. These conditions provided a linear range from 0 to 50 µM NO3

− and a detection limit 
of 0.55 µM NO3

−. 

The importance of the S cycle in Pétrola lake-aquifer system was also evaluated. For this 
purpose, hydrochemical, multi-isotopic, and molecular biology tools were applied on water 
and sediment samples. The results showed that the continuous recycling of S is controlled by 
three main processes: i) seasonal evaporation cycles, ii) hydrodynamic instability driven by 
the DDF, and iii) sulfate-reduction processes (BSR). Lake water and groundwater are in 
hydraulic connection, and the DDF is able to transport reactive organic matter and other 
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solutes (SO4
2−) from the lake to the underlying aquifer. The origin of SO4

2− in Pétrola Lake is 
associated with the oxidation of disseminated pyrite from the Lower Cretaceous deposits, but 
also to the dissolution of secondary gypsum from the sediments. The presence of sulfate-
reducing bacteria and the production of H2S in the sediment confirmed the occurrence of 
BSR processes. Nevertheless, the isotope effect of BSR is masked due to the low isotope 
fractionation and the large amount of dissolved SO4

2− in surface waters. 

Finally, this thesis provided the first information on the characteristics of heavy metal 
pollution in of the Pétrola basin protected area. The identification of natural and 
anthropogenic sources of Cd, Cu, Hg, Pb, Zn, and rare earth elements (REE) was achieved by 
combining statistical techniques and sequential extraction procedures. The results showed 
that the Pb concentrations in the sediment samples from Pétrola Lake as well as from the 
wastewater zone from Pétrola village were considerably higher than background values. Lead 
pollution in the basin is apparently related to anthropogenic sources. In contrast, principal 
component analysis showed that Cd, Cu, Hg, and Zn originated from a common source. 
Despite their low concentrations, close to background values, the influence of agricultural 
sources was also evident for these elements. REE concentrations in Pétrola Lake showed a 
clear dependence on salinity and ionic strength. Due to the low sedimentation rate, the upper 
sediment layer of the lake is predominantly influenced by complexation processes in the water 
phase, whereas no influence of human activities on REE concentrations was observed. 
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7.2 Future work directions 

This research has thrown up many questions in need of further investigation. Concerning 
nitrogen cycle, further research is required to fully understand the role of coupled DNRA-
anammox at the SWI of lake ecosystems. More research is also needed to determine the role 
of microbial heterotrophic and autotrophic pathways linked, respectively, to other 
agricultural pollutants (i.e. pesticides) and other major biogeochemical cycles (i.e. Fe, Mn) at 
this interface.  

Concerning sulfur cycle, more information on the interaction between S-cycle and pollutants 
attenuation (e.g. nitrate, pesticides) would help us to establish a greater degree of accuracy on 
this matter. Other microbially mediated processes, which can be present in such ecosystems 
(e.g. microbial disproportionation), should be explored in further research to understand 
their role in attenuation processes. 

At basin scale, the interaction between the DDF and the regional groundwater flow (RGF) 
must be taken into account when studying water quality-environmental relationships in 
saline ecosystems around the world. A land use perspective must be considered when 
evaluating pollutant attenuation processes at the FSI. Further research should focus on the 
capacity of this interface to remove other agricultural pollutants, and how these processes are 
linked to nitrogen and sulfur cycle. For this purpose, isotope techniques (i.e. isotope labeling) 
may be combined to molecular biology tools.  

Because microbially mediated redox processes exert a fundamental control on nutrient and 
contaminant turnover, a complete description of microbial diversity and composition in such 
unique ecosystems is necessary. The identification and quantification of functional genes 
involved in biodegradation processes can be used for bioremediation purposes. From an 
analytical perspective, additional work is needed to establish new ways of reducing NO3

− to 
NO2

− in saline samples using less hazardous reagents (e.g. enzymatic approaches). 

Finally, the impact of other inorganic compounds used in agriculture (e.g. Ag nanoparticles) 
should be undertaken in saline lakes. The use of these compounds has increased recently, and 
due to their antimicrobial effects, a better understanding of how may impact microbial 
communities responsible for major biogeochemical cycles needs to be achieved. 
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